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ABSTRACT 

 

 
Destruction of antimicrobial contamination in both water and sewage sludge was 

investigated in the thesis. In the first part of the study, the effectiveness of three oxidation 

processes –chlorination, ozonation, and heterogeneous photocatalysis– on the destruction 

of a resistance carrier bacterial plasmid DNA isolated from E. Coli were compared and the 

relative superiority of ozonation or heterogeneous photocatalysis over conventional 

chlorination was demonstrated. Although the nano-fiber-TiO2 that was prepared in the 

study did not provide better plasmid DNA destruction compared to commercial TiO2-P25, 

the material is promising for facilitated catalyst separation from the treated water. In the 

second part of the study, simultaneous degradation of two model antibiotics, ciprofloxacin 

(CIP) and oxytetracycline (OTC) in secondary sewage sludge, was investigated by the 

application of (i) ozonation, (ii) hydrogen peroxide oxidation assisted with microwave 

irradiation (MW/H2O2), iii) persulfate oxidation assisted with microwave irradiation 

(MW/S2O8
2-), and (iv) persulfate oxidation activated with ferrous iron and conventional 

heating (Fe2+/heat/S2O8
2-). While under appropriate conditions all of the processes 

provided >95% antibiotic degradation along with sludge solubilization, they offer different 

benefits for waste sludge treatment. Ozonation was found to be more effective to treat the 

sludge with low content of total solid (TS=2.5 g/L), while the desorption of the antibiotics 

was required to achieve high rate of degradation at high solid content (10 g/L) of the 

sludge. On the other hand, owing to the desorption ability of MW in the MW/H2O2 and 

MW/S2O8
2- processes, and owing to the complexation of the antibiotics with iron in the 

Fe2+/heat/S2O8
2- process, concurrent antibiotic desorption and degradation was achieved in 

sludge with high TS (10 g/L). MW/S2O8
2- provided exceptional metal solubilization, 

considerably enhanced sludge filterability within the shortest treatment time. Along with 

considerable metal solubilization, the Fe2+/heat/S2O8
2- process resulted in phosphorus 

precipitation, which can potentially increase the fertilizer value of the sludge.  
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ÖZET 
 

 

Bu çalışmada, gerek suda gerekse atık arıtma çamurunda antimikrobiyal kirletici 

giderimi araştırılmıştır. Çalışmanın ilk kısmında, üç farklı kimyasal oksidasyon prosesinin 

–klorlama, ozonlama, ve heterojen fotokataliz– E. Coli bakteriden izole edilen ve 

antibiyotik direnci taşıyan plasmid DNA gideriminde etkileri karşılaştırışmış ve ozonla 

heterojen fotokataliz proseslerinin konvansiyonel klorlamaya oranla daha üstün olduğu 

gösterilmiştir. Laboratuvarda hazırlanan nano-fiber-TiO2 malzeme, ticari TiO2-P25 

malzemeye oranla plasmid DNA gideriminde etkili olmamasına rağmen, arıtılan sudan 

katalizörün kolay ayrılmasını sağlayabilir. Çalışmanın ikinci kısmında, oksitetrasiklin 

(OTC) ve ciprofloksasin (CIP) model antibiyotiklerin (i) ozonlama, (ii) mikrodalga ile 

desteklenen hidrojen peroksit oksidasyonu (MW/H2O2), (iii) mikrodalga ile desteklenen 

persulfat oksidasyonu (MW/S2O8
2-), ve (iv) demir-II-konvansiyonel ısıtma ile aktive edilen 

persulfat oksidasyonu (Fe2+/ısı/S2O8
2-) prosesleriyle atık arıtma çamurunda giderimleri 

araştırılmıştır. Tüm proseslerde çamur çözünürleşmesinin yanısıra >%95 antibiyotik 

giderimi sağlanmasına rağmen, her bir proses çamur arıtımına yönelik farklı yararlar 

sunmaktadır. Ozonlama, düşük toplam katı miktarı (TK=2.5 g/L) olan çamurun arıtımında 

daha etkili olurken, yüksek TK (10 g/L) miktarı olan çamurda verimli antibiyotik 

gideriminin gerçekleştilmesi proses modifikasyonuyla antibiyotiklerin çamurdan 

dezorpsiyonunu gerektirmiştir. Diğer yandan, MW/H2O2 ve MW/S2O8
2- proseslerinde 

MW’nin kirleticileri dezorb edebilme özelliği ve Fe2+/ısı/S2O8
2- prosesinde de 

antibiyotiklerin demirle kompleks oluşturması sayesinde, yüksek TK miktarı olan çamurda 

(10 g/L) antibiyotiklerin aynı anda dezorpsiyonu ve giderimi gerçekleşmiştir. MW/S2O8
2-, 

metal çözünürleşmesi ve çamur süzülebilirliğinde önemli iyileşmeyi kısa artıma süresinde 

sağlamıştır. Fe2+/ısı/S2O8
2- prosesi, metal çözünürleşmesinin yanısıra çamurda fosforun 

çökmesini sağlayarak çamurun gübre değerini artırma potansiyeli sunmaktadır. 
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TP            Total Phosphorus        (mg/L) 

TS            Total Solids      (g/L) 

TSS            Total Suspended Solids     (g/L) 

T            Temperature      (C) 

TT           Treatment Time      (min) 

UV          Ultraviolet 

US              Ultrasound 

VFA           Volatile Fatty Acid 

VS             Volatile Solids      (g/L) 

VSS             Volatile Suspended Solids    (g/L) 

WAS             Waste Activated Sludge 

XRD            X – Ray Diffraction 

    

 

 

 

 



 

 

1 

1.  INTRODUCTION 
 

 

1.1.  Motivation 

 

Discussions regarding the environmental fate and impact of antibiotics, which 

constitute one of the most widely utilized group of pharmaceuticals and personal care 

products (PPCPs) have been continuing for several decades. A considerable amount of 

research has put forth their presence in different environmental compartments (Snyder et 

al., 2003; Daughton and Ternes, 1999) and most of the recent debate revolves around a 

major outcome; the development of antimicrobial resistance. Antimicrobial resistance is a 

significant issue constituting a challenge both for the human and veterinary therapeutics. 

During the recent years, researchers have concentrated more in the area of investigating the 

effectiveness of conventional and non-conventional treatment for the elimination of 

antimicrobial resistance (Munir et al., 2011a; Oncu-Bilgin et al., 2011; Cengiz et al., 2010; 

Chen et al., 2010; Diehl and LaPara, 2010; Gomez et al., 2010; Knapp et al., 2010; 

Balcioglu et al., 2009; Ghosh et al., 2009; Han et al., 2009; Szczepanowski et al., 2009; 

Templeton et al., 2009; Zhang et al., 2009; Cernat et al., 2007; Peak et al., 2007).  

 

While chlorination as a conventional treatment still continues to be the most 

commonly preferred alternative due to its economical affordability compared to advanced 

technologies (AOPs), its inefficiency for the removal of antibiotic resistant bacteria has 

been shown in some studies (Diao et al., 2004; Shrivastava et al., 2004); in addition, 

chlorine can even lead to selection of these microorganisms (Shrivastava et al., 2004; 

Murray et al., 1984; Armstrong et al., 1982). The ability of ozone to remove pathogens that 

are relatively resistant to chlorine and chloramines is well known (Hunt and Marinas, 

1999; Korich et al., 1990). Moreover, the effectiveness of ozone towards antibiotic 

resistant bacteria has been reported recently (Nielsen et al., 2013). However, destruction of 

bacteria may not indicate complete elimination of the resistance transfer potential, since 

resistance can be transferred via carriers such as bacterial plasmid DNA. Considering the 

penetration of ozone through the bacterial cells and the damaging effect on the DNA 

(Ishizaki et al., 1987), the destruction of antibiotic resistant bacteria can be well expected. 

Damage to the bacterial DNA is also known to take place by heterogeneous photocatalysis 
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with titanium dioxide (TiO2) (Yang and Wang, 2008; Shen et al., 2008). Therefore, both 

ozone and heterogeneous photocatalysis can be promising alternatives for the control of 

antimicrobial resistance contamination in water. 

 

Wastewater is obviously a point source for antimicrobial pollution and some 

antibiotics, specifically those belonging to tetracycline (TET) and fluoroquinolone (FQ) 

groups tend to accumulate in sewage sludge mainly by partitioning to the solid phase 

during treatment (Oncu-Bilgin and Balcioglu-Akmehmet, 2013a; Zhang et al., 2011). In 

order to prevent dissemination of these pollutants in the environment, they should be 

treated properly at their source. Currently, with increasing amounts of waste sludge 

production, the presence of antimicrobial contaminants along different organic and 

inorganic micro-pollutants in sludge gained considerable interest (Clarke and Smith, 2011; 

US-EPA, 2009; Lindberg et al., 2007). Beneficial reuse of waste sludge in agriculture has 

been long applied as an important means of waste sludge handling due to the dual benefit 

gained from management of surplus sludge and utilization of sludge as fertilizer. On the 

other hand, concerns have been raised regarding land-application of treated sludge due to a 

number of hazardous constituents including heavy metals and recalcitrant micro-organics. 

Specific regulations have been implemented for allowable concentrations of heavy metals, 

the environmental fate of which is well-known (CEC, 1986; US-EPA, 1993). Limit values 

for a number of persistent organic compounds with known harmful effects have been set in 

some countries, including Turkey (Official Gazette, 2010; Schowanek et al., 2004). In 

addition to these, endocrine disrupting compounds (EDCs) and PPCPs in sludge have 

recently drawn attention. It has been understood that many of these compounds, which 

were previously believed to be destructed during wastewater treatment, are not 

substantially removed (Lindberg et al., 2007). There is limited information regarding their 

potential harmful effects and/or synergistic side effects in the coexistence of a wide variety 

of micro-organics. As a result, the management of these contaminants can be an issue that 

has to be considered for the land-application of biosolids.  

 

Recent reviews of occurrence data have shown that TET and FQ group antibiotics are 

generally detected in the sludge in the low mg/kg range concentrations; However, 

concentrations as high as 40.8 mg/kg and 97.5 mg/kg were also reported for ciprofloxacin 

(CIP) in some reports (US-EPA, 2009; SFT, 2007). Field experiments of sludge 
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application to soil also revealed the long-term persistence of FQs in soil (Golet et al., 

2003). A recent study reported that environmental concentrations of CIP, erythromycin, 

and TET could exert a selective pressure on microorganisms and increase the prevalence of 

resistant bacteria in soil (Tello et al., 2012). Although it was pointed out that resistance 

development under the selective pressure of antibiotics in soil can be of minimal 

importance, since the resistance will disappear as soon as the selective pressure is removed 

(Smith, 2009), the long-term persistence potential of some antibiotics indicates that 

resistance development is plausible. In addition, it was reported that tetracycline resistance 

genes could persist for long terms even after the selective pressure has been removed 

(Tamminen et al., 2011).  

 

These facts clearly show that, for safe management of waste sludge, multi-barrier 

treatment approach has to be implemented. While the number of studies on waste sludge 

management is growing rapidly, the majority of the literature targets the improvement of 

the efficiency of biological stabilization processes (Carrere et al., 2010). In addition, 

considerable number of studies concentrates on nutrient recovery (Tyagi and Lo, 2013) and 

on sludge conditioning (Li et al., 2008; Wojciechowska, 2005; Park et al., 2003). In these 

studies various mechanical, thermal or chemical processes have been explored and 

improved to a great extent. However, the fate of micro-pollutants during these was seldom 

investigated (Oncu-Bilgin and Balcioglu-Akmehmet, 2013b; Carballa et al., 2006, 2007). 

Actually, interest in micro-pollutant removal from waste sludge has started quite recently, 

since up to now the majority of the studies that are concerned with organic compounds in 

sludge have dealt with the development of efficient analysis methods for the determination 

of a vast number of micro-pollutants as well as on risk-based analyses. 

 

1.2.  Objectives 

 

Based on the aforementioned concerns, this thesis aimed to explore the effects of 

powerful chemical oxidation processes, with specific emphasis of AOPs on the destruction 

of antimicrobial contamination in water and waste sludge. The detailed objectives of this 

research are listed below: 
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 Evaluation of the effectiveness of ozonation and heterogeneous photocatalytic 

oxidation processes for the destruction of antibiotic resistance carrier bacterial 

plasmid DNA in water and comparison of the results with those obtained with 

conventional disinfectant chlorine. 

 

 Evaluation of the efficiency of a synthesized nano-fiber TiO2 material as an 

alternative photocatalyst, for the destruction of antimicrobial resistance carrier 

plasmid DNA in water. 

 

 Further evaluation of the influences of chlorination, ozonation, and 

heterogeneous photocatalysis on the risk of antimicrobial resistance 

proliferation by performing plasmid DNA transformability studies. 

 

 Investigation of ozonation for the degradation of antibiotics from TET and FQ 

groups in waste sewage sludge and evaluation of the influences of process 

parameters on the ozonation efficiency.  

 

 Investigation of the combined effect of chemical oxidation and thermal 

treatment performed by microwave irradiation as an emerging process for 

sludge treatment, on the destruction of selected antibiotics in waste sewage 

sludge. Comparison of the effectiveness of hydrogen peroxide and persulfate 

as the oxidants.  

 

 Investigation of the effects of ferrous iron and conventional heating for the 

activation of persulfate for the degradation of selected antibiotics in waste 

sewage sludge.  

 

 Investigation of nutrient, organic matter, and heavy metal solubilizations 

during treatment of waste sewage sludge with chemical oxidation processes.  

 

 Statistical evaluation of the effects of key process parameters on process 

efficiency. 
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1.3.  Thesis Structure 

 

The thesis consists of eight sections. The background and the experimental methods 

are described in Sections 2 and 3, respectively. Section 4 explores the effects of 

chlorination, ozonation, and heterogeneous photocatalysis with commercial and nano-fiber 

TiO2 photocatalysts on antimicrobial resistance carrier plasmid DNA in water. Sections 5, 

6, and 7 deal with treatment of waste sludge with the purpose of simultaneous antibiotic 

degradation and sludge solubilization. Ozonation of waste sewage sludge is described in 

Section 5, microwave assisted hydrogen peroxide and persulfate oxidation of sludge are 

described in Section 6, and ferrous iron and heat activated persulfate oxidation of waste 

sewage sludge is described in Section 7. The major outcomes of the thesis are summarized 

in Section 8.   
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2.  THEORETICAL BACKGROUND 

 

 
2.1. Antimicrobial Pollution in the Environment 

 

2.1.1.  Antibiotic Consumption Rates 

 

Antibiotics are utilized both as therapeutics for human and animal medication and as 

growth promoters in animal farming practices (Thiele-Bruhn, 2003). In Turkey, it was 

reported that the total antibiotic utilization rate increased from 14.6 to 31.4 defined daily 

dose (DDD)/1,000 inhabitants-days between the years 2001 and 2006 (Karabay and 

Hosoglu, 2008). While utilization rates of different antibiotic groups in the EU are listed in 

Table 2.1 (ESAC, 2010), some major antibiotics utilized for human and animal medication 

are listed in Table 2.2 (Kemper, 2008). The total rate of antibiotics utilized in the EU 

countries increased from 38.6 to 506.7 DDD/1000 inhabitants-days between 2009 

(Adriaenssens et al., 2010) and 2010 (ESAC, 2010). A recent study, which reported 

antibiotic utilization rates from eight Latin American countries during the years 

19972007, showed that consumption rates in half of these countries increased during the 

studied period (Wirtz et al., 2010). 

  

Table 2.1. Utilization rates of some antibiotics in the EU in 2010. 

Antibiotic Class DDD/1,000 
inhabitants-days 

% 

Tetracyclines 55.8 11.0 
β-Lactams: penicillins 243.9 48.1 
β-Lactams: other 48.4 9.5 
Sulfonamides 15.1 3.0 
Macrolides 74.6 14.7 
Quinolones 40.1 7.9 
Others 28.8 5.7 
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Table 2.2. Some major antibiotics utilized for human and animal medication. 

Antibiotics  Utilized to treat Antibiotics Utilized to treat 

Amynoglycosides  Fluoroquinolones  
Apramycin Pigs only Ciprofloxacin Humans 
Gentamycin All animas, humans Enrofloxacin All animals 
Kanamycin Dogs, pigs, cattle, 

horses 
Marbofloxacin All animals 

Sisomycin Humans only Flumequin Humans 
Neomycin All animals Ofloxacin Humans 
Spectinomycin Humans only   
Streptomycin Pigs, cattle, poultry, 

sheep 
Lincosamides  

 Obsolete Clindamycin Dogs, humans 
  Lincomycin Pigs, cats, dogs, 

cattle 
β-Lactams: 
penicillins 

   

Amoxicillin All animals Macrolides  
Ampicillin All animals Azithromycin Humans 
Azlocillin Humans Clarithromycin Humans 
Benzylpenicillin All animals Erythromycin Humans, cattle, 

chicken 
Coxacilin Cattle Roxithromycin Humans 
Dicloxacilin Cattle Spiramycin All animals 
Flucloxacillin Humans   
Methicillin Humans Tylosin Animals only 
Mezlocillin Humans Vancomycin Humans 
Nafcillin Humans   
Oxacilin Cattle Sulfonamides  
Piperacillin Humans Sulfanilamide Humans 
Phenoxymethylcillin Humans Sulfadimethoxine Cattle, pigs, 

chicken 
Penicillin G Humans Sulfadimidine Cattle, sheep, 

chicken 
  Sulfamethoxazole Humans 
Cephalosporines  Sulfapyridine Pigs 
Cefalexin Dogs Sulfathiazole Humans 
Cefalotin Humans   
Cefazolin Humans Trimethoprim In combination 

with sulfonamides 
Ceftiofur Cattle, pigs   
Cefotaxim Humans Tetracyclines  
Cefotiam Humans Chlorotetracycline Cattle, pigs 
Cefquinom Cattle, pigs   
  Doxycycline Humans, cats, dogs 
Fenicoles  Oxytetracycline Humans, cattle, 

sheep, pigs 
Chloramphenicole Cats, dogs Tetracycline Humans, horse, 

sheep, pigs 
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2.1.2.  Environmental Occurrence of Antibiotics 

 

One of the major pathways for antibiotics to reach the environment is through animal 

manure and human wastes in which significant concentrations of non-metabolized 

antibiotics can be present (Stuart et al., 2012; Lapworth et al. 2012; Haller et al., 2002; 

Halling-Sorensen, 2001). It has been estimated that manure application as fertilizers may 

exert loads as high as kilograms per hectare (Winckler and Grafe, 2000). 

 

Behavior of antibiotics in the environment depends on their physical-chemical and 

biological properties (Ingerslev and Halling Sørensen, 2001). Biodegradation of antibiotics 

varies according to their properties as well as the present environmental conditions. For 

example while 25-day half-life in soil was reported for chlortetracycline (Halling-Sorensen 

et al., 2005), FQs were reported to have long-term persistence in soil in a study conducted 

for a 21 month period (Golet et al., 2003). 

 

While some antibiotics such as TET and tylosin are easily attained in soils by sorption 

(Thiele-Bruhn, 2003) and can be protected from photodegradation (Sengelov et al., 2003), 

others such as olaquindox are attained to a lesser extent and tend to leach in the soil 

(Rabolle and Spliid, 2000). Transport of antibiotics in subsoil depends on various factors. 

For example, while complexation of antibiotics with metal cations present in the soil is 

expected to increase their adsorption by cation bridge formation, changes in environmental 

factors such as soil pH (Teixido et al., 2012) or interaction with other micro-pollutants 

such as surfactants (ElSayed et al., 2013) can influence their mobility in soil. 

Consequently, residual amounts of persistent antibiotics can reach water sources. 

 

Antibiotics have been detected in surface waters, ground water, and soils as well as in 

treatment plant effluents, sludges, and biosolids at concentrations from g/L (waters) to 

mg/kg (dry solids) (Table 2.3, Table 2.4). 
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Table 2.3. Maximum antibiotic concentrations detected in water and wastewater.  

Source Antibiotic Amount (ng/L) References 
-Lactams   Natural 

Waters Penicillin G 250 Watkinson et al., 2009 
 Tetracyclines   
 Chlortetracyclin 600 Watkinson et al., 2009 
 Doxycycline 400 Watkinson et al., 2009 
 Oxytetracycline 68,000 Matsui et al., 2008 
 Sulfonamides   
 Sulfadiazine 4,130 Boxall et al., 2005 
 Sulfamethoxazole 2,000 Watkinson et al., 2009 
 Sulfachloropyridazine 350 Luo et al., 2011 
 Macrolides   
 Lincomycin 21,000 Boxall et al., 2005 
 Erythromycin 1,700 Kolpin et al., 2002 
 Tylosin 280 Kolpin et al., 2002 
 Roxithromycin 350 Watkinson et al., 2009 
 Quinolones   
 Ciprofloxacin 150 Luo et al., 2011 
 Norfloxacin 120 Kolpin et al., 2002 
 Ofloxacin 200 Luo et al., 2011 
 Trimethoprim 212 Wu et al., 2008 
    

 -Lactams   
Cefaclor 1,800 Watkinson et al., 2009 

Treatment 
Plant 
Effluents Penicillin G 300 Watkinson et al., 2009 
 Penicillin V 2,000 Watkinson et al., 2009 
 Cloxacillin 700 Watkinson et al., 2009 
 Cephalexin 250 Watkinson et al., 2009 
 Tetracyclines   
 Tetracycline 3,600 Karthikeyan and Meyer, 2006 
 Oxytetracycline 4,200 Karthikeyan and Meyer, 2006 
 Chlortetracyclin 250 Watkinson et al., 2009 
  Doxycycline 150 Watkinson et al., 2009 
 Sulfonamides   
 Sulfamethoxazole 500 Martinez Bueno et al., 2012 
 Sulfathiazole 600 Watkinson et al., 2009 
 Sulfasalazine 150 Watkinson et al., 2009 
 Macrolides   
 Erythromycin 1,100 Karthikeyan and Meyer, 2006 
 Roxithromycin 870 Karthikeyan and Meyer, 2006 
 Tylosin 3,400 Watkinson et al., 2009 
 Lincomycin 510 Karthikeyan and Meyer, 2006 
 Quinolones   
 Nalidixic acid 450 Watkinson et al., 2009 
 Norfloxacin 330 Karthikeyan and Meyer, 2006 
 Clindamycin 

Ciprofloxacin 
Ofloxacin 

110 
1,900 
2,800 

Alexy and Kummerer, 2006 
Martinez Bueno et al., 2012 
Martinez Bueno et al., 2012 

 Trimethoprim 250 Watkinson et al., 2009 
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Table 2.4. Maximum antibiotic concentrations detected in solid matrices.  

Source Antibiotic Amount (g/kg) References 
Soil Tetracyclines   
 Tetracycline 199 Hamscher et al., 2002 
 Oxytetracycline 305 Boxall et al., 2005 
 Chlortetracycline 70 Hamscher et al., 2002 
 Sulfonamides   
 Sulfadiazine 0.8 Boxall et al., 2005 
 Sulfamethazine 2 Hamscher et al., 2005 
 Sulfadimidine 11 Hoper et al., 2002 
 Macrolides   
 Lincomycin 8.5 Boxall et al., 2005 
 Tylosin 57 Jacobsen et al., 2004 
 Trimethoprim 0.5 Boxall et al., 2005 
    
Sediments Tetracyclines   
 Tetracycline 5 Luo et al., 2011 
 Oxytetracycline 1 Luo et al., 2011 
 Sulfonamides   
 Sulfadiazine 30 Luo et al., 2011 
 Sulfachloropyridazine 25 Luo et al., 2011 
 Sulfamethoxazole 25 Luo et al., 2011 
 Macrolides   
 Erythromycin 5 Luo et al., 2011 
 Roxithromycin 6 Luo et al., 2011 
 Quinolones   
 Ciprofloxacin 35 Luo et al., 2011 
 Ofloxacin 43 Luo et al., 2011 
 Trimethoprim 20 Luo et al., 2011 

Tetracyclines   
Tetracycline 5,270 US-EPA, 2009 

Sludge 
Biosolids 

Doxycycline 5,090 US-EPA, 2009 
 4-Epitetracycline 4,380 US-EPA, 2009 
  Sulfonamides   
 Sulfisoxazole 22 Spongberg and Witter, 2008 
 Sulfapyridine 197 Gobel et al., 2005 
 Sulfamethazine 113 Gobel et al., 2005 
 Sulfamethoxazole 160 Kinney et al., 2006 
 Sulfathiazole 37 Nieto et al., 2010 
 Macrolides   
 Azithromycin 5,205 US-EPA, 2009 
 Clarithromycin 63 Gobel et al., 2005 
 Roxithromycin 1,800 Nieto et al., 2007 
 Tylosin 4,000 Nieto et al., 2007 
 Quinolones   
 Ciprofloxacin 97,500 SFT, 2007 
 Norfloxacin 

Ofloxacin 
11,000 
58,100 

Lindberg et al., 2005 
US-EPA, 2009 

 Trimethoprim 133 Gobel et al., 2005 
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Although varying analytical methods are used and wide variation in antibiotic 

concentrations are reported in the literature, water sources generally harbor high 

concentrations of some sulfonamides such as sulfamethoxazole, while TETs and FQs are 

attained primarily in the solid matrices. Significant correlation between the sorption and 

the sludge-wastewater partitioning constant values of the FQs was reported in sewage 

sludge (Jia et al., 2012). On the other hand, reported concentrations of sulfonamides found 

in solid matrices are relatively low and maximum detected concentrations are in the range 

of 0.8–197 g/kg dry matter as seen from Table 2.4. However, the figures may not 

represent the real concentrations of the antibiotics, since applied extraction methods cannot 

effectively recover all antibiotics present in solid matrices. For instance, it was shown that 

a major portion of sulfadiazine and sulfamethoxazole was non-extractable (Heise et al., 

2006).  

 

2.1.3.  Environmental Occurrence of Antibiotic Resistance Carriers 

 

The presence of antibiotics in various environmental matrices constitutes a 

contamination potential resulting in a risk for development of antibiotic resistance in the 

local bacterial communities (Kummerer and Henninger, 2003; Chee-Sanford et al., 2001; 

Guardabassi et al., 1998). Resistance can be developed naturally by mutation or selection 

as well as by uptake of mobile genetic elements such as plasmids. Selective pressure 

exerted by the presence of one group of antibiotic may lead to the acquirement of genetic 

mobile cassettes that carry genes encoding resistances to other antibiotics along with the 

selective resistance. As a result, resistance to antibiotics, which may not be present at 

significant environmental concentrations, can be also acquired through this path (Chiew et 

al., 1998). In a recent study, it was reported that resistance towards non-consumed 

antibiotics could be acquired through the transfer of multiple antibiotic-resistance genes 

via class 1 integrons (Oberle et al., 2012). Mobile genetic elements can be also exchanged 

among members of different classes of bacteria (Lorenz and Wackernagel, 1994). Through 

exchange of these mobile genetic elements, resistance can be transferred for example from 

non-pathogenic to pathogenic microorganisms. Antibiotic resistant bacteria or antibiotic 

resistance genes have been detected almost everywhere (Table 2.5). The presence of 

antibiotics and antibiotic resistance genes in treatment plant effluents, manure, soil, and 
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sludge necessitates addressing the effectiveness of currently applied wastewater treatment 

technologies for the removal of these. 

 

Table 2.5. Occurrence of antibiotic resistance in various environmental matrices. 

Resistant Bacteria 
and Genes 

Source References 

Natural Water Harnisz et al., 2011; Agerso and Petersen, 2007;  
Drinking Water Cernat et al., 2007 
Sludge/Biosolids Munir et al., 2011a; Zhang et al., 2009  

Tetracycline 
Resistance 

Wastewater Munir et al., 2011a; Chen et al., 2010; Peak et al. 
2007 

 Soil/Manure Munir et al., 2011b; Szczepanowski et al., 2009; 
Han et al., 2009;  Peak et al. 2007 

 Sediments Knapp et al., 2010 
   

Sludge/Biosolids Szczepanowski et al., 2009 Macrolide 
Resistance Wastewater Chen et al., 2010; Szczepanowski et al., 2009 
 Soil/Manure Chen et al., 2010; Knapp et al., 2010; Han et al., 

2009 
   

Natural Water Barker-Reid et al., 2010; Mohapatra et al., 2008 Aminoglycoside 
Resistance Drinking Water Cernat et al., 2007 
 Sludge/Biosolids Szczepanowski et al., 2009 
 Wastewater Szczepanowski et al., 2009 
   

Natural Water Mohapatra et al., 2008; Cernat et al., 2007 Trimethoprim 
Resistance Drinking Water Cernat et al., 2007 
 Sludge/Biosolids Szczepanowski et al., 2009 
 Wastewater Szczepanowski et al., 2009 
   

Natural Water Barker-Reid et al., 2010; Mohapatra et al., 2008; 
Cernat et al., 2007 

Sulfonamide 
Resistance 

Drinking Water Cernat et al., 2007 
 Sludge/Biosolids Munir et al., 2011a; Munir et al., 2011b; 

Szczepanowski et al., 2009 
 Wastewater Munir et al., 2011a; Szczepanowski et al., 2009 
 Soil/Manure Munir et al., 2011b 
   

Natural Water Mohapatra et al., 2008 -Lactam 
Resistance Drinking Water Cernat et al., 2007 
 Sludge/Biosolids Szczepanowski et al., 2009 
 Wastewater Han et al., 2009 
 Soil/Manure Demaneche et al., 2008 
 Sediments Knapp et al., 2010 
   

Natural Water Barker-Reid et al., 2010 Vancomycin 
Resistance Sludge/Biosolids Sahlstrom et al., 2009 
 Wastewater Gomez et al., 2010 
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2.2. Theories of Chemical Oxidation Processes 

 

During the application of chemical oxidation processes, different oxidizing species 

can be responsible for micro-pollutant degradation depending on oxidation system. 

Although hydroxyl radical (OH•) is known as the most powerful oxidant specie having a 

standard oxidation potential of 2.6 V, in treatment of various environmental matrices the 

degradation rates of pollutants do not only depend on the oxidation potential of the 

chemical oxidant, but are also influenced by the composition of treated matrix and by 

many operational variables. Therefore, various chemical oxidants have been utilized and 

developed to treat different environmental matrices depending on the properties of the 

oxidant, the targeted environmental matrix, and the targeted organic contaminants. 

 

Chlorination, ozonation, and photocatalytic oxidation processes are widely 

investigated for the treatment of various pollutants in different environmental matrices. 

These oxidants are also used for disinfection purposes. The action of each oxidation system 

on microorganisms is different and each oxidant offers different advantages. Chlorine has 

been utilized for more than 100 years and is still one of the most commonly applied 

oxidant for water disinfection. While chlorine is cheap and an effective disinfectant for 

various pathogens, its ineffectiveness towards some more resistant microorganisms and the 

formation of carcinogenic disinfection by-products such as trihalomethanes have increased 

interest in alternative disinfectants (Qasim, 2000). Ozone is a more powerful disinfectant 

than chlorine (Von Gunten, 2003) and is more effective towards microorganisms such as 

protozoa that are more resistant to chlorine. Depending on the conditions, ozone can 

decompose to produce more powerful hydroxyl radical. In addition, ozone can destroy the 

cell wall of the microorganisms leading to the leakage of the cell ingredients, while cell 

disruption and DNA leakage with chlorine can take place only at high dosages 

(Venkobachar, 1977). However, disinfection by-product formation can be an issue in 

ozonation; especially the formation of carcinogenic bromate in the presence of bromide 

and natural organic material (NOM) is problematic (Von Gunten, 2003; Siddiqui, 1995). 

Heterogeneous photocatalytic oxidation with TiO2 as the most widely investigated 

photocatalyst involves the action of hydroxyl radicals and is thus an AOP. This process is 

expected to result in minimal or no by-product formation (Richardson et al., 1996). There 

is no chemical requirement as activation of the photocatalyst can be acquired with light and 
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after treatment the photocatalyst can be recovered from the system. However, the difficulty 

in recovering TiO2 from the treated water and the limited efficiency due to the catalyst’s 

wide band gap are the main disadvantages of photocatalysis (Chen and Mao, 2007).   

 

2.2.1.  Photocatalytic oxidation  

 

As mentioned previously, photocatalytic oxidation by titanium dioxide involves the 

generation of hydroxyl radicals (OH•) and is thus classified as an AOP. Photocatalytic 

process involves light-absorbing semiconductor materials, the electronic structure of which 

consists of a valence band (VB) full with electrons and an empty conductance band (CB). 

The energy gap between these bands is called the band-gap energy (Eg). Upon illumination 

with light having energy greater than Eg, electron-hole pairs (h+- e-) are produced (Figure 

2.1). 

 

TiO2 + h  TiO2 + h+ + e-                      (2.1) 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 2.1. Schematic illustration of photocatalytic activation of a semiconductor material 

(adapted from Mahmood et al., 2012). 
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Electron-hole pairs can react through several mechanisms (Parsons and Williams, 

2004):  

 

i. h+ e- pairs can combine to release heat, 

 

h+ + e-  heat                      (2.2) 

 

ii. h+ can react with electron donors (water and pollutants) to generate oxidized products,  

 

H2O + h+  OH• + H+                                                                                                                    (2.3) 

 

iii. e- can react with electron acceptors (dissolved oxygen),  

 
O2 + e-  O2

•-                                            (2.4) 

 

The penetration depth of light limits the application of photocatalysis to matrices with 

high concentrations of suspended material. In addition, it was reported that the process is 

not effective when the chemical oxygen demand (COD) of the treated matrix exceeds 800 

mg/L (Gogate and Pandit, 2004). Therefore, the heterogeneous photocatalysis process can 

be more suitable for water treatment.  

 

While heterogeneous photocatalysis is applicable over a wide pH range, the pH 

influences reaction mechanism in two major ways. The first influence of pH is on the 

valence and conduction band potentials, which in turn influences the oxidation or reduction 

efficiency. For example, an increase in the pH enhances the reduction potential of the 

catalyst. The second influence of pH is on the surface charge of TiO2, which can influence 

the adsorption-desorption behavior of micro-pollutants that are also influenced by pH 

dependent speciation. It is known that degradation of micro-pollutants can be more 

effective when they are adsorbed on the surface of the photocatalyst, where higher contact 

with reactive species can be provided (Tan, 2003). 

 

As mentioned previously, one of the major problems related to the utilization of TiO2 

is the difficulty in photocatalyst separation from the treated matrix. Different approaches 
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have been adapted to prepare supported system photocatalysts to solve this problem. One 

promising method is utilization of electrospinning technology, by which porous structured 

fibers with diameters in the nanometer range can be prepared (Reneker et al., 2000) and 

deposited on a desired surface as a supported system. Few works have tested the 

photocatalytic performance of electrospinned TiO2 fibers and mainly with relatively simple 

organic molecules such as methylene blue (Wang et al., 2013).  

                

2.2.2.  Ozonation  

 

Similar to photocatalytic oxidation, ozone oxidation can provide both the disinfection 

and oxidation of pollutants. Highly reactive ozone molecule possesses both electrophilic 

and nucleophilic properties due to its electronic configuration (Beltran, 2004). Ozone can 

act on various components of a treated matrix by direct reaction with molecular ozone or 

by indirect reaction with radical species that are formed during the decomposition of ozone 

in a chain process (Langlais et al., 1991).  

 

Along with its high oxidation potential, non-selectivity of hydroxyl radical is 

important in ozonation process and the radical oxidation mechanism is faster than direct 

oxidation.  

 

pH can influence both direct and indirect reactions of ozone. However, in the 

presence of high concentrations of pollutants that are reactive to molecular ozone, ozone 

will be consumed by direct reactions without producing reactive radicals regardless of pH. 

It should be noted that pH can also affect the reactivity of these compounds with ozone by 

influencing their dissociation. In the presence of non-reactive compounds to ozone, 

increased pH results in the decomposition of ozone to generate hydroxyl radicals (Beltran, 

2004). Ozone decomposition initiates various propagation reactions (Siegrist et al., 2011; 

Kasprzyk-Hordern et al., 2003): 

 

O3 + OH-  HO2
• + O2

•-                    k = 70 ± 7 M-1 s-1           (2.5) 

HO2
• ↔ O2

•- + H+                    pKa = 4.8            (2.6) 

O3 + H2O  2OH• + O2  k = 1.1 × 10-4 M-1 s-1          (2.7) 

O3 + HO2
• ↔ 2O2 + OH•                  k = 1.6 × 109 M-1 s-1             (2.8) 
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2HO2
•  O2 + H2O2

                            (2.9) 

 

At acidic pH, formation of hydroxyl radicals depends on the presence of catalysts. 

Generation of free radicals from ozone can be initiated both homogeneously by dissolved 

metal catalysts and heterogeneously by metal oxides or supported metal catalysts (Legube 

and Leitner, 1999). The mechanism depends on the nature of the catalyst and the reaction 

conditions (Beltran, 2004). A typical example for homogeneous catalysis is the reaction of 

ferrous iron with ozone (Kasprzyk-Hordern et al., 2003):  

  

Fe2+ + O3 
  FeO2+ + O2 

                                 (2.10) 

FeO2+ + H2O  Fe3+ + OH• + OH-                  (2.11) 

 

The catalytic action of metals can be important in the ozonation of complex 

environmental matrices. Inefficient ozone consumption can require higher ozone dose 

application for such complicated matrices. 

 

Bicarbonate and carbonate species are well known scavengers for hydroxyl radical 

Eqns. 2.12 and 2.13). Although they can produce carbonate and bicarbonate radicals, 

which are known to react with some organic compounds (Umschlag and Herrmann, 1999), 

carbonate species generally tend to slow down the degradation rates of target compounds 

since the reactivity of carbonate radicals is lower compared to those of the hydroxyl 

radicals (Buxton et al., 1988).  

 

OH• + HCO3
-
  OH- + HCO3

•                k = 8.5 × 106 M-1 s-1          (2.12) 

OH• + CO3
2-

  OH- + CO3
•-           k = 3.9 × 108 M-1 s-1          (2.13) 

 

Besides the carbonates, other anions commonly found in the composition of 

environmental matrices can act as scavenger for hydroxyl radical. In addition, consumption 

of ozone with hydroxyl radicals can be an important scavenging reaction due to the high 

reaction constant: 

 

OH• + O3  HO2
• + O2            k = 3.0 × 109 M-1 s-1                      (2.14) 
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2.2.3.  Hydrogen Peroxide Oxidation  

 

While the direct reaction of hydrogen peroxide with some biological enzymes can be 

important, generally this reaction with organic contaminants is of minor importance (Watts 

and Teel, 2005) and the degradation of these requires the catalytic decomposition of 

hydrogen peroxide to produce a variety of oxidizing and reducing species. On the other 

hand, hydrogen peroxide is very reactive with reduced metal species that can catalyze its 

decomposition. The reactions of hydrogen peroxide involving its catalysis to generate 

reactive species are called catalyzed hydrogen peroxide (CHP) reactions. The most known 

catalytic reaction of dilute hydrogen peroxide is that with ferrous iron at pH 3−5. This 

reaction is known as the Fenton reaction, which has been utilized to treat wastewater, 

groundwater, and contaminated soil for many years (Siegrist et al., 2011). Major reactions 

for the formation of reactive radicals from hydrogen peroxide are listed below: 

 

Fe2+ + H2O2  Fe3+ + OH•  + OH-          k = 6.3 × 101 M-1s-1          (2.15) 

OH•  + H2O2  H2O + HO2
•     k = 3.3 × 107 M-1s-1          (2.16) 

HO2
• + H2O2  H2O + O2 + OH•                (2.17) 

Fe2+ + OH• 
  Fe3+ + OH-            k = 3.2 × 108 M-1s-1          (2.18) 

HO2
• ↔ O2

•-
 + H+     pKa = 4.8            (2.19) 

Fe3+ + HO2
•
  Fe2+ + O2 + H+          k < 2 × 103 M-1s-1                   (2.20) 

Fe3+ + HO2
- Fe2+ + HO2

•            k = 2.7 × 10-3 M-1s-1          (2.21) 

Fe3+ + H2O2 Fe(HO2)2+ + H+        ke = 3.1 × 10-3 (unitless)          (2.22) 

Fe(HO2)2+  Fe2+ + HO2
•         ke = 2.7 × 10-3 M-1s-1          (2.23) 

 

Excess hydrogen peroxide can also act as a scavenger due to excessive consumption 

of radicals via Eqns. 2.16 and 2.17 (Siegrist et al., 2011). Since no radical specie is 

produced in reactions 2.18 and 2.20, these reactions are known as termination reactions in 

hydrogen peroxide oxidation process. These reactions also indicate that iron doses have to 

be controlled, since excess iron can act as a radical scavenger. Other important scavenging 

reactions can be those of carbonate and bicarbonate as was also shown for the ozone 

oxidation mechanism (Eqns. 2.12 and 2.13). However, some studies have also reported that 



 
19

carbonate radicals can contribute positively on the process efficiency (Umschlag and 

Herrmann, 1999).  

 

As shown in the equations above, the reaction mechanism with hydrogen peroxide is 

very complex and involves different oxidizing and reducing species which are listed in 

Table 2.6. 

 

Table 2.6.  Potential reactive species that participate in CHP reactions (Siegrist et al., 2011). 
Reactant species Standard reduction potential (V) pH range 

Hydrogen peroxide (H2O2) 1.8 < 11.6 
Hydroxyl radical (OH•) 2.6 < 11.9 
Superoxide anion (O2

•-) -0.3 > 4.8 
Perhydroxyl radical (HO•) 1.5 < 4.8 

Hydroperoxide anion (HO2
-) 0.9 > 11.6 

Ferryl ion (FeO2+) Not known Not known 
Solvated electrons (e-) -2.8 > 7.8 
Singlet oxygen (1O2) Not applicable Not known 
Triplet oxygen (O2) 1.2 All 

           

 

Among the oxidizing species given in the table, the superoxide anions are held 

responsible for contaminant desorption in CHP systems (Watts et al., 1999). It has been 

shown that especially at high hydrogen peroxide concentrations (0.1−10 M) the rate of 

superoxide anion generation and the reactivity of the superoxide anion is increased to a 

great extent due to improved solvation (Siegrist et al., 2011; Smith et al., 2004). 

Contaminant sorption and desorption mechanism of zwitterionic compounds can be also 

influenced by pH. In addition, similar to ozonation, pH can also influence the reactions of 

hydrogen peroxide due to an influence on contaminants’ reactivity as a result of changes in 

their protonated/deprotonated forms at different pH values.  

 

2.2.4.  Persulfate Oxidation 

  

Utilization of persulfate (or peroxydisulfate) oxidation as a treatment technology is 

relatively new compared to other chemical oxidation processes. Persulfate oxidation can 

take place either directly with the persulfate anion or by activation to produce reactive 

radicals. While the persulfate anion has a standard reduction potential of about 2 V 

(Siegrist et al., 2011), its direct reactions are relatively slow and the production of radical 
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species by the activation of persulfate is required to provide effective degradation of target 

pollutants. Activation of persulfate can generate mainly the highly reactive sulfate radical 

that has a standard reduction potential of 2.5 V (Siegrist et al., 2011), which is close to that 

of the hydroxyl radical.  

 

Persulfate can be activated by different activation agents such as heat, UV irradiation, 

and transition metals. Depending on the type of activation and the reaction conditions, 

various other radicals can be produced in addition to the sulfate radical. Some typical 

activation reactions for persulfate are given below: 

 

S2O8
2- + heat/UV irradiation  2SO4

-•                              (2.24) 

S2O8
2- + Men+  Me(n+1)+ + SO4

2- + SO4
-• (Metal-Me activation)                     (2.25) 

S2O8
2- + H+  HS2O8

- SO4
-• + SO4

2- + H+  (Acid activation)                                          (2.26) 

S2O8
2- + OH-  SO4

2- + OH• (Alkaline activation, pH>11)                        (2.27) 

 

Persulfate activation by hydrogen peroxide during soil treatment has been also shown. 

Although the exact mechanism is not known, it was proposed that persulfate is activated by 

the hydroxyl radical that is produced as a result of catalytic decomposition of hydrogen 

peroxide by soil minerals (Siegrist et al., 2011):  

 

S2O8
2- + OH•  SO4

-• + SO4
2- +1/2O2 + H+ (catalyzed H2O2 activation)                (2.28) 

 

Radical propagation reactions of persulfate are very complex and the role of many 

species in these reactions is not well understood. Similar to ozone and CHP, the radical 

oxidation performance of persulfate is also influenced by scavenging reactions. Some these 

are given below (Siegrist et al., 2011): 

 

SO4
 -• + CO3

2-  SO4
2- + CO3

•-  k = 6.1  106 M-1s-1             (2.29) 

SO4
 -• + HCO3

-  SO4
2- + HCO3

•                  k = 1.6  106 M-1s-1                      (2.30) 

 

In addition to these reactions, self scavenging of sulfate radicals can take place via 

Eqns 2.31−2.33 (Liang and Su, 2009).  
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SO4
-• + SO4

- •  S2O8
2-  k = 4  108 M-1s-1                      (2.31) 

SO4
-• + S2O8

2-  SO4
2- + S2O8

-•                   k = 6.1  105 M-1s-1                                (2.32) 

OH• + S2O8
2-  OH- + S2O8

-•                      k = 1.2  107 M-1s-1                                (2.33) 

 

Self scavenging reactions of persulfate may become more important at very high 

temperatures (Huie and Clifton, 1989). Nevertheless, Peyton et al. (1993) stated that these 

scavenging reactions exert minor influence in the presence of other constituents that are 

highly reactive with the sulfate radical. In addition, the reactivity of S2O8
-• is not known 

and its generation may not be necessarily unproductive (Peyton, 1993). 

 

Compared to hydroxyl radicals, sulfate radicals are relatively more selective and thus 

can result in more effective contaminant degradation in the presence of competing 

constituents. The higher non-selectivity of hydroxyl radicals can be explained by their 

various reaction mechanisms including direct electron transfer, hydrogen abstraction, and 

addition to double bonds. On the other hand, sulfate radicals mainly react by direct electron 

transfer reactions (Siegrist et al., 2011). In addition to these, persulfate can be more 

advantageous than ozone since oxidant solubility is not limited when persulfate is applied 

in the sodium form and can be more advantageous than hydrogen peroxide due to its 

higher oxidant stability (Siegrist et al. 2011, Tsitonaki et al., 2010). The mentioned 

advantages of persulfate resulted in increased number of studies exploring degradation of 

various organic pollutants both in water and in solid matrices in the literature (Liang et al., 

2003; 2004; 2008; 2009; Liang and Su, 2009; Oh et al., 2009; Teel et al., 2009; Uslu-Otker 

and Balcioglu-Akmehmet, 2009a; Zhen et al., 2012a, b, c).  

 

2.3.  Effect of Conventional and Non-Conventional Processes on Antibiotic 

Degradation in Different Environmental Matrices  

 

Reported antibiotic removal rates during conventional wastewater treatment processes 

exhibit wide variation depending on the compound properties and the operational 

conditions of the applied treatment processes, although low removal rates are common 

(e.g. for high strength pharmaceutical wastewater (Zhou et al., 2006)). Nevertheless, Miege 

et al. (2009) stated that drawing out a general conclusion regarding the effect of operating 
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conditions on PPCP removal is challenging because of difficulty in testing these 

individually. 

 

During biological wastewater treatment, antibiotics can exert toxicity on the 

microbial community (Carucci et al., 2006) and may also lead to resistance development 

especially in biofilms (Schwartz et al, 2003). Although lab scale experiments did not reveal 

toxic effects of antibiotics on activated sludge (Prado et al., 2010), these may not represent 

real scale conditions (Stone et al., 2009).  

 

Regarding pharmaceutical removal in a wastewater treatment plant, improvement of 

effluent quality can be achieved by inclusion of tertiary treatment as proposed by Le-Minh 

et al. (2010). Advanced treatment technologies such as membrane filtration (nanofiltration 

and ultrafiltration) can be applied to wastewater (Li et al., 2004; Kim et al., 2007a). 

However, application of these technologies results in the transfer of the pollutant from one 

phase to another without destruction. In addition, membrane technology produces 

secondary waste that requires further treatment. Other conventional processes applied to 

wastewater to increase the quality of effluent include chemical oxidation such as ozonation 

and chlorination. The major problem with chlorine application to wastewater is the 

requirement of high doses of oxidant in order to achieve considerable treatment 

performance for recalcitrant contaminants and these lead to the formation of carcinogenic 

by-products (Singer, 1993). For example, to treat swine wastewater a chlorine dose as high 

as 100 mg/L was required for efficient removal of sulfonamide antibiotics, which are 

mainly present in the aqueous phase (Macauley et al., 2006). Ozone and ozone based 

AOPs, on the other hand, have proven to be effective for the removal of a wide range of 

antibiotics (Dodd et al., 2006; Balcioglu-Akmehmet and Otker, 2003). For this oxidation 

process, by-product formation in the presence of bromide ions (Von Gunten, 2003; 

Siddiqui, 1995) as mentioned previously and the technology costs constitute the major 

challenges, which necessitate optimization of oxidant dosages. Other AOPs applied to 

wastewater to degrade antibiotics include Fenton or photo-Fenton processes (Gonzalez et 

al., 2007; Elmolla and Chaudhuri, 2009). The major drawback of the Fenton process is the 

requirement of iron post-removal and the acidic pH.  

During biological treatment of wastewater, the sorption of contaminants on sludge 

can be the reason for the observed high removal rates of antibiotics (Jia et al., 2012; Kim et 
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al., 2005; Giger et al., 2003). The recent findings for the occurrence of antibiotics in 

manure and sludge have pointed out the need for the treatment of these matrices as well. 

Although less commonly investigated, the removal of antibiotics from complex solid 

matrices with both conventional and non-conventional processes has been shown. The 

results of investigations on the anaerobic digestion (AD) of animal manure to degrade 

tetracycline antibiotics indicated 75% removal of extractable chlortetracycline and 59% 

removal of oxytetracycline in 64 days (Arikan, 2008; Arikan et al., 2006). However, in 

these studies the removal mechanism of antibiotics was not explored. The long digestion 

periods of manure in the presence of antibiotics pose risk of antibiotic resistance 

development as represented by the high rates of resistant determinants found in these 

matrices (Table 2.5). Therefore, evaluation of AOPs must be considered for solid matrices, 

as well.  

 

AOPs were applied to the slurries of manure and sludge in order to solubilize the 

nutrients or to remove some specific pollutants; however, pharmaceutical removal was 

targeted in a limited number of studies. Various AOPs were investigated by Uslu-Otker 

and Balcioglu-Akmehmet (2009a; 2009b; 2008) for the removal of oxytetracycline and 

sulfamethazine from manure. These processes were also applied to spent adsorbents 

containing tetracycline group antibiotics (Ozbarli et al., 2010). A pretreatment carried out 

with magnesium salt promoted the extraction of oxytetracycline into the aqueous phase and 

improved the applied oxidation process efficiency. Carballa et al., (2007) investigated the 

removal of PPCPs including the antibiotic sulfamethoxazole, from ozone pretreated sludge 

during AD. The antibiotic was completely removed during the AD process and the effect 

of ozone could not be reported. However, as mentioned before, non-extractable 

concentrations of sulfamethoxazole may lead to underestimation of the actual removal 

efficiency. Oncu-Bilgin and Balcioglu-Akmehmet (2013b) investigated the effect of ozone 

on the degradation of oxytetracycline (OTC) and ciprofloxacin (CIP) from synthetically 

contaminated activated sludge. The process resulted both in sludge solubilization 

accompanied with a decline in the antibiotic concentrations in the sludge. Some examples 

to treatment processes applied to wastewater, manure, and sludge for the degradation of 

antibiotics are listed in Table 2.7. 
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Table 2.7. Effect of conventional and non-conventional treatment processes on antibiotic 

removal from various environmental matrices. 

Treated 
Medium 

Treatment 
Technology 

  Examples   References 

Wastewater Biological 
treatment 

 Activated sludge, anaerobic-aerobic 
sequential treatment, anaerobic 
treatment, membrane bioreactor 

 Le-Minh et al., 2010; Carucci et 
al., 2006; Zhou et al., 2006 

      
 Membrane 

filtration 
processes 

 Microfiltration, nanofiltration, 
ultrafiltration, reverse osmosis, 
activated carbon 

 Kim et al., 2007a; Li et al., 2004 

      
 Chemical 

oxidation 
 Ozonation, chlorination  Uslu-Otker and Balcioglu-

Akmehmet, 2008; Macauley et 
al., 2006; Dodd et al., 2006; Von 
Gunten, 2003 

      
 Advanced 

oxidation 
 O3/H2O2, O3/UV, Fenton and photo-

Fenton processes 
 Elmolla and Chaudhuri, 2009; 

Gonzalez et al., 2007; Von 
Gunten, 2003 

      
Manure Biological 

treatment 
 AD  Arikan, 2008; Arikan et al., 

2006 
      
 Chemical 

oxidation 
 Ozonation, persulfate oxidation, 

Fenton process 
 Uslu-Otker and Balcioglu-

Akmehmet, 2009a; Uslu-Otker 
and Balcioglu-Akmehmet, 
2009b; Uslu-Otker and 
Balcioglu-Akmehmet, 2008 

      
Sludge Biological 

treatment 
 AD, anaerobic digestion with 

ozonation pretreatment 
 Carballa et al., 2007; Lindberg 

et al., 2006 

      

  
Chemical 
oxidation   

Ozonation   Oncu-Bilgin and Balcioglu-
Akmehmet, 2013b 

      AD: anaerobic digestion; O3: ozonation, H2O2: hydrogen peroxide, UV: ultraviolet 

  

2.4.  Effect of Conventional and Non-Conventional Processes on Antibiotic 

Resistance Carriers 

  

The results of the studies regarding the biological treatment of wastewater revealed 

that increased influent antibiotic concentrations (Kim et al., 2007b) and longer hydraulic 

retention times (HRTs) during activated sludge treatment (Manaia et al., 2010) promoted 

the development of resistance significantly. These findings evidently suggest the need for 

AOPs as opposed to the arguments promoting the application of longer HRTs for the 

removal of micro-pollutants from wastewaters (Jones et al., 2007). On the other hand, 
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advanced membrane biological reactor (MBR) technology was proposed by Munir et al. 

(2011a) as an effective process for the removal of tetracycline and sulfonamide genes from 

wastewater. 

  

Biological treatment processes applied to investigate the fate of resistance carriers in 

manure include aerobic thermophilic digestion, mesophilic AD, and aerobic biofiltration 

(Chen et al., 2010; Han et al., 2009; Munir et al., 2011a; Ghosh et al., 2009; Diehl and 

LaPara, 2010). Chen et al. (2010) have shown the ineffectiveness of aerobic biofiltration, 

mesophilic AD, and lagoon treatment applications for the elimination of antibiotic 

resistance and proposed the requirement of more effective treatment methods. On the other 

hand, Han et al. (2009) proposed autothermal aerobic digestion as a suitable method to 

remove antibiotic resistant microorganisms from swine manure; no resistant 

microorganisms were detected after treatment at 60−65ºC for 3 days. Munir et al. (2011a) 

proposed that AD and lime stabilization of biosolids removes resistance genes more 

effectively than conventional dewatering and gravity thickening. Ghosh et al. (2009) 

reported thermophilic AD to be more effective than mesophilic AD and Diehl and LaPara 

(2011) showed that AD at high temperatures was significantly more effective than aerobic 

digestion for the removal of several tetracycline genes from sewage sludge. Although high 

temperatures can provide significant reduction of resistant bacteria, these can be still 

present as demonstrated by Chenier and Juteau (2009) for treatment of swine manure by an 

aerobic thermophilic sequencing batch reactor (SBR).  

 

Advanced oxidation technologies namely, ozone and Fenton processes have also been 

applied to manure containing ampicillin resistant E. Coli by Cengiz et al. (2010). To 

eliminate the ampicillin resistance carrier plasmid DNA from cow manure, which was 

demonstrated by the removal of a tet(M) gene, high doses of ozone and Fenton reagent 

were required within a prolonged treatment period. The recent literature covering the 

mentioned processes that target removal of antibiotic resistance elements from wastewater, 

manure, and sludge is listed in Table 2.8. The presence of antibiotic contamination along 

with antibiotic resistance bacteria and genes in the studied matrices suggests that the risk of 

antimicrobial resistance is real. Therefore, proper methods are needed to eliminate this 

risk.



 

Table 2.8. Effect of conventional and non-conventional treatment processes on antibiotic resistance carriers in various environmental matrices.  
Treated 
Medium 

Treatment 
Technology 

  Examples   Monitored Resistant 
Bacteria/Resistance Determinants 

  References 

Wastewater Biological 
treatment 

 Activated sludge, wastewater lagoons,  
membrane biological reactor, conventional 
activated sludge, oxidative ditch, rotatory 
biological contactors, AD, lime stabilization 

 Tetracycline, sulfonamide resistant 
bacteria and genes, ciprofloxacin 
resistance 

 Munir et al., 2011a; 
Chen et al., 2010, Gomez et 
al., 2010; Manaia et al., 2010; 
Szczepanowski et al., 2009; 
Zhang et al., 2009; Kim et al., 
2007b; Peak et al., 2004; 

 Physical 
treatment 

 UV  Tetracycline, sulfonamide resistant 
bacteria and genes  

 Munir et al., 2011a 

 Chemical 
treatment 

 Chlorine  Tetracycline, sulfonamide resistant 
bacteria and genes  

 Munir et al., 2011a 

Drinking 
Water 

Physical 
Treatment 

 UV  Ampicillin resistant and trimethoprim 
resistant Escherichia Coli  

 Balcioglu-Akmehmet., 2009; 
Templeton et al., 2009 

 Chemical 
treatment 

 Chlorine  Ampicillin resistant and trimethoprim 
resistant Escherichia Coli  

 Templeton et al., 2009 

Manure Biological 
treatment 

 Autothermal thermophilic aerobic digestion, 
Aerobic biofiltration, mesophilic AD 

 Tetracycline, kanamycine, ampicillin,  
rifampicin resistant bacteria, macrolide 
and tetracycline resistance genes 

 Chen et al., 2010; Han et al., 
2009  

Sludge Biological 
treatment 

 Aerobic/anaerobic thermophilic/mesophilic 
digestion 

 Tetracycline resistance genes  Diehl and LaPara, 2010; 
Ghosh et al., 2009 

Manure Chemical 
treatment 

  Fenton and ozone   Ampicillin resistant Escherichia Coli 
and resistance carrier plasmid DNA (by 
tet(M) gene removal monitoring) 

  Cengiz et al., 2010; Balcioglu 
et al., 2009 
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2.5. Management of Waste Sewage Sludge 

 

As mentioned previously, sludge can concentrate various pollutants including 

antibiotics during wastewater treatment. Up to date, over 360 organic compounds (OCs) 

have been identified in sewage sludge (Eriksson et al., 2008) and the list is expected to 

grow as a result of rapid developments in analytical techniques. Handling of excess sludge, 

which is produced in considerably high amounts during wastewater treatment is one of the 

major challenges faced by wastewater treatment facilities owing mainly to the high costs 

associated with sludge treatment (up to 60% of total operation costs) (Liu, 2003). New 

stringent regulations regarding sludge production and disposal have contributed to this 

challenge. The European Commission's Urban Waste Water Treatment Directive 

91/271/EEC sets requirements that bring about higher quantities of sludge production, 

while also limiting land-application only to treated sludge in order to minimize adverse 

effects of untreated sludge (CEC, 1991).  

 

2.5.1. Brief Review of Current Regulations Regarding the Land-application of   

Biosolids 

 

In order to minimize potential negative environmental impacts, the agricultural use of 

waste sludge has been limited by specific regulations that mainly monitor heavy metal 

concentrations and pathogens. Limit values for heavy metals are listed in Table 2.9 

(Official Gazette, 2010, 2010; US-EPA, 1993; CEC, 1986).  

 

Table 2.9. Limit values of heavy metals for the land-application of sludge.  
 Heavy Metals (mg/kg DS) 
 As Cd Cu Pb Hg Ni Se Zn 

US 41 39 1,500 300 17 420 100 2,800 
EU 30 20−40 1,00−17,500 750−1,200 16−25 300−400  2,500−4000 

Turkey  10 1,000 750 10 300  2,500 
 

Due to increased environmental concerns, some countries have also adapted standards 

for the regulation of several OCs (Schowanek et al., 2004;  Official Gazette, 2010, 2010) 

based mainly on the latest EC Working Document on Sludge (CEC, 2000) (Table 2.10). 
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Table 2.10. Limit values of organic contaminants for the land-application of sludge. 

Organic Contaminants(mg/kg DS) 
 AOX LAS DEHP NPE PAH PCDD/F PCB 
Turkey 500 2,600 100 50 6 100 ng 0.8 
Austria 500    6 100 ng 0.2−1 
Denmark  1,300 50 10 3   
Germany 400     30 ng 0.1/congener 

AOX: absorbable organic halides; LAS: linear alkylbenzene sulfonates; DEHP: di(2-
ethylhexyl)phthalate; NPE: nonylphenol and nonylphenol ethoxylates; PAH: polynuclear 
aromatic hydrocarbons; PCDD/F: polychlorinated dibenzo-p-dioxins and furans; PCB:  
polychlorinated biphenyls. 

 

2.5.2.  Conventional Treatment Processes  

 

The purpose of common sludge treatment methods is mainly reduction of water and 

pathogen content. Sludge treatment includes thickening, dewatering, stabilization, and 

disinfection, and thermal drying (Andersen, 2001). After treatment, the sludge is disposed 

or recycled. Methods of sludge disposal and recycling include landfilling, incineration, and 

application to soil as biosolids (Andersen, 2001). Landfilling has been historically 

considered one of the cheapest methods for sludge handling. However, it is not an 

environmentally sustainable solution and is not one of the most preferred options for 

sludge management in many developed countries. One of the major objections regarding 

landfilling is its contribution to the greenhouse gas effect by methane release. Incineration 

can effectively reduce sludge volumes, but has disadvantages such as increased cost due to 

emission regulations. Moreover, the technology makes use of fossil fuels and 30% of the 

solids are converted to ash with high heavy metal content (Fytili and Zabaniotou, 2008). 

Currently, the beneficial use of waste sludge in agriculture has gained higher importance as 

the waste sludge volumes generated from wastewater treatment increased considerably 

(Figure 2.2). 
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Figure 2.2. Estimates of sewage sludge production and management routes for 2010. 

(adapted from Tyagi et al., 2009; Milieu/WRc/RPA, 2008) 

 

Sludge management in Turkey is mainly carried out by landfilling and land-

application of biosolids. Incineration is not very common and the only large-scale 

incineration plant is handling industrial and hazardous sludge, while currently there is no 

incineration plant for the disposal of domestic and municipal sludge (Filibeli and Ayol, 

2007; TUIK, 2007). 

 

2.5.3.  Application of Chemical Oxidation Processes for Sludge Treatment 

 

2.5.3.1. Ozonation of Sewage Sludge. Among several treatment technologies applied to 

sludge, ozonation has gained acceptance as one of the most effective sludge disintegration 

technologies and has been utilized successfully in full-scale applications (Chu et al., 2009). 

Application of ozone at the recycle line of the activated sludge treatment process can reduce 

sludge generation up to 70%,  which requires high ozone dose e.g 50 mg/g volatile 

suspended solids  (VSS) (Deleris et al., 2002). Furthermore, lower dose of ozone can 

improve the biodegradability of sludge in a subsequent biological digestion process to a 

great extent (Bourgier et al., 2007; Yeom et al., 2002). The benefits of ozonation in sludge 

treatment are not limited with these applications. Ozonation has also been utilized for sludge 

stabilization and conditioning (Park et al., 2003). Review of literature covering the 

application of ozone for sludge treatment is given in Table 2.11. 

Sewage sludge management routes for EU, 2010 
estimates

42%

27%

14%

16%

Land application Incineration Landfilling Other

Sludge production: 11.6 million dry tonnes

Sewage sludge management routes for US, 2010 
estimates

48%

19%

10%

23%

Land application Incineration Landfilling and surface disposal Other

Sludge production: 8.2 million dry tonnes



 

Table 2.11. Applications of ozone for sludge treatment. 
Source of sludge Solid content 

of sludge 
Applied ozone dose Results Reference 

Secondary     
sewage sludge 

0.2 g/L2 g/L, 
TS 

8−9 g O3/g SS  40−90% oxidation of organic carbon, >50% of soluble carbon is biodegradable, >95% of 
organic nitrogen mineralization to ammonia 
 

Deleris et al., 2000 

Mixed  
sewage sludge 

~9.6 g/L, SS 0.05−0.2 g O3/g COD 38% oxidation of organic carbon, 29% of organic carbon solubilization, 1.8-fold 
enhancement in methane production in subsequent digestion 
 

Weemaes et al.,  
2000 

Secondary     
sewage sludge 
 

2.1 g/L, VSS 0.01−0.03 g O3/g SS 50% sludge volume reduction Huysmans et al., 
2001 

Secondary     
sewage sludge 

2 g/L, SS 0.05 g O3/g VSS  70% sludge volume reduction, improvement in subsequent nitrification efficiency, 
improvement in sludge settling characteristics and reduction in effluent SS 
 

Deleris et al., 2002 

Secondary     
sewage sludge 

12 g/L, TS 0.02−5  g O3/g SS 2−3 fold enhancement in aerobic and anaerobic biodegradability with 0.1g O3/g SS, 
decrease of solubilization above 0.5 g O3/g SS 
 

Yeom et al.,  2002 

Secondary     
sewage sludge 
 

2 g/L, TS 10 mg O3/min Preferential attack of ozone on soluble material and influence of sludge particle size  
 

Cesbron et al.,  
2003 

Secondary     
sewage sludge 

8−12 g/L, SS 0.15 g O3/g DS 70% mass reduction and 85% volume reduction of sludge with 0.5 g O3/g DS,  
improvement in settleability and dewaterability, improvement in filterability above 0.2 g 
O3/g DS 
 

Park et al., 2003 

Mixed 
sewage sludge 

12.9 g/L , TS  05 g O3/L 50% improvement of PAH removal by ozonation of digested sludge up to  
1.5 g O3/L TS (0.12 g O3/g TS), up to 81% removal with addition of peroxide or 
surfactants 
 

Bernal-Martinez et 
al., 2005 

Secondary     
sewage sludge 
 

3−5 g/L, SS 0.05 g O3/g SS Zero sludge production 
 

Lee et al., 2005 

Secondary     
sewage sludge 
 

1.2−4 g/L, SS  
 

0.190.58 g O3/g SS Phosphorus solubilization, biomass inactivation, 30% solubilization of organic  
particulate carbon at  0.03 g O3/g SS 
 

Saktaywin et al., 
2005 
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Table 2.11 Applications of ozone for sludge treatment (cont.). 
Source of sludge Solid content 

of sludge 
Applied ozone dose Results Reference 

Secondary     sewage 
sludge 
 

20 g/L, TS 0.1–0.16 g O3/g TS 15% improvement in sludge biodegradability, 1.25 fold enhancement in biogas  
production 
 

Bourgrier et al.,    
2006 

Digested  
sludge 

12.9 g/L, TS 0.5-4 gO3/L Partial degradation of PAHs by ozonation. Decrease in removal at higher ozone doses 
due   to competitive influence of solubilized organic matter. Parameters most 
influential in PAH removal found as water solubility and number of 5-carbon rings. 
 

Carrere et al., 2006 

Mixed  
sewage sludge 

15.6 g/L, TS 0.1 g O3/g TS Ozonation improved PAH removal during AD. Greater improvement was observed for 
PAH with higher water solubility. Surfactant addition improved PAH degradation, but  
negatively influenced the anaerobic process 
 

Bernal-Martinez et 
al., 2007 

Secondary 
sewage sludge 
 

16.1 g/L, SS 0.015−0.200 g O3/g TS Optimal biogas production found at an ozone dose of 0.15 g O3/g TS (144% increase in 
specific production) 
 

Bourgier et al.,    
2007 

Mixed  
sewage sludge 

35−110 g/L, 
TS 

0.02 g O3/g SS PPCP degradation rate in the range of 20−80% was achieved, depending on specific 
compound; 60% COD solubilization and increased biogas production 
 

Carballa et al., 2007 

Secondary 
sewage sludge 
 

 0.006–0.030 g O3/g SS  Improved sludge solubilization, 60% improvement in denitrification Dytczak et al., 2007 

Secondary  
sewage sludge 
 

1.8 g/L, SS 0.007–0.033 g O3/g SS  Stronger floc structure, more resistant to ozone after prolonged ozonation, anticipated 
increase in required ozone doses and costs in the long term 
 

Dytczak and 
Oleszkiewicz., 2008 

Secondary 
sewage sludge 
 

3.5−5.0 g/L,  
SS 

0.06–0.16   g O3/ g SS Compared to bubble contractor, 30% higher microorganism inactivation, > 2 fold 
higher COD and TN solubilization, 8 fold higher TP solubilization. >99% ozone 
utilization efficiency 
 

Chu et al., 2008 

Secondary 
sewage sludge 
 

4.18 g/L, SS 0.010–0.035 g O3/g SS Organic matter solubilization increased up to a maximum and did not improve  
Further; ammonia solubilization increased above a threshold ozone dosage; sludge   
solid content influenced solubilization only at low ozone dosages 
 

Manterola et al.,  
2008 

Mixed sewage 
sludge 

35−110 g/L, 
TS 

0.02 g O3/g SS Improved pathogen reduction and LAS removal with combined ozonation pretreatment 
and AD 
 

Carballa et al., 2009 
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Table 2.11 Applications of ozone for sludge treatment (cont.). 
Source of sludge Solid content 

of sludge 
Applied ozone dose Results Reference 

Secondary 
sewage sludge 
 

4.6 g/L, SS 0.005–0.02 g O3/g SS 60% decrease in intracellular ATP at 0.02 g O3/g TS, floc destruction and decrease in 
enzymatic activity followed by decrease in cell viability, enrichment of most metals 
released from flocs in micro-solids 
 

Chu et al., 2009 

Secondary 
sewage sludge 
 

3.2−5.0 g/L,  
SS  

0.03–0.27 g O3/g SS Below 0.02 g O3/g TSS, the main mechanism was sludge solubilization, while higher 
doses influenced the microorganism population types in the reactor leading to the 
growth of predators. Decline in disintegration above 0.1 g O3/g TSS, decline in 
oxidation due to increase in radical scavengers above 0.14 g O3/g TSS 
 

Yan et al., 2009 

Secondary 
sewage sludge 
 

10 g/L, TS 0.05–1 g O3/g TS  
 5–20 mg metal     
catalyst/g TS 
 

2-fold improvement in sludge reduction with Mn catalyst (10 mg/g TS) Lee et al., 2010a 

Digested 
sludge 

2.04 %, TS 0.1 g O3/kg TS 11.3 % improvement in VSS reduction of ozonated sludge during digestion Erden et al., 2010 

Secondary 
sewage sludge 
 

14.26 g/L, TS 0.1 g O3/g TS Highest TSS removal and reduction in required specific energy was obtained by ozone 
and ultrasound  pretreatment, 15% sludge volume reduction was obtained with ozone 
 

Salsabil et al., 2010 

Secondary 
sewage sludge 
 

1.87−8.53 g/L, 
SS 

0.120–0.175 gO3/g SS Negative influence of high iron content in sludge on solubilization (50% decrease at 
80−120 mg Fe/g SS), release of phosphorus and metals by ozonation. Release of Cu,  
Ni and Zn is correlated with COD solubilization 
 

Sui et al., 2011 

Secondary 
sewage sludge 
 

3.1−3.5 g/L,  
SS 

0.01 g O3/g SS  
With 1040 kPA  
pressure application 

Much improved sludge solubilization with ozonation in pressure cycles, compared to 
bubble contractor system. 37-fold increase in SCOD/TCOD and 25% reduction in  
TSS; solubilization of phosphorus, nitrogen and protein 

Cheng et al., 2012 
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Investigation of ozonation technology for the removal of emerging organic micro-

pollutants from sludge has considerably increased in the last years. Gupta et al. (2013) 

reported 23% removal of adsorbable organic halides and 26% removal of extractable 

organic halides. Qiang et al (2013) reported the removal of several endocrine disruptor 

compounds in sludge with ozonation; among the studied compounds, the strongly 

hydrophobic nonylphenol was resistant to degradation both during ozonation at high pH 

and with combined application of O3/H2O2. Bernal-Martinez et al. (2007) reported 

improved removal of PAH during AD of ozone pretreated sludge. Ozonation was more 

effective on PAH with higher solubility in sludge. Addition of surfactant improved PAH 

removal, but negatively influenced the efficiency of the anaerobic process. Carrere et al., 

(2006) also reported that removal of PAH during sludge ozonation was dominated by their 

solubility. However, as stated previously investigation of sludge ozonation on the removal 

of sorbed antibiotics in sludge has not been reported. 

 

2.5.3.2. Combined Microwave and Oxidative Treatment of Sewage Sludge. Among 

promising sludge treatment methods, microwave (MW) irradiation, which is basically 

electromagnetic radiation in the microwave frequency range, has gained interest as a 

relatively new technology for sludge solubilization. Due to its water content, sludge can 

absorb MW energy. The advantage of MW compared to conventional heating is that it is 

less energy and time consuming (Jones et al., 2002). During MW treatment, hot-spot regions 

can be formed in the sludge as a result of non-homogeneous temperature distribution 

(Kington and Jassie, 1988). MW irradiation can induce solubilization of nutrients and 

enhance the hydrolysis step in a subsequent digestion process of waste sludge. Solubilization 

of sludge mainly depends on the irradiation temperature in MW treatment. Toreci et al. 

(2009a) reported that MW irradiation at temperatures as high as 175C resulted in the 

highest biogas production enhancement. However, at temperatures above 180C, the 

recalcitrant products that can form as a result of Maillard reaction can induce a negative 

influence on a subsequent AD process (Pinnekamp, 1989). MW treatment can also provide 

improved pathogen reduction especially above 85C. When combined with a subsequent AD 

process, exceptional quality (Class A) biosolids with no detectible pathogen levels can be 

produced (Hong et al, 2006).  
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Combined application of MW irradiation and chemical oxidation was also used to 

enhance the solubilization of waste sludge and to improve the sludge biodegradability for a 

subsequent AD process. The most frequently applied oxidant was hydrogen peroxide. 

Although the addition of peroxide to WAS during MW pretreatment was shown to 

considerably increase the release of soluble COD (SCOD), PO4
3- (orthophosphate), nitrate 

(NH3), and volatile fatty acid (VFA), generally a negative influence on biogas production 

during AD of pretreated waste sewage sludge was reported even at H2O2 doses as low as 1 

g H2O2/g TS (Eskicioglu et al., 2008b) due to production of recalcitrant products. 

Literature for MW pretreatment and combined thermo-oxidation treatment of sludge with 

MW and chemical oxidants are listed in Table 2.12 and Table 2.13, respectively. Currently 

there are no studies investigating the fate of micro-pollutants in sludge during MW 

treatment. 

 

 



 

Table 2.12. Applications of MW for sludge treatment. 
Source of sludge Solid content of 

sludge 
Process conditions Results Reference 

Secondary 
sewage sludge 

30.07 g/L, TS P= 700 W 
T=59°C  
TT=315 min  
 

Improved biogas production, improved VSS reduction, and decrease of 
AD HRT from 15 to 8 days as a result of MW pretreatment of sludge. 
 

Park et al., 2004 

Secondary 
sewage sludge 

 0.36−0.39 %, TS P=1000 W 
T=60−170°C 
TT= 5 min  
 

76% of the TP released in 5 min by MW treatment. Sludge stabilization 
took place above 100C. 

Liao et al., 2005a 

Primary, secondary,  
mixed, and digested 
sewage sludge 

4.5 %, TS (primary 
and mixed) 
3.3 % (digested) 

P=550 W 
TT=0.5−2  

Improvement in dewaterability of sludge (as measured by SRF, CST,  
and dry matter content in sludge dewatered in laboratory 
centrifuge). Solubilization of nutrients, COD, and BOD5. Athermal    
effect of MW observed along with thermal effect. Influence of sludge 
type on dewaterability observed. 
 

Wojciechowska,  
2005 

Primary, secondary, and 
digested sewage sludge 

29.8 g/L (PS) 
41.3 g/L (WAS) 

P=425 W (WAS) 
576.6 (PS) 
TT=0.5−1.5 min 

Highest solubilization at 70°C was obtained for WAS (125% SCOD 
increase). Better performance of digester in fecal coliform  inactivation 
observed with MW pre-treated sludge and Class A sludge could be 
generated. 
 

Hong et al., 2006 

Secondary 
sewage sludge 

5.9 %, TS T=96C 
TT=5 min 
 

Greater WAS solubilization achieved by conventional heating due to 
longer exposure to reach the target temperature. Two-fold higher biogas 
production obtained with WAS pretreated conventionally. Slower 
digestion of higher molecular weight fractions by microorganisms 
observed. 
 

Eskicioglu et al.,  
2006 

Secondary 
sewage sludge 

 38−49 g/L, TS P= 400 W 
TT= 410 min 
PP=800 W 
TT=35 min  
 

MW did not influence biogas production in thermophilic AD. Only low  
temperature (70°C) CH had positive influence on biogas production. 

Climent et al., 2007 
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Table 2.12. Applications of MW for sludge treatment (cont.). 
Source of sludge Solid content of 

sludge 
Process conditions Results Reference 

Secondary 
sewage sludge 

1.4 and 5.4 %, TS P=400 W 
T=5096°C 
TT=0.55 min 

3.23.6 fold increase in SCOD/TCOD by MW irradiation. Highest 
biogas production observed with WAS treated at 96°C. Short-term 
inhibition of MW on digestion was found. Improved dewaterability  
of pretreated WAS after AD. 
 

Eskicioglu et al., 
2007a,b 

Secondary 
sewage sludge 

4.6−5.5 %, TS F=2,450 MHz 
P=1,250 W 
T=5096°C 

Athermal effects of MW were found to be minimal for WAS 
solubilization. 2.7 fold SCOD/TCOD increase was obtained by MW 
pretreatment at 96°C. Non-acclimated inoculum was negatively 
influenced by MW pretreatment. 
 

Eskicioglu et al., 
2007b 

Primary, secondary 
sewage sludge, and 
biocake  

1.4−30 %, TS  P=1,460 W 
T=2090°C 
P=1,250 W 
T=125°C 
 

Sludge solubilization increased with sludge TS content and decreased 
with rate of heating. Pretreated sludge type influenced the anaerobic 
biodegradability. Higher sludge age was suspected to decrease 
solubilization. 

Eskicioglu et al., 
2008a 

Secondary 
sewage sludge 

4.6 %, TS P= 1,250 W 
T=50°C  

COD solubilization and biogas production increased with MW 
pretreatment temperature. 31% higher biogas production in digestion 
utilizing acclimated inoculum was achieved with sludge pretreated at 
175°C. 
 

Eskicioglu et al.,   
2009 

Secondary 
sewage sludge 

25.7 g/L, TS P=700 W 
T=59°C−100°C  
TT=315 min 
 

SCOD, proteins, lipids and carbohydrate were released by sludge 
solubilization. Treated sludge SCOD/TCOD reached 22%. Treatment 
time between 5-15 min did not influence the biochemical acidogenic 
potential. 
 

Ahn et al., 2009 

Secondary 
sewage sludge 

4−5 %, TS P=1200 W 
T=175C 
TT=40120 min  
 

SCOD/TCOD reached 25% and 30% at 175°C and at heating rates of 
1.25 and 3.25 °C/min, respectively. However lower heating rate had 
negative influence on biogas production in the early stages of AD.  
Better performance for single stage digesters was observed compared to  
two-stage digesters with MW pretreated WAS. 
 

Toreci et al., 2009a 
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Table 2.12. Applications of MW for sludge treatment (cont.). 
Source of sludge Solid content of 

sludge 
Process conditions Results Reference 

Secondary 
sewage sludge 

5.6 %, TS P=1200 W 
T=175C 
TT=40120 min 

Lower heating rate did not significantly increase SCOD release; 
however molecular weight distribution of soluble fractions were 
influenced significantly. High temperature MW treatment had  
positive effect on biodegradability. Athermal effect of MW was  
observed at lower temperature. 
 

Toreci et al., 2009b 

Primary 
sewage sludge 

1−4 %, TS P=1460 W 
T=35−90C 
 

Higher sludge solubilization was achieved at higher applied MW 
temperature and at higher sludge TS, however ultimate biodegradability 
of PS was not influenced. No influence of heating intensity was 
observed. 
 

Zheng et al., 2009 

Secondary 
sewage sludge 

1−3 %, TS P= 400−1660 W, 
T=60−120C 

Significant influence of MW output power, MW target temperature     
and TS concentration on WAS solubilization was observed. 
 

Park et al., 2010 

Secondary 
sewage sludge 

6.0 %11.9, TS P=1200 W 
T=110−175C 
TT=40120 min  

Higher solubilization at higher TS was observed with MW pretreatment 
above the boiling temperature. The difference became more pronounced 
when lower heating rate was applied. Higher release of proteins and 
sugar was observed at lower heating rate, while increase in WAS TS 
negatively influenced the release of these components. VFA release    
was greatly improved at high temperature MW pretreatment. 
 

Toreci et al., 2010a 

Secondary 
sewage sludge 

5 %, TS P=1200 W 
T=110−175C 
TT=40120 min 

Low influence of WAS TS and heating rate on dewaterability after MW 
pretreatment was observed, while temperature had more significant 
influence. Higher effect of acute inhibition of anaerobic inoculum was 
observed for pretreated high TS. 
 

Toreci et al., 2010b 

Secondary 
sewage sludge 

1.44%, TS P=500−900 W 
TT=0.3−2.3 min 

At high temperatures and long treatment times the settling of WAS  was 
negatively influenced. Turbidity increased after MW  
pretreatment. Solubilization of COD, nitrogen, polysaccharides, and 
proteins was observed with increased temperature and contact time. 
 

Yu et al., 2010a 
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Table 2.13. Applications of combined MW and chemical oxidation processes for sludge treatment. 
Source of 
sludge 

Solid content of 
sludge 

Process conditions Oxidant dose Results Reference 

Secondary 
sewage   
sludge 

 0.61−0.64 %, TS T=60−170°C 
RT=2−15 min 
TT=5 min  
 

2.6−2.7 g H2O2/g TS   >84% of TP released at 170°C, 5 min treatment Liao et al., 2005b 

Secondary 
sewage   
sludge 

 0.35−0.40 %, TS T=60−120°C 
RT=2−5 min  
T=5 min  

3.1 and 6.3 g H2O2/g TS Increase in PO4
3- release >80°C, increase in nutrient 

solubilization with peroxide dose.  ~100% of COD in    
soluble form after treatment at 80°C, for 5 min with 0.66 M 
H2O2, no significant effect on metal solubilization 
 

Wong et al., 2006a  
and 2006b 

Secondary 
sewage   
sludge 

0.35−0.40 %, TS T=60−200°C 
TT=5−20 min  

3.1 and 6.3 g H2O2/g TS Most significant factors for PO4
3- and NH3 release are 

temperature and H2O2 addition, respectively. H2O2 and acid 
addition improves nutrient solubilization; increases COD 
solubilization during treatment up to 80°C 

Wong et al., 2007, 
Chan et al., 2007 

Secondary 
sewage   
sludge 

6.4 %, TS  T=60−120°C 
RT= 3−5 min  
TT=5 min  

1 g H2O2/g TS MW combined with H2O2, resulted in sludge oxidation, 
increased sludge disintegration; methane production was 
negatively influenced by H2O2 addition 
 

Eskicioglu et al.,  
2008b 

Secondary 
sewage   
sludge 

1 %, TS T=40−80°C 
RT=2−4 
TT=3 min  

3.3 g H2O2/g TS, 
FeSO4/H2O2=0.4 (w/w) 

In general, addition of ferrous iron was not advantageous in 
means of COD and nutrient solubilization, while release of 
VFA improved considerably above 60°C 
 

Lo et al., 2008 

Secondary 
sewage   
sludge 
 

0.512.30 %, TS T=80−120°C 
TT=1.5−5 min  

0.5  4.7 g H2O2/g TS  Maximum sludge disintegration achieved at the highest TS 
and with addition of H2O2 

Yin et al., 2008a 

Secondary 
sewage   
sludge 

2.63 %, TS T=60−120°C 
TT=3 min  

1.085.28 mg O3/mL; 0.38 
and 0.76  g H2O2/g TS 

Pre-ozonation of sludge improved sludge solubilization  
during the MW + H2O2 process 
 

Yin et al., 2008b 
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Table 2.13. Applications of combined MW and chemical oxidation processes for sludge treatment (cont.). 
Source of 
sludge 

Solid content of 
sludge 

Process conditions Oxidant dose Results Reference 

Secondary 
sewage   
sludge 

1.22.8 %, TS T=60−120°C 
RT=3−6 min  
TT=5 min  

0.54  1.14 g H2O2/g TS  Among investigated parameters, mixing of sludge was least 
influential on sludge solubilization. Most influential factors 
were temperature and H2O2 dose. Mixing had negative 
influence on NH3 and VFA release at high temperatures. 
 

Kenge et al., 2009 

Secondary 
sewage   
sludge 

15 g/L, SS T=15−100°C 0.5  4.0 g H2O2/g TOC  Loss of catalase activity above 45°C. Dosing of H2O2 
performed to preheated WAS to decrease H2O2  
decomposition by catalase. 282.5% SCOD release achieved 
at 4 g H2O2/TOC. Optimum oxidant dose was found as 
0.11.0 g H2O2/TOC. 
 

Wang et al., 2009 

Secondary 
sewage   
sludge 

0.32 %, TS T=55°C70°C, 
RT=0.3−3.5 min   
TT= 5 min  

0.06  0.31 g H2O2/g TS  Complete destruction of fecal coliforms at 70°C and >0.08% 
H2O2. Better sludge solubilization was observed at higher 
temperature. 
 

Yu et al., 2010b 

Secondary 
sewage   
sludge and 
EPS-free 
sludge  

0.370.41 %, TS T=60−120°C 0.1  0.5 % H2O2 (w/w)  Higher release of PO4
3- observed from extracted sludge. 

Carbohydrate release increased up to a certain H2O2 dose    
and then decreased at higher doses. 

Yu et al., 2010c 
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2.5.3.3.  Persulfate Treatment of Sewage Sludge. Among chemical oxidation processes 

applied for sewage sludge treatment, persulfate oxidation is a relatively novel process. 

Although persulfate oxidation has been accepted as an effective technology for the in-situ 

chemical oxidation (ISCO) treatment of contaminated soil and ground water (Siegrist et al., 

2011), for the sludge only three recent studies have been published by Zhen et al. (2012a, b, 

c). In these studies, the authors presented the enhanced dewaterability of sludge treated with 

ferrous iron activated persulfate. 
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3.  MATERIALS AND METHODS 

 

 
3.1.  Materials 

 

3.1.1.  Chemicals, Antibiotics, and Radical Probe Compounds 

 

All chemicals, antibiotics, and the radical probe compounds that were utilized 

throughout the study are listed in Table 3.1.  

 

3.1.2.  Bacterial Strain  

 

The bacterial strain that was utilized for plasmid DNA isolation is an ampicillin 

resistant E. coli HB101 and was obtained from the Pasteur Institute (France). Bacterial 

stock glycerol solutions were stored at -80C till use.  

 

3.1.3.  Secondary Sewage Sludge Samples  

 

The secondary sewage sludge was obtained from a municipal wastewater treatment 

plant located in Pasakoy-Istanbul/Turkey that receives wastewaters from the Omerli 

reservoir catchment. The plant has a capacity to treat wastewater of 500,000 population 

equivalent with an average flow of 100,000 m3/d and adopts an advanced biological 

treatment with an A2/O (anaerobic-anoxic-oxic) process for carbon, nitrogen, and 

phosphorus removal. The resulting effluent is discharged to the Riva River. The sludge age 

in the treatment plant is about 20 days.  

 

Sludge characteristics were evaluated at different sampling campaigns was carried 

during the course of the study: Sampling Campaign one –SC-1 (December 2010-June 2011); 

Sampling Campaign two –SC-2 (October, 2012), and Sampling Campaign three –SC-3 

(March, 2013) (Sections 5, 6, and 7. Before use, the sludge was concentrated up to 255 

g/L TS by settling for 20 h followed by subsequent decantation of the top liquid layer. The 

sludge was stored at 4ºC and utilized within no longer than 1 week of collection. 



 

 

Table 3.1. List of chemicals used in the experiments. 

Chemical Name Chemical Formula CAS Number Experimental Use Supplier Company 
Oxytetracycline-HCl C22H24N2O9HCl 2058-46-0 Model antibiotic Sigma 
Ciprofloxacin-HCl C17H18FN3O3HCl 86393-32-0 Model antibiotic Mp. Biomedicals 

Para-chlorobenzoic acid (pCBA) C7H5ClO2 74-11-3 Radical probe Aldrich 
Anisole CH3OC6H5 100-66-3 Radical probe Fluka 

Tertiary-butanol C4H10O 75-65-0 Radical scavenger Sigma-Aldrich 
Ethanol CH3CH2OH 64-17-5 Radical scavenger Sigma-Aldrich 

Sodium hypochlorite solution NaClO 7681-52-9 Chlorine treatment Sigma-Aldrich 
Titanium dioxide TiO2 13463-67-7 Heterogeneous photocatalyst Evonik 

Hydrogen peroxide (30%) H2O2 7722-84-1 Hydrogen peroxide  treatment Sigma-Aldrich 
Sodium persulfate Na2S2O8 7775-27-1 Persulfate treatment Sigma-Aldrich 

Ferrous sulfate FeSO47H2O 7782-63-0 Persulfate treatment Sigma-Aldrich 
Ferric sulfate Fe2(SO4)3xH2O 15244-10-7 Persulfate treatment Sigma-Aldrich 
Ampicillin C16H19N3O4S3H2O 7177-48-2 Bacteria growth Sigma-Aldrich 

Casein Enzyme Hydrolysate, T1   Bacteria growth HIMEDIA 
Sodium chloride NaCl 7647-14-5 Bacteria growth Riedel-de-Haën 

Yeast extract  8013-01-2 Bacteria growth BioChemica 

Potassium dihydrogen phosphate KH2PO4 7778-77-0 Bacteria growth, Ultrasonic 
extraction, Oxidant analysis Merck 

Disodium hydrogen phosphate Na2HPO4H2O 7558-79-4 Bacteria growth, Ultrasonic 
extraction, Oxidant analysis Fisher Scientific 

Citric acid monohydrate HOC(COOH)(CH2COOH)2H2O 5949-29-1 Ultrasonic extraction Merck 
Disodium ethylene diaminetetraacetic acid Na2EDTA 139-33-3 Ultrasonic extraction Sigma-Aldrich 

85 % Ortho-phosphoric  
acid H3PO4 7664-38-2 Ultrasonic extraction Merck 

25 % Ammonia solution NH3 7664-41-7 Solid phase extraction Merck 
Magnesium nitrate Mg(NO3)26H2O 13446-18-9 Ultrasonic extraction Sigma-Aldrich 
Magnesium sulfate MgSO47H2O 7487-88-9 Sludge pretreatment Sigma-Aldrich 
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Table 3.1. List of chemicals used in the experiments (cont.) 

Chemical Name Chemical Formula CAS Number Experimental Use Supplier Company 
Formic acid HCOOH 64-18-6 HPLC analysis Sigma-Aldrich 

HPLC grade methanol CH3OH 67-56-1 HPLC analysis Sigma-Aldrich 
HPLC grade acetonitrile CH3CN 75-05-8 HPLC analysis Sigma-Aldrich 

Potassium iodide KI 7681-11-0 Oxidant analysis Sigma 
Ammonium molybdate (NH4)6Mo7O244H2O 12054-85-2 Oxidant analysis Aldrich 

Sodium thiosulfate Na2S2O3 7772-98-7 Oxidant analysis Sigma-Aldrich 
Potassium indigo trisulphonate C16H7K3N2O11S3 67627-18-3 Oxidant analysis Acros Organics 

Copper(II) sulfate CuSO45H2O 7758-98-7 Oxidant analysis Riedel-de Haen 
2,9-Dimethyl-1,10-phenanthroline C14H12N2 484-11-7 Oxidant analysis Aldrich 

Free DPD Kit   Oxidant analysis Hach 
Sodium Bicarbonate NaHCO3 144-55-8 Oxidant analysis Sigma-Aldrich 

Ferrozine C20H13N4NaO6S2 69898-45-9 Iron analysis Fluka 
Ammonium acetate CH3CO2NH4 631-61-8 Iron analysis Sigma 

Hydroxylamine hydrochloride NH2OHHCl 5470-11-1 Iron analysis Sigma-Aldrich 
Titanium (IV) isopropoxide Ti[OCH(CH3)2]4 546-68-9 Nano-fiber-TiO2 preparation Sigma-Aldrich 

Polyvinylpyrrolidone (C6H9NO)n 9003-39-8 Nano- fiber-TiO2 preparation ISP 
Acetic acid CH3CO2H 64-19-7 Nano- fiber-TiO2 preparation Merck 

PhosVer 3 Kit   Ortho-phosphate analysis Hach 
Nitrogen-Ammonia Reagent Set   Ammonia and TKN analysis Hach 

NitraVer 6 Kit   Nitrate analysis Hach 
Potassium dichromate K2Cr2O7 7778-50-9 Chemical oxygen demand analysis Sigma-Aldrich 

Sulfuric acid H2SO4 7664-93-9 Chemical oxygen demand analysis Aldrich 
Silver sulfate Ag2SO4 10294-26-5 Chemical oxygen demand analysis Sigma-Aldrich 

Mercury(II) sulfate HgSO4 7783-35-9 Chemical oxygen demand analysis Fluka 
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3.2.  Methods 

 

3.2.1.  Preparation of Nano-Fiber-TiO2 

 

The preparation of the nano-fiber-TiO2 material was performed with a sol-gel 

electrospinning combined procedure according to Li and Xia (2003) as described 

schematically in Figure 3.1. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.1. Schematic illustration of the sol-gel process and the electrospinning apparatus 

utilized to generate nano-fiber-TiO2. 

 

The stages of the procedure performed at room temperature can be listed as follows.  

 

i. An alcohol solution of a metal alkoxide (MOR) is mixed with a polymer solution and a 

catalyst. The polymer aids as a supporting material during the electrospinning process. 
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The catalyst controls the hydrolysis reaction to produce metal hydroxide (MOH) and 

alcohol (ROH): 

 

MOR + H2O  MOH + ROH               (3.1) 

 

ii. A condensation (polymerization) reaction that is allowed to proceed for one hour 

results in gradual formation of a metal oxide (M-O-M) network (gel) (Brinker and 

Scherer, 1990): 

 

MOH + MOR  M-O-M + ROH               (3.2) 

 

Titanium (IV) isopropoxide (TIP) dissolved in ethanol (EtOH) was used as the precursor 

alkoxide and acetic acid (AcOOH) was used as the catalyst. Polyvinylpyrrolidone (PVP) 

was used as the supporting polymer for fiber formation by electrospinning. 

 

iii. The sol-gel mixture is electrospinned to produce the nano-fibers (Li and Xia, 2003; 

2004). The process constitutes of applying high voltage to the polymer-sol mixture, 

which is passed trough a syringe at a controlled flow rate. Fibers are formed by the 

charging of a solution droplet that is generated at the tip of the syringe, which becomes 

stretched and finally produces a Taylor cone upon eruption. During the process of fiber 

formation, the organic solution is partially evaporated and the formed fibers are 

collected on a grounded surface.  

 

iv. The resulting nano-fibers are first dried for at ambient conditions 16 h to complete the 

polymerization process and further evaporate the organic solvent.  

 

v. The dry material is calcinated to remove the polymer, leaving back fibers consisting of 

only metal-oxide network.  
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3.2.2.  Plasmid DNA Isolation and Chemical Oxidation  

 

Plasmid DNA that was utilized in the experiments described in Section 4 was isolated 

from ampicillin resistant E. Coli strain according the procedure described schematically in 

Figure 3.2.  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.2. Isolation of plasmid DNA. 

 

The isolated plasmid DNA was treated with three different oxidation processes the 

details of which are illustrated in Figure 3.3. 
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Figure 3.3. Schematic illustration of plasmid DNA treatment by ozonation, chlorination, and 

TiO2 photocatalysis. 

 

3.2.3.  Contamination of Secondary Sewage Sludge with Model Antibiotics 

 

Two model antibiotics, OTC and CIP were utilized in the study and their molecular 

structures and some physicochemical properties are given in Table 3.2.  
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Table 3.2. Physicochemical properties of OTC and CIP. 

Antibiotic 
 

log Kd Molecular 
Weight 
(g/mol) 

Water 
solubility 
(mg/L) 

pKa 

Oxytetracycline (OTC) 3.48 
(Stuer-
Lauridsen 
et al., 
2000) 
 

460.4  1000 (Sarmah 
et al., 2006) 

3.2, 7.5, 8.9 
(Qiang and 
Adams, 2004) 

Ciprofloxacin (CIP) 4.3 (Golet 
et al., 
2003) 
 

331.4  n.a.* 3.0, 6.1, 8.7, 
10.6 (Qiang and 
Adams, 2004) 

* n.a.: not-available 
 

Appropriate amounts from aqueous antibiotic stock solutions of 62.5 mg/L and 2.5 

mg/L were added to concentrated sludge two provide two different antibiotic 

concentrations of 20 mg/L and 0.8 mg/L, respectively and were simultaneously used to 

adjust the sludge TS to the desired value. The contaminated sludge was equilibrated over-

night (16±1 h) at 255 ºC in a temperature controlled water bath at 200 rpm. 

 

3.2.4.  Pretreatment of Secondary Sewage Sludge 

 

Antibiotic spiked waste sewage sludge was pretreated prior ozonation experiments by 

the addition of appropriate volumes of 1M MgSO4 stock solution to provide 0.91 g/L (75.2 

meq/L) Mg2+, followed by adjustment of sludge pH to 8 and equilibration for one h at 

255 ºC in a temperature controlled water bath at 200 rpm. 

 

3.2.5.  Chemical Oxidation of Secondary Sewage Sludge 

 

3.2.5.1.  Ozonation. Ozonation of sludge was carried out in a 2 L cylindrical glass column 

reactor (Φ = 6 cm, H = 78 cm). Ozone was produced by a laboratory scale ozone generator 

(Fisher OZ 500) from dry and pure oxygen and was continuously supplied through a sintered 

OH OH O O O

NH2

OH

N
H

OH
H

OH

OH

N

NH

F

O O

OH

N



 

 

49

glass gas diffuser located at the bottom of the reactor. The sludge in the reactor was mixed 

by recycling the sludge at a rate of 0.30 L/min (countercurrent to gas flow) and also with the 

aid of a magnetic stirrer (100 rpm). Schematic illustration of the reactor is given in Figure 

3.4. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.4. Schematic illustration of sewage sludge treatment by ozonation. 

 

3.2.5.2.  MW/H2O2 and MW/S2O8
2-. Microwave (MW) irradiation was used to assist 

chemical oxidation. MW treatment of sewage sludge was performed with a bench scale 

microwave irradiation system (Berghof, Speedwave MWS-3, 2.54 GHz). Either hydrogen 

peroxide or sodium persulfate was added to the sludge to assist the MW treatment. A total of 

27.5 mL sludge was treated in closed TFM vessels each with a volume of 60 mL.   

 

3.2.5.3. Fe2+/Heat/S2O8
2-. Activation persulfate oxidation by ferrous iron and conventional 

heating for the treatment of sewage sludge having a total volume of 27.5 mL was performed 

in closed TFE tubes of 50 mL capacity. The reactions were initiated by successive addition 
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of ferrous iron and sodium persulfate.  Heating and mixing of sludge samples was provided 

in a temperature controlled water bath at 200 rpm. 

 

3.2.6.  Analytical Methods 

 

3.2.6.1.  Characterization of Nano-Fiber-TiO2. Characterization of the nano-fiber-TiO2 

material was performed with the methods listed in Table 3.3. 

 

Table 3.3. Analytical methods used for nano-fiber-TiO2 characterization. 

Test Analysis Method Instrument 
Model/Company 

Fiber morphology Scanning Electron Microscopy (SEM) Supra Gemini 35 VP 
Field Emission SEM/ 

Leo 
Mineral structure X – Ray Diffraction (XRD) D8 Advance Type/ 

Bruker–AXS 
Surface area and 

pore size 
Brunauer–Emmett–Teller (BET) Nova 2200e/ 

Quantachrome 
Thermal analysis Thermogravimetric analysis (TGA) STA449C/Netzch 

 

 

3.2.6.2.  Characterization of Secondary Sewage Sludge Samples. Assessment of sludge solid 

content (total solids – TS, suspended solids – SS, and volatile solids – VS), chemical oxygen 

demand (SCOD and total COD – TCOD) sludge nutrient components and dewatering 

related properties (settling and filterability) was performed according to the standard 

methods (APHA, 2005). The soluble components of the sludge were determined after 

filtering the centrifuged samples (5,000 g for 10 minutes; Eppendorf Centrifuge 5804) through 

0.45 m filter (Sartorius, Germany). In order to determine TCOD, prior to COD analysis 

homogenized sludge samples were digested with 0.5 M NaOH by the aid of mixing at 150 

rpm for 24 h (Tiehm et al., 2001). Sludge settleability was studied by measuring the sludge 

volume after settling sludge with a total volume of 1 L in an Imhoff cone for 60 min (SV60) 

and was expressed as the percent fraction of the total volume. Sludge dewaterability was 

assessed with capillary suction time (CST). TP (total phosphorus), PO4
3-, TKN (total kjeldahl 

nitrogen), NH3, and NH4
+ (ammonium) were assessed spectrophotometrically with analytical 

test kits (Hach Company) according to the procedures of the manufacturer, utilizing the 

ascorbic acid method for TP and PO4
3- analysis, the cadmium reduction method for NH3 
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analysis and the Nessler method for TKN and NH4
+ analysis, respectively. Prior analysis of 

TKN and TP, sludge was acid-digested with the aid of a Digestion Apparatus (Digesdahl, 

Hach) according to the procedures of the manufacturer. Total metal concentrations in the 

sludge were analyzed after acid digestion of the raw sludge in the MW system according to 

the EPA Method 3052 (US-EPA, 1995) and the metals released in the supernatant of the 

treated samples were detected by ICP-OES (Perkin-Elmer Optima 2100 DV). pH was 

measured in filtered sludge samples with a pH probe (WTW pH 330 pH meter, Weilheim, 

Germany). 

 

3.2.6.3.  Oxidant Analysis. Chlorine was determined by Free DPD Kit purchased from Hach 

Company. 

 

The ozone concentration in the stock solution prepared for plasmid DNA treatment 

was determined with the indigo trisulphonate (Acros Organics) spectroscopic method 

(APHA, 2005). For this purpose, indigo stock solution was prepared by dissolving 770 mg 

potassium indigo trisulphonate in a 1 L volumetric flask containing 500 mL distilled water 

and 1 mL concentrated phosphoric acid, and then by diluting with distilled water to the 

volume. The stock solution was stored in dark for no more than 4 months. Indigo reagent II 

was prepared by adding 100 mL stock indigo solution, 10 g NaH2PO4, and 7 mL 

concentrated phosphoric acid to a 1 L volumetric flask and diluting with distilled water to 

the volume. The reagent was stored in the dark for no more than one week and discarded 

when the absorbance of a 1/100 dilution fell below 0.16/ cm at 600 nm. To measure 

residual ozone concentrations, 10 mL of indigo reagent II and appropriate amounts of 

samples were measured into 100 mL volumetric flasks and diluted to the volume with 

distilled water. Then the absorbance at 600 nm was measured as soon as possible. The 

ozone concentration in the samples was calculated according to the following equation:  

  

O3 (mg/L) = (100 × A)/(f × b× V)                        (3.1) 

 

where, A is difference in absorbance between sample and blank (prepared by diluting 10 

mL of indigo reagent II to 100 mL in a volumetric flask), b is the path length of the cell (1 

cm), V is the sample volume in mL, and the factor f, which is based on a sensitivity factor of 

20 000/cm for the change of absorbance (600 nm) per mole of added ozone per liter, is 0.42. 
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Absorbed ozone concentrations during sewage sludge treatment were calculated by 

the difference in concentrations in the feed and off gas, which were measured with a UV 

ozone analyzer (Fisher Ozotron 23) in time intervals of 30 s: 

 

   
)()/(

(min))/((min)/(
)/( 333

33 LvolumeSludgeLgTSinitial
dtLmgOOLrateflowO

TSgOmgO outin
abs 


          (3.2) 

 

Hydrogen peroxide was determined both by the modified iodometric method of 

Kolthoff and Carr (1953) in the presence of molybdate catalyst and by the photometric 

method of Kosaka et al. (1998) for much sensitive analysis of low concentrations. The 

iodometric method consisted of weighting a sample into a 500 mL flask. Then adding 200 

mL of deionized water, 20 mL of potassium iodide solution  (10%; w/v), and 25 mL of 

acid mixture (0.18 g of ammonium molybdate, 300 mL sulfuric acid, and 700 mL 

deionized water), respectively. The flask was stopperred and allowed to stand for 5 min. 

The mixture was titrated with 0.1 N or 0.01 N standard thiosulfate solution to the starch 

indicator end point. The concentration of hydrogen peroxide was calculated by the 

following equation:   

 

H2O2 (%, w/w) = (A − B) × N × 1.7007/                (3.3) 

 

where, A and B are the titration volumes for sample and blank, respectively; N is the 

normality of the sodium thiosulphate solution, and  is the weight of the sample used.  

 

The photometric method involves the reduction of copper (II) with hydrogen 

peroxide, which then is reacted with 2,9-dimethyl-1,10-phenanthroline (DMP) reagent to 

form a bright yellow colored complex that gives absorbance at 454 nm by the reaction: 

 

2Cu2+ + 4DMP + H2O2  2Cu(DMP)2+ + O2 + 2H+                  (3.4) 

 

The method is suitable to measure low residuals of hydrogen peroxide (0.8 M) in 

samples containing humic substances up to 10 mg C/L.   
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While persulfate in MW treated sludge samples was determined by the iodometric 

method of Kolthoff and Carr (1953), in the presence of iron, persulfate analysis was 

performed with the photometric method of Liang et al. (2008) that is a modification of the 

iodometric method.  

 

For iodometric persulfate analysis, 2 mL of the sample was taken into a 500 mL flask, 

then was diluted to 30 mL with deionized water and 4 g of potassium iodide was added. 

The stoppered flask was allowed to stand for 15 min. Afterwards the sample was acidified 

with 1 mL of 6 N acetic acid and the iodine was titrated with either 0.1 N or 0.01 N 

standard thiosulphate solution to the starch end point. The concentration of sodium 

persulfate was determined by the following equation:   

 

Na2S2O8
2- (mg/mL) = 119 × (A − B) N/                  (3.5) 

 

where A and B are the titration volumes for sample and blank, respectively; N is the 

normality of the sodium thiosulphate solution, and  is the volume of the sample. 

 

The photometric method of Liang et al. (2008) involves reacting residual persulfate 

with potassium iodide in the presence of sodium bicarbonate, which is added to avoid 

oxygen-oxidation of iodide. The yellow color is measured photometrically. Absorbance is 

maximum at 352 nm, however to eliminate the interference of dissolved iron that is 

utilized as activator, absorbance was determined at 400 nm. 

 

3.2.6.4.  Iron Analysis. Discrimination between ferrous (Fe2+) and ferric forms (Fe3+) of iron 

was made according to the modified Ferrozine method of Viollier et al. (2000). Fe2+ in the 

supernatants was quantified by the Ferrozine assay, where 0.01 M ferrozine (in 0.1 M 

ammonium acetate) was reacted with Fe2+ to form a stable colored complex giving 

absorbance at 562 nm. For Fe3+ determination, the sample was first reduced with 1.4 M 

hydroxylamine hydrochloride (in 2M HCl) and then reacted with ferrozine. Ferric iron was 

determined by the difference between final ferrous and initial ferrous iron in the samples. 
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3.2.6.5.  Analysis Methods for the Evaluation of Plasmid DNA Treatment Performance. The 

influence of the oxidation processes on plasmid DNA structure was investigated by 

running treated plasmid DNA samples on gel electrophoresis system.  

 

The ability of treated plasmid DNA to transform antibiotic resistance was 

investigated by transforming the plasmid DNA to competent XL blue cells (kindly 

provided by Sabanci University, Biological Sciences and Bioengineering Department).  

 

3.2.6.6.  Analysis Methods for the Evaluation of Sludge Treatment Performance. Sludge 

treatment performance was analyzed by evaluating antibiotic degradation and sludge 

solubilization. 

 

Antibiotics were recovered from secondary sludge samples by ultrasonic solvent 

extraction followed by solid phase extraction (SPE) (US-EPA, 2007) performed for the 

cleaning of extracts and concentration of the antibiotics. Ultrasonic extraction of OTC and 

CIP from raw and treated sludge samples was performed according to the methods of 

Blackwell et al. (2004) and Turiel et al. (2006), respectively. For this purpose, sludge 

samples of 1030 mL were mixed with an aqueous solution of Mg(NO3)2 (1M, pH 8.1) for 

CIP and with an extraction buffer consisting of methanol (MeOH): 0.1 M EDTA: 

McIlvaine buffer (60 ml of 0.2 M citric acid + 40 ml of 0.4 M Na2HPO4), 50:25:25) for 

OTC, then vortexed for 30 s and extracted with the aid of ultrasonic bath (Sonorex super 

RK 510 – 640 W, Morfelden-Walldorf, Germany) for 30 min. Then the samples were 

centrifuged at 5,000 g for 10 min and the resulting supernatants were passed through 0.45 

m filters (regenerated cellulose, Sartorius, Germany). For OTC analysis, the collected 

supernatants were concentrated and purified by solid phase extraction, where SAX (6 

ml/500 mg, Phenomenex, USA) and Oasis HLB cartridges (6 ml/200 mg, Waters, Milford, 

MA, USA) were utilized in tandem. Elution was performed by 2 mL methanol. The 

extraction procedure is illustrated in Figure 3.5. 
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Figure 3.5. Schematic illustration of ultrasonic solvent extraction and solid phase extraction. 

 

Analysis of antibiotics was performed with high performance liquid chromatography 

(HPLC) (Agillent Technol. 1100 series) utilizing YMC-Pack ODS-AQ column (3 µm, 50 x 

4.0 mm). Gradient elusion was performed by acetonitrile and water (MQ), both containing 

0.1% formic acid (98%, Fluka). OTC was detected at 360 nm with a diode array detector 

whereas CIP was detected with a fluorescence detector at excitation and emission wave-

lengths of 280 nm and 450 nm, respectively. Limits of detection (LOD) for the antibiotics 

were estimated using the signal-to-noise ratio as S/N=3. A typical HPLC chromatogram 

for OTC and CIP antibiotics recovered from secondary sludge is given in Figure 3.6. 
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Figure 3.6. HPLC chromatogram of OTC and CIP from extracted sewage sludge samples. 

 

Analysis of low antibiotic concentrations in some samples was carried out with 

qualitative Liquid Chromatography-Tandem Mass Spectroscopy (LC-MS/MS) analysis, 

performed with Triple Quadrupole mass spectrometer (Agilent Technol. 6460 series) at the 

Pendik Veterinary Control and Research Institute. The mass spectrometer was operated in 

the positive electrospray ionization (ESI) mode. Gradient elution at a flow rate of 0.5 

mL/min was performed with oxalic acid solution (0.002 M) and acetonitrile, both containing 

formic acid of 0.2% and 0.1%, respectively. Chromatographic separation was performed 

with a Zorbax SB-C18 column (3.5 µm, 3 x 75 mm) operated at a temperature of 40°C. The 

parent mass and product mass range values were 461 and 426444 for OTC, and 332 and 

288314 for CIP, respectively. A typical LC-MS/MS chromatogram is given in Figure 3.7.  
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Figure 3.7. LC-MS/MS chromatograms of OTC and CIP from extracted sewage sludge 

samples. 

 

As can be seen from the chromatograms, OTC and CIP could be separated and 

analyzed efficiently. The CIP and OTC recovery rates from the sludge were 855% 

(LOD=0.08 mg/kg, n=15 samples, SD=1.5) and 882% (LOD=0.04 mg/kg, n=25 samples, 

SD=6.3), respectively.  

 

Sludge solubilization performance was analyzed by evaluating organic carbon, 

nitrogen, and phosphorus solubilization, respectively. Solubilization of organic carbon was 

expressed as the percentage of the ratio of soluble SCOD to TCOD of the treated sludge. In 

order to obtain comparative results with the literature, in ozonation experiments, the 

solubilization from particulate matter was calculated according to the following equation: 

 

% Solubilization = (SCODfinal – SCODinitial) × 100/TCODparticulate           (3.6) 

 

For the other chemical oxidation processes applied to waste sludge, the solubilization of 

organics was expressed as the percent ratio of SCOD to TCOD: 
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% Solubilization = SCOD/TCOD × 100               (3.7) 

Solubilizations of phosphorus and nitrogen were defined as the percentage amount of 

PO4
3- and NH4

+ released from TP and TKN, respectively. Metal solubilization was defined 

as the percentage concentration of metals released to the dissolved phase (Mes) from the 

total metal concentration (Met). 

    

3.2.6.7.  Analysis of Radical Probe Compounds. Radical probe compounds para-

chlorobenzoic acid (pCBA) and anisole were analyzed by HPLC utilizing YMC-Pack ODS-

AQ column (3 µm, 50 x 4.0 mm) after the centrifugation and filtration of sludge samples. 

The mobile phase in HPLC was a mixture of acetonitrile and water (60:40 v/v). While 

pCBA was detected at 234 nm, anisole was detected at 254 nm with a diode array detector. 

pCBA recovery in the supernatant was >90% and the recovery rate of anisole in the 

supernatant was 67±0%. 

 

3.2.6.8.   Statistical Analysis and Experimental Design. Statistical analysis in sludge 

ozonation experiments was carried out with SPSS version 11.5 to test for significant effects 

of the investigated process parameters on the antibiotic removal efficiency. Testing was 

performed by one-way analysis of variance (ANOVA). The significance level was set at 

p≤0.05 for each analysis. The Bonferroni post-hoc test was utilized for multiple 

comparisons. The analyses were obtained from the results of parallel experiments run 

successively in order to prevent significant variation due to change in sludge characteristics. 

 

For other chemical oxidation processes applied to waste sludge, experimental full 

factorial design was utilized in order to explore the main and significant effects of the 

selected variables and their interactions by conducting a minimal number of experiments 

with real sludge samples. The design matrix was established and the testing was performed 

with Minitab 15 (Minitab Inc.). 
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4.  EFFECTS OF CHLORINE, OZONE AND HETEROGENEOUS 

PHOTOCATALYSIS ON PLASMID DNA  
 

 

4.1. Introduction 

 

Currently, biological treatment remains to be the most commonly applied 

wastewater treatment technology, but has proven to be incapable for the degradation of 

recalcitrant contaminants including many antibiotics (Daughton and Ternes, 1999; 

Holm et al., 1995). As a result, antibiotics are released into the environment via 

effluents of domestic wastewater treatment plants (Yang et al., 2005) and wastewaters of 

intensive animal feeding operations (Halling-Sorensen et al., 1998; Migliore et al., 

1993). The release of these can lead to development of antibiotic resistance in local 

bacterial communities (Kummerer and Henninger, 2003; Chee-Sanford et al., 2001, 

Guardabassi et al., 1995). Microorganisms can bear natural primary resistance, which 

can be inherited and passed through generations by vertical gene transfer; however, 

secondary resistance transferred by conjugation is also common due to antibiotic 

exposure. In the latter, genetic elements such as plasmids can be exchanged among 

members of different classes of bacteria (Lorenz and Wackernagel, 1994). Through 

exchange of these mobile genetic elements, resistance can be transferred for example 

from non-pathogenic to pathogenic microorganisms. Antibiotics can lead to resistance 

development even at very low concentrations in the environment (Laengin et al., 2009). 

Antibiotic resistant bacteria have been detected in aquatic environments (Laengin et al., 

2009; Campeau et al., 1996) and in drinking water (Schwartz et al., 2003). While 

current advanced treatment technologies have been improved for the elimination of 

micro-pollutants, conventional chlorination, which is especially preferred due to its 

economical affordability compared to advanced treatment technologies, continues to be 

the most commonly applied technology for water and wastewater treatment, However, 

studies show that chlorine is not very effective in the removal of antibiotic resistant 

bacteria (Diao et al., 2004; Shrivastava et al., 2004) and sometimes even leads to 

selection of these (Shrivastava et al., 2004; Murray et al., 1984). Ozone on the other 

hand is a powerful disinfectant, which has been shown to remove pathogens that are 

relatively resistant to chlorine and chloramine (Macauley et al., 2006; Korich et al., 
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1990). Studies on the mechanism of ozone disinfection showed that ozone can 

penetrate the bacterial cells, reacting with cell ingredients (Hunt and Marinas, 1993) 

and causing damage to the DNA (Ishizaki et al., 1987). The ability of oxidant to cause 

DNA damage can be considered an important feature when transfer of antibacterial 

resistance through genetic materials is considered. The damaging effect on DNA has 

also been shown with heterogeneous photocatalysis by TiO2-photocatalyst (Yang and 

Wang, 2008; Shen et al., 2008). Although TiO2-photocatalysis is a less commonly 

applied technology due to the limited performance of TiO2 owing to its wide band gap 

(Chen and Mao, 2007), this technology can still be suitable as a post-treatment process 

in drinking water treatment. 

 

 The purpose of this part of the thesis is to compare the effectiveness of chlorina-

tion, ozonation, and heterogeneous photocatalysis in reducing the risk of antibiotic 

resistance pollution by resistance carriers, which inevitably reach drinking water 

sources.  Although the disinfection kinetics with the three oxidation processes has been 

deeply investigated (Korich et al., 1990, Haas and Karra, 1984; Wei et al., 1994) and 

the effect of the oxidants on the DNA structure have also been shown in separate 

studies, there is no work comparing their effect on eliminating the risk of antibiotic 

resistance transfer. Here, the approach followed for this purpose involves isolation of 

the plasmid DNA of a multi-resistant E. coli HB101 and its treatment by various 

oxidant doses and/or treatment periods of chlorine, ozone, and heterogeneous photo-

catalysis followed by transformation of competent cells by the treated plasmid DNA in 

order to understand the effect of treatment on resistance transfer potential. The effect of 

plasmid DNA concentration on oxidation performance has also been investigated.  

 

Heterogeneous photocatalysis was applied with a commercial powdered form of 

TiO2 and a nano-fiber TiO2-material that was prepared in the laboratory by 

electrospinning-sol-gel method. Nano size can provide larger surface area per volume 

of catalyst (Theron  et al., 2008). Electrospinning is a relatively novel method that can 

be utilized to obtain porous fiber system in the nanometer range (Aryal et al., 2008; Li 

and Xia, 2003). An advantage of such a system is the nano-porous fiber structure 

providing high surface area and its supported nature for easy removal of the catalyst 

that is a common problem in treatment operations utilizing nano-materials.  
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4.2.  Materials and Methods 

 

4.2.1.  Chemicals 

 

TiO2-P25 was used as the commercial photocatalyst. The nano-fiber-TiO2 was 

prepared from a titanium isopropoxide precursor (TIP, Ti(OiPr)4) and 

polyvinylpyrrolidone (PVP, MW = 1,570,000). All solutions were prepared with Milli-Q 

(MQ) water (Millipore, Milford, MA). Sodium hypochlorite solution (~ 10% RT) was 

used to prepare chlorine stock solutions (Free Cl- = 20,000 mg/L, as determined by Free 

DPD Kit purchased from Hach). Sodium thiosulphate was utilized to quench the 

oxidants. 

 

4.2.2.  Preparation of Nano-Fiber-TiO2 

 

The nano-fiber-TiO2 was prepared by the sol-gel electrospinning combined 

method as described by Li and Xia (2003) and from a sol-gel precursor TIP and PVP as 

described in Section 3.2.1. TIP and PVP were dissolved in various w/v 

(weight/volume) ratios in ethanol (EtOH). To make TIP/PVP = 4.83 (w/w) for 

example, 0.29 g PVP was dissolved in 7.8 g ethanol and 1.4 g TIP was dissolved in 1 g 

ethanol and 3.14 g acetic acid. Then these solutions were stirred by slow addition of the 

TIP solution into the polymer solution and allowed to mix for one hour. Afterwards, the 

mixtures were loaded into a plastic syringe having a 0.80 mm needle, which was 

connected to High Voltage Power Supply (Gamma High Voltage Research). The 

mixture was electrospinned at a constant flow (set to 50, 100, and 200 µL/h, 

respectively) applied by a syringe pump that was controlled with a syringe pump 

software – WinPumpTerm (New Era Pump Systems, Inc.). The voltage of the supply 

was set to 10 kV. The generated fibers were collected on an aluminum sheet attached 

onto a grounded surface. Distance between the syringe tip and the grounded alumina 

surface was 15 cm. After electrospinning, the fiber sheets were left under open air 

overnight to allow completion of the sol-gel reaction. The fibers were then calcinated at 

various temperatures (400°C, 430°C, and 500°C) to remove the organic phase and to 

obtain polycrystalline TiO2 anatase. The schematic illustration of the electrospinning 

apparatus was shown previously in Section 3.2.1., Figure 3.1. 
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4.2.3.  Characterization of Nano-Fiber-TiO2 

 

The TiO2 nanofibers were characterized with Scanning Electron Microscopy 

(SEM, Supra Gemini 35 VP Field Emission Scanning Electron Microscope, Leo) to 

demonstrate fiber formation and to measure the fiber dimensions. Samples were coated 

with carbon by a T950x Turbo Evaporate Instrument (Emitech) prior to analysis. 

Mineral structure of prepared photocatalyst was determined by X–Ray Diffractometer 

(D8 Advance Type, Bruker–AXS). BET surface area and pore size analysis of 

photocatalyst samples was performed with Quantachrome Nova 2200e, and the 

thermogravimetric analysis (TGA) was carried out with Netzch STA449C. 

 

4.2.4.  Plasmid DNA Isolation  

 

Plasmid DNA isolation was carried out by Plasmid Plus Maxi Kit (Qiagen) 

following the procedures described in Section 3.2.2. Briefly, a bacteria starter growth 

solution was initiated by inoculating a single ampicillin resistant E. coli HB101 colony 

(Pasteur Institute, France) from a previously prepared plate in 100 mL growth medium 

(1 L aqueous solution containing 10 g tryptone, 10 g sodium chloride, 5 g yeast extract, 

15 g agar and 0.1 mg/mL ampicillin), which was grown for 8 h at 37C, 200 rpm 

(logarithmic growth). Then a portion of this was transferred into a higher volume of 

growth medium (1/1000 dilution) and the growth was extended for another 16−18 h till 

the optical density at 660 nm (OD660) reached approximately four (measured by 

Shimadzu UV-1208 model spectrophotometer with 1 cm optical path at 600 nm). The 

bacteria were pelleted by centrifugation at 4000 g for 15 min and plasmid DNA was 

extracted from the pellets utilizing the Plasmid Plus Maxi Kit, according to the 

procedures of the manufacturer. The plasmid DNA concentration was determined by 

Nanodrop Spectrophotometer (ND-1000, NanoDrop) and the plasmid DNA extracts 

were stored at -20 C until further use. Plasmid DNA was prepared in two 

concentrations by dilution with autoclaved MQ water. 
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4.2.5.  Oxidation of Plasmid DNA  

 

Chlorine stock solution was prepared from sodium hypochlorite solution, which 

was diluted to different chlorine concentrations (0.5–5 mg/L). The treatment was 

carried out by the addition of 350 µL chlorine solution to eppendorf tubes containing 

350 µL sample solution with 80 µL of 200 mg/L or 100 mg/L plasmid DNA and 270 

µL MQ water to prepare two plasmid DNA concentrations of 12.8 mg/L and 6.4 mg/L). 

The treatment period was one minute. Chlorine in the treated samples was quenched by 

addition of 550 µL, 0.4% (w/w) sodium thiosulphate.  

 

Ozonation experiments were carried out with a batch system and with an ozone 

stock solution with oxidant demand free (ODF) water which was prepared according to 

the standard methods (APHA, 2005). Ozone stock solution was prepared by using a 

laboratory scale ozone generator unit (Fisher OZ 500) operated with dry and pure 

oxygen. In order to prevent ozone decomposition, the temperature of the stock ozone 

solution was maintained at 4ºC ± 2 by ice bath. The ozone stock solution concentration 

was determined by the indigo trisulphonate (Acros Organics) spectroscopic method 

(APHA, 2005). The ozonation experiments were carried out in eppendorf tubes 

containing 0.5 mL sample solution (80 µL of plasmid DNA with concentration of 200 

mg/mL or 100 mg/mL and 420 µL MQ water). 0.5 mL ozone solution with known 

concentration was slowly pipetted into the samples to obtain desired ozone doses (1–

4.42 mg/L) and ozonation was carried out for one min. Remaining ozone from the 

treated samples was quenched by addition of 250 µL, 0.4% (w/w) sodium thiosulphate 

(to make a total of 1.25 mL of sample as in the experiments with chlorine and TiO2).  

 

 Photocatalytic treatment was carried out in 4 mL borosilicate glass tubes 

designed specifically for the process. 0.2 mg commercial photocatalyst (TiO2-P25) or 

nano-fiber-TiO2 was suspended in 1.17 mL MQ by applying sonication for one min. 

Then 80 µL of plasmid DNA with concentration of 200 mg/L or 100 mg/L was added 

and the sample was immediately covered with aluminum foil and sonicated for another 

minute. The suspension was illuminated by a 125W BLB Lamp, the quantum yield of 

which was measured by ferrioxalate chemical actinometry as  = 6.5  10-6 quanta/s. 

During treatment, the samples were placed in a water bath with temperature control and 



 

 

64

were slightly mixed at 40 rpm on a mini orbital shaker (Stuart, SSM1). Treatment 

periods ranged between 5−75 min. Dark control experiments and control experiments 

under black-light irradiation were also carried out. Method of plasmid DNA recovery 

from TiO2 suspension was determined by applying a procedure that was developed by 

Suzuki et al. (2008). The procedure involved the following steps: A sample solution of 

1.25 mL, containing 0.2 mg TiO2 and 80 µL of 200 mg/mL plasmid DNA in MQ water 

was sonicated in ultrasonic bath for one min. The sample was immediately covered and 

slightly mixed on the mini orbital shaker for 75 min in dark. Then, it was centrifuged at 

12,000 g for 10 min. The first supernatant (S-1) was separated and preserved for 

analysis. The pellet was resuspended in 1.25 mL MQ water, sonicated for one min and 

again centrifuged at 12,000 g for 10 min. The secondary supernatant (S-2) was 

separated. 100 µL, 0.25 N standard NaOH solution (pH 13) was added to the pellet 

followed by one min sonication and then the sample was inserted into water bath at 

98ºC for 10 min. Following a final sonication for one min and centrifugation for 10 min 

at 12,000 g the final supernatant (S-3) was separated. The treatment involving the 

addition of NaOH was applied in order to remove remaining plasmid DNA that might 

have adsorbed onto TiO2. S-1, S-2, and S-3 were separately evaluated and the recovery 

of plasmid DNA during the centrifugation and separation steps and the alkaline 

treatment steps were compared. Samples prepared in these experiments were also 

utilized as dark control experiments. 

 

4.2.6.  Evaluation of the Oxidation Process Performance   

 

Plasmid DNA samples treated by the three oxidation processes were analyzed 

on a 1% (wt/v) agarose gel (Basica Le Agarose, Prona and 0.5X TBE prepared from 

50X TBE, FERMENTAS) and run on gel electrophoresis system (Gel XL Ultra V-2, 

Colepalmer, Labnet International, Inc.). Plasmid DNA (20 µL + 4 µL 6X loading dye) 

was loaded to the gel and 90−100 V was applied for 45−60 min. The gel was stained 

with ethidium bromide (5 mg/L). MassRuler DNA Ready-to-use Ladder Mix 103 mg/L 

(FERMENTAS) (3.5 µL) was utilized as the ladder.  

 

The effect of treatment on the ability of plasmid DNA to transform competent 

cells was investigated. Frozen XL blue competent cells were utilized as transformants. 
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The transformation process briefly included the following steps: 100 µL of competent 

cell suspension was placed in pre-chilled plastic micro-centrifuge tubes containing 0.5 

µL plasmid DNA. One sample containing the competent cell suspension and PUC19 (a 

control plasmid that carries ampicillin resistance) were prepared as a positive control. 

The tubes containing the cell and DNA mixtures were chilled for 20−30 min in ice and 

then placed in a 42°C heating block for 1−1.5 min. SOC (Super Optimal broth with 

Catabolite repression) media was added into the cell samples to make a total of 1 mL 

and these were incubated at 37°C, 240 rpm for 60 min (post-incubation). The cells were 

pelleted at 12,000 g for two min. The pellet was resuspended in 100 µL sterile MQ 

water. Then 100 µL of the samples were plated on selective agar containing ampicillin 

and were incubated at 37°C overnight. A negative control plate containing only XL-

blue cells and no plasmid DNA was also plated. Plasmid DNA activity was measured 

by the number of cells transformed (number of cells counted on agar plates). 

 

4.3.  Results and Discussion 

 

4.3.1.  Characterization of Nano-Fiber-TiO2 

 

Electrospinning conditions and TIP/PVP ratio had considerable influence on the 

fiber diameter (Table 4.1) as well as on the fiber morphology of TiO2. Decrease in the 

TIP/PVP (w/w) ratio resulted in increase in the fiber diameter. The most uniform fibers 

were obtained with TIP/PVP (w/w) = 4.83 (0.02 (w/v) PVP, 0.10 (w/v) TIP).  

 

Table 4.1. Fiber diameter variation at different electrospinning conditions.  

TIP/PVP (w/w) Flow rate (µL/h) Fiber diameter (nm) 
4.83 50 ~200 
4.67 50 ~135−166 
3.11 50 ~230−370 
2.46 50 ~600−1200 
3.11 100 ~300−600 
3.11 200 ~350−600 

 
 

Increase in the electrospinning syringe flow rate resulted in uneven fibers with 

varying size distribution and material droplets were observed in the SEM images. The 
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SEM image of the as electrospinned sample having TIP/PVP (w/w) = 4.83 and 

prepared at electrospinning flow rate of 50 L/h is presented in Figure 4.1.  

 

 
 

Figure 4.1. SEM image of TIP/PVP (w/w = 4.83).  

 

The fine fibrous structure of the material can be observed in the figure.  

 

The ratio of anatase and rutile in the samples calcinated at different temperatures 

and different durations was studied with XRD (Figure 4.2 (a)-(e)). Anatase/rutile ratio 

was estimated with DIFFRACplus EVA software (Bruker).  
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Figure 4.2. XRD Patterns of calcinated samples (a) TIP/PVP = 3.11 (w/w), 500 °C, 

3 h calcinated (b) TIP/PVP = 3.11 (w/w), 400 °C, 3 h calcinated (c) TIP/PVP = 3.11 

(w/w), 400 °C, 6 h calcinated (d) TIP/PVP = 4.83 (w/w), 400 °C, 6 h calcinated (e) 

TIP/PVP = 4.83 (w/w), 430 °C, 3 h calcinated.  

 

As deduced from Figure 4.2 (e), the highest anatase/rutile ratio (92/4) was 

obtained for the sample having TIP/PVP = 4.83 (w/w), calcinated at 400°C for 6 h, 

showing that the anatase/rutile ratio increased when the temperature was dropped from 

500 to 400°C and when the calcination duration was increased to 6 h. Considering the 

presence of uniform fibers and the higher anatase to rutile ratio obtained after 

calcination, TIP/PVP (w/w) 4.83 calcinated at 400ºC for 6 h was selected as the 
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photocatalyst to be utilized for the photocatalytic experiments. TGA analysis of this 

sample (Figure 4.3) showed that calcination at 400°C for 6 h caused 50% decrease in 

the mass of the electrospinned and air dried sample.  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 4.3. TGA diagrams TIP/PVP = 4.83 (w/w) (a) after electrospinning and 

drying in air overnight (b) after calcination at 400°C for 6 h. 
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Organic content was completely removed from this sample leaving behind TiO2 

which is mainly in the anatase form as shown in the XRD analysis (Figure 4.2 (e)). 

BET analysis showed that the surface area of the nano-fiber-TiO2 (53 m2/g) 

photocatalyst was comparable to that of commercial TiO2-P25 (51 m2/g). 

 

4.3.2.  Oxidation of Plasmid DNA  
 

4.3.2.1.  Influence on Plasmid DNA Structure. No effect of chlorine on plasmid DNA 

structure was observed in this study, where gel electrophoresis was utilized in order to 

analyze oxidant effect on plasmid DNA structural integrity. The gel images of chlorine 

treated plasmid DNA having concentration of 12.8 mg/L and 6.4 mg/L are displayed in 

Figure 4.4 (a) and (b), respectively. The band that belongs to the supercoiled (sc) or 

closed-circular plasmid DNA structure has been marked on the gel images. Disruption of 

plasmid DNA integrity and formation of other plasmid DNA conformations is expected 

to result in decrease in the band intensity of supercoiled form with subsequent increase in 

band intensities of other forms. 

 

 
 

Figure 4.4. Agarose gel electrophoresis of chlorine (Cl) treated plasmid DNA (a) high 

concentration – 12.8 mg/L (b) low concentration – 6.4 mg/L. Marked bands: supercoiled 

conformation. 
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It can be viewed from the images that band intensities of supercoiled plasmid 

DNA treated at different concentrations of chlorine (0.5 – 5.0 mg/L), are similar to 

those of the untreated control sample (Figure 4.4). A two-fold decrease in plasmid 

DNA concentration did not change this observation and again plasmid DNA integrity 

was not effected (Figure 4.4). The proposed most dominant mechanism during chlorine 

disinfection is the reaction of chlorine with the cell membrane lipids which results in 

change in cell membrane permeability (Venkobachar et al., 1977) among various 

disinfection mechanisms (US-EPA, 1999). Considering the possible leakage of 

resistance carrier elements such as plasmid DNA and their presence in free forms and 

in the light of the findings in this work and those reported in the literature, the relative 

ineffectiveness of chlorine in antibiotic resistance management cannot be ignored. 

Nonetheless, it should also be noted that in some previous studies in which the effect of 

generated hypohalites at inflammation sites on the cell components was investigated, 

oxidative damage and base modifications of DNA by endogenous hypochlorite has 

been reported (Ohnishi et al., 2002; Hawkins and Davies, 2002). The contradictory 

finding in the present work can be attributed to the higher plasmid DNA concentration. 

Quantities of environmental extracellular DNA detected in marine and freshwater have 

been reported in the range of 0.0002 – 0.044 mg/L (Lorenz and Wackernagel, 1994). 

However, higher concentrations may be released by leakage after cell lysis as in the 

case of disinfection of wastewater. Also, it is possible that released intact plasmid DNA 

and extracellular DNA may be protected by binding to particulate or suspended matter in 

water (DeFlaun et al., 1987), and then become available under appropriate conditions. 

The reason for selecting higher concentrations of plasmid DNA concentrations in this 

work was to facilitate the analyses regarding the oxidant effect on plasmid DNA 

structure. 

 

 Gel electrophoresis images of ozone treated plasmid DNA at the high and low 

concentrations are displayed in Figure 4.5 (a) and (b), respectively. Relaxed, linear, and 

supercoiled plasmid DNA conformations can be viewed in the gel images in the order of 

slowest migrating to the fastest migrating bands, respectively.  
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Figure 4.5. Agarose gel electrophoresis of ozone (O) treated plasmid DNA (a) high 

concentration –12.8 mg/L (b) low concentration – 6.4 mg/L. Marked bands: supercoiled 

conformation. 

 

As opposed to the results obtained by chlorine, increasing oxidant doses resulted 

in gradual increase in the intensity of bands belonging to other DNA conformations 

(i.e. relaxed and linear forms) accompanied with decrease in the supercoiled DNA 

bands. Progress in this effect as the dose of ozone increases can be viewed in the gel 

image of the plasmid DNA having higher concentration, and at an ozone dose of 4.20 

mg/L the band intensity of the supercoiled DNA is minimal (Figure 4.5 (a)). When 

plasmid DNA with lower concentration (Figure 4.5 (b)) was treated with ozone, an 

ozone dose of 0.90 mg/L resulted in complete disappearance of the supercoiled DNA 

band. As the ozone dose increased, intensity of other DNA bands increased initially 

showing conversion of supercoiled DNA structure, but decreased at higher doses. 

Complete disappearance of plasmid DNA bands was observed at an ozone dose of 4.00 

mg/L. Ozone has been reported to damage DNA by causing strand breaks as well as 
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base damage and protein cross-linking (Sawadaishi et al., 1985; Hamelin et al., 1977). 

Sawadaishi et al. (1985) explained strand-break formation by the conversion of 

supercoiled plasmid DNA to open circular plasmid DNA in ozone treated samples 

initially containing relatively high concentration of plasmid DNA (50 g). Also, 

Ishizaki et al. (1987) have shown immediate strand scission of chromosomal DNA of E. 

coli upon treatment by ozone. Similarly here, ozone treatment resulted in strand scission 

converting the supercoiled plasmid DNA to relaxed form causing subsequent 

linearization. Increase of intermediate bands in the gel image indicated degradation of 

plasmid DNA and formation of smaller fragments. 

 

Light control experiments for photocatalytic treatment are shown in Figure 4.6. 

 

 
 
 

Figure 4.6. Agarose gel electrophoresis of light (LC) (a) and (b) dark control  (DC) 

treated plasmid DNA at low concentration – 6.4 mg/L. Marked bands: supercoiled 

conformation. 

 
The light control experiments indicated that in the absence of the photocatalyst, no 

major effect of illumination occurred on the plasmid DNA having high concentration; 

while for plasmid DNA of low concentration minimal conformational change took 

place at the 75th min (Figure 4.6 (a)). Extended treatment under illumination for 120 
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min did not lead to any further change in DNA band intensities. Plasmid DNA was 

effectively recovered by the initial centrifugation step carried out during the dark 

control experiments. Intensities of plasmid DNA bands from S-1 were similar to those 

of the untreated control sample and no bands were detected in S-2 and S-3. The plasmid 

DNA bands of S-1 are displayed in 4.6 (b), along with the untreated control sample. 

Therefore, dark control experiments carried out for 75 min showed that plasmid DNA 

could be effectively recovered from TiO2 by a simple centrifugation step. 

 

Treatment of plasmid DNA with commercial TiO2-P25 caused conformational 

change in plasmid DNA bands as in the ozone treatment experiment (Figure 4.7 (a) and 

(b)).  

 

 
 

Figure 4.7. Agarose gel electrophoresis of commercial TiO2-P25 (P) treated plasmid 

DNA (a) high concentration – 12.8 mg/L (b) low concentration– 6.4 mg/L. Marked 

bands: supercoiled conformation. 
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For the higher concentration plasmid DNA (Figure 4.7 (a)) initially, change in the 

intensity of the band belonging to the supercoiled structure was not apparent as for the 

ozone experiment, however conversion to other conformations was evident by the 

increase in their band intensities. Decrease in the supercoiled band intensity occurred at 

the 60 min treatment period, which disappeared completely at the 75 min treatment 

period. For the sample with lower plasmid DNA concentration, the supercoiled DNA 

band disappeared within 15 min of treatment. Similar to the effect observed with ozone 

treated sample having lower plasmid DNA concentration, with shorter treatment 

periods, intensities of other plasmid DNA bands increased. After 45 min treatment, 

bands intensities of other conformations decreased as well. All plasmid DNA bands 

were completely removed from the gel image with 75 min treatment. Similar to ozone, 

photocatalytic treatment with the commercial TiO2-P25 caused strand breaks resulting 

in conformational change. In addition, bands belonging to smaller fragments indicated 

the degradation of DNA as was also observed during ozone treatment. Dunford et al. 

(1997) have shown that strand breakage in plasmid DNA during TiO2 photocatalysis 

took place by direct oxidation via hydroxyl radicals and Shen et al. (2008) have 

confirmed conformational changes in plasmid DNA upon treatment with 

photosensitized nano-TiO2 material structure by atomic force microscopy (AFM). 

 
The influence of nano-fiber-TiO2 photocatalyst on the plasmid DNA is shown in 

Figure 4.8.  
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Figure 4.8. Agarose gel electrophoresis of nano-fiber-TiO2 (N) treated plasmid DNA 

(a) high concentration – 12.8 mg/L (b) low concentration plasmid DNA – 6.4 mg/L. 

Marked bands: supercoiled conformation. 

 

Treatment with the nano-fiber-TiO2 photocatalyst also caused conformational 

changes in plasmid DNA and the effect became more pronounced with increasing 

treatment periods. The disappearance of the supercoiled Plasmid DNA band after 45 

min treatment period can be observed for plasmid DNA having lower concentration. 

No major change occurred after 45 min and the bands belonging to other conformations 

of the plasmid DNA remained unchanged even after 120 min (data not shown). Even 

though the surface areas of the two photocatalysts were comparable, the commercial 

photocatalyst was more effective on plasmid DNA. These indicate that the material 

properties of the nano-fiber-TiO2 should be further improved. For instance the rutile 

and anatase ratios can be of critical importance as it has been shown that some 

specifically arranged mixtures of anatase and rutile can be more active than either form 

(Hurum et al., 2003).  
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4.3.2.2.  Influence on Transformability of Competent Cells. Transformability of 

competent cells with treated plasmid DNA was investigated in order to correlate the 

damaging effect of oxidants with their ability to reduce the potential of the plasmid DNA 

to transfer antibiotic resistance. For this purpose, samples of plasmid DNA treated at 

several doses of oxidants (typically the lowest and the highest oxidant doses) were 

selected. Decrease in the transformation ability of treated plasmid DNA was calculated 

relative to the transformation ability of non-treated plasmid DNA as log(N/No), where N 

and No are numbers of colony forming units counted on the plates containing competent 

cells combined with treated and non-treated samples, respectively. Transformation ability 

of plasmid DNA at both concentrations was not affected even with the highest chlorine 

dose (5 mg/L) and thus the data was not plotted. Similarly, data for the nano-fiber-TiO2 

photocatalyst was not plotted, since the material did not considerably influence plasmid 

DNA and its transformation ability. The results only for ozone treatment and 

photocatalytic treatment with commercial TiO2-P25 are displayed in Figure 4.9 as 

log(N/No) plot against ozone dose and treatment period for TiO2 photocatalysis, 

respectively. 
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Figure 4.9. Effect of (a) ozone and (b) TiO2-photocatalysis on the ability of plasmid 

DNA to transform competent XL-blue cells. Selected ozone doses are: O1a – 0.4 mg/L, 

O4a – 1.6 mg/L, O8a – 4.2 mg/L for high concentration plasmid DNA – 12.8 mg/L; O1b – 

0.4 mg/L, O6b – 2.1 mg/L, O7b – 4.0 mg/L for low concentration plasmid DNA – 6.4 

mg/L. Selected TiO2 treatment periods are: P1a – 5 min, P5a – 60 min, P6a – 75 min for 

high concentration plasmid DNA – 12.8 mg/L; P1b – 15 min, P5b – 75 min for low 

concentration plasmid DNA – 6.4 mg/L. 

-4.5
-4

-3.5
-3

-2.5
-2

-1.5
-1

-0.5
0

0 20 40 60 80

12.8 mg/L  6.4 mg/L

(b) TiO2 treatment period (min)

lo
g(

N
/N

0)

P1a

P5a

P6a

P1b

P5b

i

Plasmid DNA concentration

-4.5
-4

-3.5
-3

-2.5

-2
-1.5

-1

-0.5
0

0 1 2 3 4 5

12.8 mg/L 6.4 mg/L

(a) Ozone dose (mg/L)

lo
g(

N
/N

0)

O1a

O4a

O8a

O1b

O6b

O7b

i

Plasmid DNA concentration



 

 

78

A similar finding for the effects of chlorine dioxide on transformability was 

reported in a previous study (Roller et al., 1980) where both plasmid DNA extracted 

from the treated microorganisms and treated naked plasmid DNA were investigated. 

Treated naked plasmid DNA was only minimally affected at a very high chlorine 

dosage of 20 mg/L and with longer treatment periods. Naked plasmid DNA 

concentration was not reported by the authors; however it is expected to be comparable 

with the concentration of plasmid DNA obtained from the treated microorganisms, the 

initial concentration of which was 2 × 108 cells/mL. This concentration is much lower 

than that utilized to obtain the relatively higher plasmid DNA concentrations studied in 

this study.  

 

 Samples, the electrophoresis images of which showed minimal change in the 

plasmid DNA conformation in the gels, also showed minimal effect on the ability to 

transform competent cells; high concentration plasmid DNA treated with ozone dose of 

1 mg/L or with TiO2 for 60 min for instance. Oxidation both with ozone and by TiO2 

photocatalysis resulted in much higher transformability decrease in the lower 

concentration plasmid DNA samples and no colony forming units were found on the 

plates of samples treated with 4 mg/L ozone dose or by TiO2 for 75 min. In the gel 

images of these samples, no plasmid DNA bands were detected. Although natural trans-

formation mechanisms and required conditions for transformation may show variations 

depending on the nature of the microorganism (Lorenz and Wackernagel, 1994), it has 

been shown that disruption of plasmid integrity leading to linear plasmid DNA 

conformations during in vitro ligation reactions can result in up to 2-3 fold decrease in 

transformability efficiencies in E. coli (Conley et al., 1986). Therefore linearization of 

plasmid DNA is expected to result in decrease in transformability. However, in 

transformation experiments with E. coli and plasmid DNA of sizes varying from 2 kb 

to 66 kb, Hanahan et al. (1983) have shown that the transformability efficiencies of 

relaxed plasmid DNA forms were approximately 75% of that of their supercoiled forms, 

showing that relaxed plasmid DNA can still transform competent cells effectively. The 

results obtained here similarly have shown that although disruption of plasmid DNA 

integrity did result in decrease in transformability efficiencies, complete loss of the 

transforming activity was only achieved with complete plasmid DNA destruction by 

the oxidants. Therefore, oxidant damage on plasmid DNA reported in previous studies 
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alone is not sufficient to conclude that the risk of resistance transfer is eliminated. As 

noted previously, protection of exogenous DNA by suspended material in water 

matrices further underlies the significance of this finding. Therefore, careful monitoring 

of water and application of effective oxidant doses is important. It can be proposed that 

ozone and TiO2-photocatalysis can decrease and prevent ability of plasmid DNA to 

transform competent cells and thus are both expected to help reducing the risk of 

antibiotic transfer. 

 

4.4. Conclusion 

 

Effects of chlorination, ozonation, and TiO2 mediated photocatalytic processes on 

plasmid DNA was comparatively investigated for the elimination of antibiotic resistance 

pollution in water. The results revealed that removal of all plasmid DNA bands from 

the gel image necessitated a high ozone dose and a longer photocatalytic treatment 

period with commercial TiO2-P25. However, it is possible to remove lower plasmid 

DNA concentration with lower ozone doses and shorter photocatalysis treatment 

durations; but in this case mass transfer limitations should also be considered. While 

ozone and commercial TiO2-P25 induced damage in the plasmid DNA structure and 

therefore led to decrease in competent cell transformability, no effect of chlorine and 

low effect of nano-fiber-TiO2 was observed during the experiments. 
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5.  OZONATION OF SECONDARY SEWAGE SLUDGE: ANTIBIOTIC 

DEGRADATION AND SLUDGE SOLUBILIZATION 

 
 

5.1.  Introduction 

 

Wastewater sludge harbors valuable constituents such as organic matter and nutrients 

as well as a wide variety of organic and inorganic contaminants originating from human 

activities (Verlicchi et al., 2012; Olofsson et al., 2012; Clarke et al., 2011). Up to date, over 

360 OCs have been identified in sewage sludge (Eriksson et al., 2008) and the list is 

expected to grow as a result of rapid developments in analytical techniques. The beneficial 

use of waste sludge in agriculture has gained higher importance as the waste sludge 

volumes generated from wastewater treatment increased considerably. In order to 

minimize potential negative environmental impacts, the agricultural use of waste sludge 

both in the EU and the US has been limited by specific regulations that mainly monitor 

heavy metal concentrations and pathogens (CEC, 1986; US-EPA, 1993). Due to increased 

environmental concerns, some countries have also adapted standards for the regulation of 

several OCs (Schowanek et al., 2004) based mainly on the latest EC Working Document 

on Sludge (CEC, 2000). Concurrently, comprehensive risk assessment studies were carried 

out in several EU states and in the US (Jensen et al., 2012; Eriksen et al., 2009; US-EPA, 

2009; Lindberg et al., 2007; Schowanek et al., 2004). Although in the majority of these 

studies, it was concluded that many of the investigated OCs including brominated flame 

retardants, musk substances, polychlorinated biphenyls, and pharmaceuticals, were unlikely 

to pose a significant threat to the environment, concerns have also been emphasized 

regarding the limited knowledge on the ecotoxicological impacts of OCs and their 

metabolites, as well as potential synergistic effects in the presence of a wide span of OCs. 

 

Among various persistent OCs, antibiotics deserve a major concern because of their 

possible contribution to the risk of antibiotic resistance development at subtherapeutic 

levels (Kim and Aga, 2007; Rooklidge, 2004). Recent reviews of occurrence data have 

shown that some antibiotics, specifically those belonging to TET and FQ groups tend to 

accumulate in sewage sludge mainly by partitioning to the solid phase (Oncu-Bilgin and 
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Balcioglu-Akmehmet, 2013a, Zhang et al., 2011). These antibiotics are generally detected 

in the sludge in the low mg/kg range concentrations; however, concentrations as high as 

40.8 mg/kg and 97.5 mg/kg were also reported for CIP in some reports (US-EPA, 2009, 

SFT, 2007). Field experiments of sludge application to soil also revealed the long-term 

persistence of FQs in soil (Golet et al., 2003). Although it was pointed out that resistance 

development under the selective pressure of antibiotics in soil is of minimal importance, 

since the resistance will disappear as soon as the selective pressure is removed (Smith et 

al., 2009), the long-term persistence potential of some antibiotics indicates that resistance 

development is plausible. 

 

The urgent concerns driven by the rapidly expanding literature on the occurrence of 

various persistent OCs (e.g. endocrine disrupting compounds and micro-organics such as 

polyaromatic hydrocarbons, pharmaceuticals and personal care products) resulted in a 

number of studies attempting to reduce their concentrations in sewage sludge via different 

chemical oxidation processes (Pham et al., 2011; Carballa et al., 2007; Carballa et al., 

2006; Carrere et al., 2006; Flotron et al., 2005), which were formerly employed in order to 

minimize sludge production during biological wastewater treatment and to improve sludge 

biodegradability (Carrere et al., 2010; Bougrier et al., 2007; Wei et al., 2003). Among 

several treatment technologies for sludge, ozonation has gained acceptance as one of the 

most effective disintegration technologies (Muller, 2000) and has been utilized 

successfully in full-scale applications (Chu et al., 2009). Application of ozone at the recycle 

line of the activated sludge treatment process can reduce sludge generation up to 70%, 

which requires high ozone dose e.g. 50 mg/g treated volatile suspended solids  (VSS) 

(Deleris et al., 2002). Furthermore, lower dose of ozone can improve sludge 

biodegradability greatly (Bougrier et al., 2007, Yeom et al., 2002). The benefits of 

ozonation in sludge treatment are not limited with these applications. Ozonation has also 

been utilized for sludge stabilization and conditioning (Park et al., 2003). Among the 

studies dealing with sludge treatment, the fate of antibiotics is a scarcely investigated 

subject. High degradation rates for sulfamethoxazole were reported by chemical and 

thermal pretreatment combined anaerobic digestion application (Carballa et al., 2006; 

2007), however, sulfonamide antibiotics exhibit poor sorption tendency to sludge. To the 

best of our knowledge, the degradation of strongly sorbed TET and FQ antibiotics in sludge 

has not been reported in the literature. 
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The objective of this part of the thesis is to investigate the degradation of CIP and 

OTC selected from the TET and FQ group antibiotics during ozonation of 

secondary sewage sludge. In this context, lab-scale experiments were conducted for sludge 

with different TS concentrations, considering the different applications of ozone to sludge. 

The effect of pH on the ozonation performance was investigated both for the assessment of 

oxidation mechanism and the desorption of the antibiotics. Special emphasis was given for 

the desorption of the antibiotics from the sludge to enhance the treatment performance of 

ozonation. Organic matter and metal solubilization were also investigated in order to 

evaluate their influence on the antibiotics degradation and the performance of ozonation 

for secondary sludge solubilization. 

 

5.2.  Materials and Methods 

 

5.2.1.  Chemicals 

 

Hydrochloride forms of OTC (Sigma) and CIP (Mp. Biomedicals) were utilized to 

spike the sludge. para-Chlorobenzoic acid – pCBA (Aldrich) was utilized as the hydroxyl 

radical probe and t-butanol – TBA (Sigma-Aldrich) was utilized as the OH• radical 

scavenger. Formic acid and HPLC grade acetonitrile utilized in the HPLC analyses; 

magnesium sulfate and magnesium nitrate were all obtained from Sigma-Aldrich. All 

solutions were prepared with MQ water (Millipore, Milford, MA). 
 

5.2.2.  Preparation of Antibiotic Contaminated Sewage Sludge.  

 

The physicochemical parameters of the sludge obtained from Pasakoy-Istanbul 

municipal wastewater treatment during the SC-1 are given in Table 5.1. Prior to the 

ozonation experiments, depending on the desired TS amount either distilled water or 

antibiotic containing aqueous solutions were used to dilute the sludge that was 

concentrated upon collection (See Section 3.1.3). 
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Table 5.1. Average secondary sewage sludge characteristics and total metal concentrations 

for the SC-1 period. 

Sludge properties   Metals 

Parameter Value   Metals 
Sludge 

concentrations 
(mg/kg DS) 

TS (g/L) 10.6±0.8  Ni 200±15 
VS/TS (%) 59±4  Cr 320±10 

TCOD (g/L) 10.7±1.4  Cu 220±20 
SCOD (mg/L) 125±75  Zn 780±50 
TKN (mg/L) 437±26  Fe 11,150±2,300 
TP (mg/L) 543±51  Mn 530±20 

PO4
3- 67±19  Cd BLD* 

pH 6.5−7.0  Pb 10±8 
Alkalinity 

(g/L) 1.5    

 *BLD: below limit of detection. The data are the mean values obtained from n=15 samples 
for sludge parameters and n=3 samples for the total metal concentrations. 

 

The degradation of antibiotics at two different concentrations was studied in sludge. 

While at high concentration, 20 mg/L of OTC and CIP (2–8 mg/g TS) was spiked to sludge 

with TS of 2.5, 5.6, and 10 g/L, at low concentration, 0.8 mg/L of these antibiotics (0.08 

mg/g TS) was applied only for sludge with TS of 10 g/L. The contaminated sludge was 

equilibrated overnight (16±1 h) at 255ºC in a temperature controlled water bath at 200 

rpm. Depending upon the antibiotic and TS concentration of the sludge, equilibration 

provided 85–95% antibiotic sorption at the natural pH of sludge. The pH adjustments were 

carried out by addition of 9.4 M H2SO4 or 12.5 M NaOH, and a period of 15 min was 

allowed for sludge equilibration before ozonation. The added acid and base volumes did 

not exceed 0.07% of the sludge volume for the pH from 4 to 9 and 0.3% for pH 11.5. 

 

5.2.3.  Ozonation of Secondary Sewage Sludge  

 

Sludge of 1.5 L was ozonated in the cylindrical glass column reactor as described in 

Section 3.2.5.1 (Figure 3.4). In the experiments exploring the effect of pH, absorbed ozone 

doses were in the range of 0.31 – 0.45 g O3/g initial TS within 30 min treatment period and 

in the experiments exploring the effect of TS the absorbed ozone doses were in the range 

of 0.47 – 1.17 g O3/g initial TS within 60 min treatment period. The effects of pH value 

and TS content of sludge on the ozonation performance were investigated in a series of 
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experiments with 20 mg/L antibiotic concentration to get a better understanding of the 

effect of the selected process variables. At specified experimental conditions, the effect of 

antibiotic desorption on ozonation performance was studied at both 20 mg/L and 0.8 mg/L 

CIP and OTC concentrations in order to evaluate degradation of the antibiotics found in 

environmentally relevant concentrations. The desorption of the antibiotics was provided either 

by alkaline addition or magnesium salt pretreatment carried out for 60 min at pH 8. All 

experiments were performed at least in duplicate. 

 

5.2.4.  Analytical Methods 

 

During ozonation, sludge samples were periodically taken from the reactor to evaluate 

the performance of the process. OTC and CIP were extracted from raw and ozonated 

sludge samples with ultrasonic solvent extraction and concentrated with SPE. Consequent 

analysis of the antibiotics was carried out by HPLC. Detailed description of the procedures 

is given in Section 3.2.6.6.  

 

Recoverability of the antibiotics was not affected by ozonation; this was confirmed 

after contaminating ozonated sludge samples with the antibiotics and carrying out the 

described extraction and analysis procedures. Antibiotic degradation was calculated as the 

percent change in the antibiotic concentration after sludge treatment. Initial antibiotic 

concentrations were determined in each experiment in order to eliminate the probable 

influence of changes in the sludge characteristics on the antibiotic recoveries. In order to 

evaluate the desorption of CIP and OTC from sludge, soluble antibiotic concentrations in 

the supernatant were also analyzed after following the described extraction procedures. 

 

Characterization of sludge samples with parameters including TS, VS, SCOD, 

TCOD, TKN, TP, metals, NH4
+, and PO4

3-, and SV60, was performed as described in 

Sections 3.2.6.2 and 3.2.6.6.   

 

Analysis of the radical probe pCBA was carried out with HPLC (See Section 3.2.6.7). 
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5.3.   Results and Discussion 

 

5.3.1.  Effect of Initial pH  

 

It is known that during ozonation dissolved components of a treated heterogeneous 

matrix are more vulnerable to oxidation compared to those sorbed on particulate material 

(De Witte et al., 2010; Carrere et al., 2006, Huber et al., 2005; Cesbron et al., 2003). In this 

respect, the desorption of the antibiotics could be crucial to provide efficient degradation in 

sludge by ozonation process. Although the sorption/desorption behavior of antibiotics on the 

sludge can be very complex, by taking into account the electrostatic interactions between 

the charged functional groups of investigated antibiotics and the negatively charged sludge 

particles, the desorption of CIP and OTC would be expected by increasing the pH of the 

sludge. Furthermore, pH can affect the degree of protonated species dissociation and their 

reactivity with ozone (Hoigne and Bader, 1983) as well as the ozone oxidation mechanism. 

Therefore, the degradation of the antibiotics over a wide pH range by varying the initial pH 

of sludge (TS=5.6 g/L) from 4 to 11.5 requires special attention. Before the application of 

ozone to sludge, the dissolved phase concentrations of the antibiotics and SCOD were 

determined at each investigated pH by analysis of the supernatant (Figure 5.1 (a-b)). 
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Figure 5.1. (a) Influence of pH on antibiotic desorption from sludge and pH dependent 

speciation of OTC and CIP (b) Influence of pH on SCOD. 

 

As depicted in Figure 5.1 (a) and (b), the elevation of pH to 11.5 resulted in the 

release of organics from sludge. As well as COD solubilization, 90% CIP and 49% OTC 

desorption was achieved, since both antibiotics are negatively charged at pH=11.5 as 

deduced from the pKa values (Qiang and Adams, 2004) inserted in the figure. The 

difference in the desorption rates of CIP and OTC could be related to structural differences 
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in their molecules. In fact, similar desorption behavior of FQ antibiotics was also observed 

in wastewater (De Witte et al., 2010).  

 

The effect of subsequent ozonation on the degradation of CIP and OTC in sludge 

equilibrated at different pH values is shown in Figures 5.2 (a) and (b), respectively. The 

results primarily demonstrated that low ozone dose was not sufficient to effectively 

degrade both antibiotics. In addition, the degradation pattern of each antibiotic clearly 

shows that both the initial and overall ozonation efficiency was influenced by the pH of the 

sludge. While 48% OTC and 18% CIP degradation was obtained within 15 min treatment 

period at pH 6.5 (the unmodified pH value of sludge), these degradation rates improved to 

76% and 84% at pH 11.5, respectively. Prolonged ozonation up to 30 min at pH 11.5 

resulted in 98% CIP and 88% OTC degradation. Fast initial degradation of the antibiotics at 

pH 11.5 could be attributed to the higher amount of initial dissolved antibiotic obviously 

accomplished by the elevation of sludge’s pH (Figure 5.1 (a)). About 10% of OTC 

degradation took place during pH equilibration due to its instability at highly alkaline pH. 

The effect of the pH on antibiotic degradation was significant (p<0.05) for the initial 20 

min of ozonation and became insignificant at 30 min after desorbed antibiotic 

concentrations were consumed.  
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Figure 5.2. Degradation of (a) CIP and (b) OTC with ozonation at various pH values 

(TS=5.6 g/L, [antibiotic]0 = 20 mg/L). 

 

It is known that both OTC and CIP are highly reactive with ozone and hydroxyl 

radicals in liquid media and that OTC is relatively more reactive compared to CIP (second 

order rate constants at pH 7: kO3, TET = 1.9  106, kO3, CIP = 1.92.2  104, kOH, TET = 7.7  

109 (Dodd et al., 2006), kOH, CIP = 4.15  109 (Lester et al., 2011; Dodd et al., 2006). 

However, as can be seen from Figure 5.2, higher degradation of CIP was achieved at pH 9 
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and 11.5, at which higher desorption of CIP than that of OTC was obtained. The overall 

degradation of OTC did not exhibit pronounced variation over a wide range of pH, which 

can be explained by the primary attack of ozone to the tetracycline ring system (Dodd et 

al., 2006). On the other hand, the reactivity of CIP increases considerably with increase in 

pH since the degradation of CIP is primarily governed by pH-dependent speciation (Dodd et 

al., 2006, De Witte et al., 2009; Buffle and Von Gunten, 2006). In this study, to assess the 

contribution of radical oxidation to the degradation of the antibiotics, the degradation of a 

hydroxyl radical probe, pCBA (0.6x10-2 mM), during the ozonation of sludge was 

investigated. Since pCBA exhibited limited sorption (15%) on sludge only at pH 4 (as 

opposed to strong sorption of antibiotics on sludge at acidic pH), the degradation of pCBA 

was evaluated by pseudo first-order kinetics (Figure 5.3).  
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Figure 5.3. The pseudo first-order plots of pCBA versus time with and without TBA during 

ozonation at various pH values. ([pCBA]0=0.6×10-2 mM, TS=5.6 g/L). 

 

Contrary to expectations, the highest decomposition rate of pCBA was observed at 

pH 4 and the addition of TBA at two different concentrations (50 and 100 mmol/g TS) 

greatly reduced the decomposition of pCBA, suggesting the formation of reactive radicals. 
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However, the degradation of pCBA was not completely eliminated by TBA addition, which 

suggested that even the high dose of TBA could be insufficient for completely scavenging 

the radical species, probably because of the high complexity of the sludge matrix. Further 

increase of the TBA concentration was avoided due to possible influence on the ozone 

mass transfer in the sludge (De Witte et al., 2009). On the other hand, the lowest 

decomposition of pCBA was observed at pH 11.5 and the influence of TBA addition on the 

rate constant was minimal at this pH. The scavenging of radicals rapidly by the solubilized 

organic components and the alkalinity constituents (Table 5.1) of sludge (Acero and Von 

Gunten, 2000) could explain the lower degradation rate of pCBA obtained at pH 11.5. In 

order to clarify these results the solubilization of organic matter and metals from sludge 

during ozonation were also investigated; and soluble metal concentration and SCOD 

variations by the application of ozonation process at different pH values are represented in 

Figure 5.4 (a) and (b), respectively. The release of metals as a regulated pollutant group 

was also of interest for the evaluation of the metal load reduction in sludge. 
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Figure 5.4. Solubilization of (a) metals and (b) SCOD with ozonation at various pH values 

(TS=5.6 g/L). 

 

As shown in Figure 5.4 (a), the acidic pH resulted in the release of metals from the 

sludge most likely due to the dissolution of the carbonate fractions (Babel and Dacera, 

2006). Solubilization of metals ranged from 20% to 48% for Zn, Ni, Mn, and Cu after 

equilibration at acidic pH. It should be also noted that total metal values were below the 

limit values that are set in the regulations for land-application of sludge (CEC, 1986). 

0

200

400

600

800

1000

1200

1400

1600

0 5 10 15 20 25 30
(b) Ozonation time (min)

SC
O

D
 (m

g/
L)

pH 4
pH 6.5
pH 9
pH 11.5

0

0.5

1

1.5

2

2.5

0 30 0 30 0 30 0 30
(a) Ozonation time (min)

M
et

al
s (

m
g/

L)

Zn
Ni
Cu
Mn
Cr

pH 4 pH 6.5 pH 9 pH 11.5



 
92 

However, higher metal solubilization at acidic pH might explain the highest degradation 

rate of pCBA, since catalytic action of dissolved metals can produce reactive radicals 

during ozonation. Actually, dissolved metal ions were used to accelerate solubilization of 

sludge in a recent study (Lee et al., 2010). Although metal solubilization and generation of 

reactive radicals were achieved at pH 4, the degradation of the antibiotics was poor due to 

their strong sorption on particulate matter at this pH. While 15% COD solubilization was 

achieved as a result of the alkaline addition to sludge (Figure 5.1 (b)), the overall COD 

solubilization attained was 33% by subsequent ozonation (Figure 5.4 (b)). The relatively 

high initial dissolved organic load of sludge at pH 11.5 did not eliminate the antibiotic 

degradation because an initial desorption of the antibiotics was already achieved. However, 

further solubilization of organics in the composition of the sludge by ozonation clearly 

caused a competition for the oxidants. At the time corresponding to higher SCOD release 

during ozonation (15 min), the degradation of CIP and OTC slowed down. It is also known 

that deprotonated species generally react readily with ozone resulting in higher ozone 

absorption (Buffle and Von Gunten, 2006) as observed in this study. While the absorption 

of ozone at pH 4 was 0.30 g/g initial TS, it was 0.45 g/g initial TS at pH 11.5 which caused 

higher organic matter solubilization. 

 

5.3.2.  Effect of Total Solid Concentration  

 

As mentioned previously, ozonation of sludge is applied both to induce cryptic 

growth during the activated sludge process (Chu et al., 2009, Deleris et al., 2002) and to 

improve the biodegradability of waste sludge prior anaerobic treatment (Bourgier et al., 

2007, Yeom et al., 2002). Since the TS content of sludge at these implementations can vary 

to a great extent, the effect of solid content on the fate of antibiotics during ozonation of 

sludge was investigated at three different TS values (2.5 g/L, 5.6 g/L, and 10.0 g/L) by 

spiking constant CIP and OTC concentrations (Figure 5.5 (a) and (b)). These experiments 

were carried out at pH 9. pH 11.5 was avoided due to the previously observed instability of 

OTC, which could hamper understanding the effect of TS on ozonation efficiency. The 

ozonation period was extended to 60 min in these experiments in order to clarify the 

degradation behavior of residual antibiotic concentrations. Depending on the TS content of 

sludge, the adjustment of pH to 9 resulted in different desorption rates of CIP and OTC 

(inserted tables in Figure 5.5 (a) and (b)). 
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Figure 5.5. Degradation of (a) CIP and (b) OTC with ozonation at various TS values (pH 9, 

[antibiotic]0 = 20 mg/L). 

 

As can be seen from Figure 5.5 (a) and (b), the overall CIP and OTC degradation rate 

significantly (p<0.05) decreased with an increase in the TS concentration of sludge. The 

inefficient performance of ozonation with high TS concentration can be attributed both to 

the lower initial dissolved antibiotic fraction and the higher SCOD release, which is shown 

in Figure 5.6 (b). At high TS concentrations of sludge, the scavenging of oxidants with the 
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dissolved components of the sludge before encountering a dispersed particle would be 

expected. Accordingly, four fold increases in TS concentration of sludge resulted in 14% 

and 20% abatement in overall antibiotic degradation rates of CIP and OTC, respectively. 

However, even at the lowest concentration of TS, complete elimination of the antibiotics 

was not obtained within extended treatment period due to the competition of solubilized 

organics (Cesbron et al., 2003) that continued to be released throughout the ozonation 

period. Higher TS concentration of sludge resulted in higher consumption of ozone and 

reactive radicals (their formation were shown by the degradation of pCBA in Figure 5.3) 

and this produced higher COD and metal solubilization (Figure 5.6 (a) and (b)). As a 

consequence, ozonation of sludge at 2.5 g/L TS concentration resulted in 15% COD 

solubilization while 12% COD solubilization was achieved for sludge with TS 

concentration of 10 g/L. 
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Figure 5.6. Solubilization of (a) metals and (b) SCOD with ozonation at various TS 

values (pH 9). 

 

5.3.3.  Effect of Antibiotic Desorption  

 

The above mentioned results clearly indicate that efficient degradation of the 

contaminants in sludge during ozonation is dependent upon their desorptions. Considering 
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of the study the effectiveness of two approaches for the treatment of sludge with high TS 

concentration (TS=10 g/L) was compared. The first approach involved the combined 

application of ozonation with Mg2+ pretreatment at pH 8, which was previously shown to 

provide a considerable improvement in the abatement of antibiotic contamination in 

manure (Uslu-Otker and Balcioglu-Akmehmet, 2009). The pretreatment of sludge spiked 

with 20 g/L antibiotic was performed with a Mg2+ dose of 0.91 g/L (75.2 meq/L) in 1 h 

period, which was determined by preliminary experiments (data not shown). After 

ozonation of pretreated sludge, 98% of the added Mg2+ was present in the dissolved phase 

of the sludge and thus can be recovered. The second approach, the effectiveness of which 

was already presented in this study, involved ozonation of sludge at pH 11.5 with a NaOH 

dose of 23.4 meq/L. The effect of the alkaline equilibration period performed prior to 

ozonation on the desorption of antibiotics was investigated at selected time intervals in a 

period of 3 h. Maximum desorption of antibiotics was achieved within 15 min and the 

extension of equilibration period did not increase the desorption of CIP and OTC (data not 

shown). The degradation rates of CIP and OTC at two different antibiotic concentrations 

are presented in Figure 5.7. 
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Figure 5.7. Degradation of (a) CIP and (b) OTC with Mg2+ pretreatment combined 

ozonation and ozonation at pH 11.5 (TS=10 g/L). 

 

The complexation of tetracycline and fluoroquinolone antibiotics with magnesium 

(Eboka and Okeri, 2005; Tongaree et al., 2000; Ross and Riley, 1992) increased their 

solubility, hence 58% CIP and 41% OTC desorption were achieved at 20 mg/L antibiotic 

concentration (tables inserted in Figure 5.7 (a) and (b)). 
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Subsequent ozonation of sludge pretreated by Mg2+ provided almost complete OTC 

and 95% CIP degradation. Reducing the antibiotic concentration to 0.8 mg/L did not greatly 

influence antibiotic desorption (tables inserted in Figure 5.7 (a) and (b)). On the other 

hand, alkaline pH was remarkably more effective for the desorption of CIP at each 

concentration level. Despite the comparable desorption rate of CIP, ozonation efficiencies 

of the two different applications were lower for CIP and OTC at their low concentrations 

(0.8 mg/L), since the competition between the soluble compounds of sludge for oxidation 

depends on their concentrations as well as their reactivities (Cesbron et al., 2003). 22% 

COD solubilization was achieved during pH equilibration prior to ozonation and then 

solubilization was enhanced to 34% by the application of ozone (Figure 5.8 (b)). In case of 

ozonation of Mg2+ pretreated sludge only 9% COD solubilization was achieved at the end 

of the treatment period and the competition of organics did not hinder the degradation of 

antibiotics at the high concentration (Figure 5.8). A comparison of metal solubilization 

efficiencies of two approaches revealed that ozonation at alkaline pH produced higher 

solubilization. While solubilization of Mn, Cu, and Ni was in the range of 113% at the 

end of the magnesium salt pretreatment and ozonation combined process, the solubilization 

of these metals was 525% at the end of the alkaline ozonation process (Figure 5.8 (a)). 

Despite the high concentration of Fe in the sludge, solubilization during ozonation was 

generally  2% (data not shown). 
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Figure 5.8. Solubilization of (a) metals and (b) SCOD with Mg2+pretreatment combined 

ozonation and ozonation at pH 11.5 (TS=10.0 g/L). 
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5.3.4.  Effect of Ozonation on Nutrient Solubilization 

 

Release of NH4
+ and PO4

3- at different ozonation conditions are shown in Figure 5.8.  
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Figure 5.9. Solubilization of nutrients during treatment of secondary sludge with ozonation 

at different conditions. 

 

The higher amount of organic load in the sludge at higher TS resulted in higher 

amounts of nutrient release. In addition, as expected, nutrient release was higher at pH 11.5 

due to enhanced solubilization of the sludge and this was more obvious during 

equilibration period at this pH. However, the increase in nitrogen solubilization by 

ozonation at pH 11.5 compared to the value obtained by ozonation at pH 9 was not 

remarkable, probably due to loss of ammonia by volatilization. On the other hand, addition 

of Mg2+ to the sludge resulted in the precipitation of phosphate; therefore, phosphorous 

solubilization was lower than those obtained by ozonation at pH 10 and 9 as shown in 

figure. Actually, the presence of Mg2+, NH4
+, and PO4

3- in the dissolved phase of the 

sludge presents a potential for nutrient recovery in the form of struvite (magnesium 

ammonium phosphate, MAP) (Le Corre et al., 2009). 
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5.3.5.  Effect of Ozonation on Sludge Settleability 

 

The influence of ozonation on sludge settleability, which was investigated by 

measuring the percentage of sludge volume settled in 60 min (SV60), is illustrated in Figure 

5.9.   
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Figure 5.10. Influence of ozonation on the SV60 of secondary sewage sludge at different 

ozonation conditions. 

 

Although ozonation reduced the SV60 value at each investigated TS, increasing the 

total solid content of the sludge had an adverse effect on the settleability of the sludge 

(Figure 5.9). Ozonation yielded a 1315% decrease in the SV60 of sludge with TS of 2.5 

g/L and 5.6 g/L, whereas the settleability of the sludge with TS of 10.0 g/L was decreased 

only by 6%. While ozonation at pH 11.5 slightly improved the settleability of sludge at 

high TS (10.0 g/L), much pronounced improvement was observed by ozonation of Mg2+-

pretreated sludge. This observation indicates that the beneficial effect of Mg2+ addition to 

the sludge is not limited with antibiotic desorption and metal release, but sludge 

settleability is also improved. This improvement can be attributed to increased floc 

strength by formation of Mg2+ bridges between the active sites on the exocellular 

polymers, which could have promoted particle aggregation and hence, improved settling 
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by flocculation (Neyens et al., 2004). Consequently, an 38% decrease in the SV60 of raw 

sludge was obtained by the application of Mg2+ pretreated ozonation (Figure 5.9).   

 

5.4.  Conclusion 

 

Increasing the pH value of sludge to 11.5 improved the degradation of CIP and OTC 

to a great extent by providing their desorptions from the sludge. Both the dissolved 

fractions of the antibiotics and the differences in their reactivity with ozone could be a 

factor controlling their degradation rates. At alkaline pH the scavenging of radicals by the 

solubilized components of sludge and the high alkalinity present in sludge probably leaves 

molecular ozone as the sole oxidant. Although at acidic pH the low degree of organic 

matter solubilization could eliminate competition for the radicals generated by the catalytic 

decomposition of ozone with solubilized metal ions from the sludge, the degradation rates 

of the antibiotics were considerably low due to the lack of their efficient desorption. 

 

Of the two approaches applied for antibiotic desorption in order to improve CIP and 

OTC degradation in sludge with high TS content, ozonation at pH 11.5 provided more 

efficient CIP degradation, while Mg2+ pretreatment combined ozonation provided more 

efficient OTC degradation. However, both approaches provided high degradation rates of 

both OTC and CIP, when spiked at high concentrations. When the antibiotics were spiked at 

low concentrations (0.08 mg/g TS), 95% CIP and OTC 85% degradation efficiencies 

were attained by alkaline ozonation, which in addition provided simultaneous sludge 

solubilization. 

 

Ozonation was more effective in improving the dewaterability of sludge at low TS 

content, while with increase in sludge TS the efficiency was decreased due to the 

competitive influence of solubilized organics. However, application of Mg2+-pretreatment 

to the sludge prior ozonation, considerably improved sludge settleability even at high TS. 

Moreover, the addition of Mg2+ to the sludge may constitute a potential for the recovery of 

the released nutrients from the dissolved phase by struvite precipitation. Enhanced sludge 

settleability with combined Mg2+-pretreatment and ozonation of sludge can facilitate the 

recovery of both nutrients and metals from the sludge. 
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6.  MICROWAVE IRRADIATION ASSISTED CHEMICAL 

OXIDATION OF SECONDARY SEWAGE SLUDGE: 

ANTIBIOTIC DEGRADATION AND SLUDGE 

SOLUBILIZATION 

 

 
6.1. Introduction 

 

The presence of a wide variety of emerging micro-pollutants in sewage sludge (Oncu-

Bilgin and Balcioglu-Akmehmet, 2013a; Stasinakis, 2012; Clarke and Smith, 2011) 

increases the concerns regarding its disposal on land. On the other hand, both the challenge 

of ever-growing volumes of sludge produced from biological wastewater treatment 

processes and the motivation for recycling the valuable constituents, has brought to the fore 

land-application as a means of reusing waste sludge beneficially. Although current 

environmental regulations require stabilization of waste sludge prior to land-application to 

minimize the potential risk of pathogens and heavy metals on the environment, conventional 

stabilization methods such as anaerobic or aerobic digestion and composting can not 

destruct many non-regulated organic micro-pollutants due to strong sorption to particulate 

material (Stasinakis, 2012). 

 

Among various organic micro-pollutants, antibacterial substances deserve specific 

attention since their uncontrolled spread in the environment is suspected to contribute to 

increased rates of antibacterial resistance development in microorganisms (Oncu-Bilgin and 

Balcioglu-Akmehmet, 2013a), thus creating a secondary pollution. Specifically, antibiotics 

from tetracycline and fluoroquinolone groups have been detected in sludge at mg/kg range 

concentrations (Oncu-Bilgin and Balcioglu-Akmehmet, 2013a). For ciprofloxacin, a 

fluoroquinolone group antibiotic, sludge concentration as high as 97.5 mg/kg (SFT, 2007) as 

well as long-term persistence in soil (Golet et al., 2003) was reported. A recent study 

demonstrated that environmental concentrations of ciprofloxacin and tetracycline could 

exert a selective pressure and increase the prevalence of resistant bacteria in soil (Tello et 

al., 2012). 
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Currently, studies dealing with waste sludge management mainly target improving the 

efficiency of the biological stabilization process (Carrere et al., 2010) or the physical 

properties of waste sludge (Li et al., 2008), or recovering the valuable nutrients (Tyagi and 

Lo, 2013). For this purpose various mechanical, thermal or chemical processes have been 

used. However, despite the aforementioned concerns, the removal of micro-pollutants from 

sludge has been investigated only in a limited number of studies, while to our knowledge 

antibiotic degradation has not been reported elsewhere, except in our previous study. The 

degradation efficiency of micro-pollutants during sludge treatment can be limited by their 

thermal stability (McNamara et al., 2012) and more importantly by strong sorption 

tendencies on sludge. For example, in order to efficiently degrade antibiotics sorbed on raw 

sludge by ozonation, an additional pretreatment process or alteration of the sludge pH was 

required to provide desorption of antibiotics and enhance their contact with the oxidant 

(Oncu-Bilgin and Balcioglu-Akmehmet, 2013b). 

 

Among various sludge treatment processes, MW technology has attracted much 

interest recently, since effective sludge disintegration, conditioning and pathogen 

destruction can be achieved by rapid and homogeneous heating (Wu, 2008). MW 

technology can be utilized as a stand-alone pretreatment process for sludge solubilization or 

in a combined application with chemical oxidation to further improve sludge disintegration 

and nutrient recovery (Tyagi and Lo, 2013). The most commonly utilized oxidant in 

combination with MW has been hydrogen peroxide and the synergistic enhancement of 

sludge solubilization in MW/H2O2 was demonstrated in a number of studies (Tyagi and Lo, 

2013; Eskicioglu et al., 2008b; Wong et al., 2007). Besides hydrogen peroxide, persulfate 

alone has also been used for the enhancement of sludge dewaterability (Zhen et al., 2012a- 

c). However, up to our knowledge, the combined application of persulfate and MW for 

sludge treatment has not been investigated. Since the influence of MW on the desorption of 

organic pollutants (Wu et al., 2008) and the strong oxidative power of hydrogen peroxide and 

persulfate on degradation of organics in solid matrices are known (Uslu-Otker and Balcioglu-

Akmehmet, 2009), combined benefits of MW and hydrogen peroxide or persulfate oxidants 

can be expected for organics degradation in sludge. 

 

In this study the fate of sorbed antibacterial micro-pollutants in sewage sludge was 

investigated during MW/H2O2 and MW/S2O8
2- treatments performed in lab-scale 
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experiments at different experimental conditions. For this purpose, two antibacterial micro-

pollutants that are commonly detected in sludge –OTC and CIP antibiotics– were added to 

sludge in order to study the effects of selected operational parameters and their interactions 

on the efficiency of applied processes.  The influences of MW/H2O2 and MW/S2O8
2- on the 

release of metals as another regulated micro-pollutant group, as well as on organic matter 

and nutrient solubilization were also of interest. Additionally, efforts were made in this 

work to understand the radical mechanism contribution during combined MW treatment and 

chemical oxidation. 

 

6.2.  Materials and Methods 

 

6.2.1.  Chemicals 

 

Hydrochloride forms of oxytetracycline (Sigma) and ciprofloxacin (MP. Biomedicals) 

were the model antibiotics used for spiking. H2O2 (Sigma-Aldrich) and Na2S2O8 (Sigma-

Aldrich) were used as the oxidants. Anisole (Fluka) as the radical probe and ethanol-EtOH 

(Sigma-Aldrich) as the radical quencher were purchased from Sigma-Aldrich. Formic acid 

and acetonitrile (Sigma-Aldrich, HPLC grade) were utilized in the HPLC analyses. 2,9-

Dimethyl-1,10-phenanthroline (DMP) (Aldric), CuSO4∙5H2O (Riedel-de Haën), Na2HPO4 

(Fisher Scientific), and KH2PO4 (Merck) were utilized for hydrogen peroxide analysis and 

KI (Sigma) and Na2S2O3 (Sigma-Aldrich) were utilized for sodium persulfate analysis. All 

solutions were prepared with MQ (Millipore, Milford, MA).  

 

6.2.2.  Preparation of Antibiotic Contaminated Sewage Sludge 

 

The physicochemical parameters of the sludge obtained from Pasakoy-Istanbul 

municipal wastewater treatment during the SC-2 are given in Table 6.1.  
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Table 6.1. Average secondary sewage sludge characteristics and total metal concentrations 

for the SC-2. 

Sludge properties   Metals 

Parameter Value   Metals 
Sludge 

concentrations 
(mg/kg DS) 

TS (g/L) 12.2±0.3  Ni 321±8 
VS/TS (%) 57±5  Cr 605±12 

TCOD (g/L) 10.4±0.1  Cu 544±85 
SCOD (mg/L) 105±7  Zn 909±98 
TKN (mg/L) 430±7  Cd BLD 
TP (mg/L) 847±32  Pb BLD 

PO4
3- 89±4  Fe 13,877±97 

pH 6.5−7.0  Mn 563±67 
   The data are the mean values  obtained from n=4 samples 

 
 

When compared with sludge obtained during SC-1, it can be seen that there were 

changes in the concentrations of the sludge parameters. The most important difference was 

observed in the TP content of the sludge and in the concentrations of some heavy metals 

(e.g. Cr, Cu, Zn, Fe, Pb). 

 

The TS of the sludge that was concentrated upon collection (See Section 3.1.3) was 

adjusted to 10.0±0.1 g/L by spiking OTC and CIP antibiotic aqueous solution as described 

previously (See Section 3.2.3). Taking into account the concentrations of the antibiotics 

already present in the sludge, in the majority of the experiments, antibiotics were spiked to 

achieve a 20 mg/L sludge concentration (2 mg/g TS). However, the performances of the 

treatment processes were also tested for sludge with an environmentally relevant antibiotic 

concentration of 0.8 mg/L (0.08 mg/g TS). Prior to sludge treatment experiments, the 

antibiotic-spiked sludge was equilibrated to provide 95% antibiotic sorption, which was 

verified by antibiotic analysis carried out in total and liquid phase sludge samples. 

 

6.2.3.  MW/H2O2 and MW/S2O8
2- Treatment of Sewage Sludge  

 

The treatment of sewage sludge was carried out in the bench scale microwave 

irradiation system (See Section 3.2.5.2). The sludge samples were placed in the closed 

vessels were treated by either adding hydrogen peroxide, H2O2 (30% w/w), or sodium 

persulfate, Na2S2O8 (>98%), as the oxidants or without adding any oxidant. Among MW, 
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MW/H2O2, and MW/S2O8
2– treatments, MW/H2O2 consisted of two steps. In the first step, 

before the dosing of hydrogen peroxide, all samples were heated at 120C for 15 min to 

destruct the biological enzymes in the sludge and hence prevent the undesirable 

consumption of hydrogen peroxide (Wang et al., 2009). In control experiments carried out at 

room temperature, 30% hydrogen peroxide consumption took place in the non-preheated 

sludge within one min after oxidant dosing, while persulfate consumption in this sludge was 

only 2%. Therefore, preheating was crucial for MW/H2O2 but not for MW/S2O8
2-. 

Depending on the type of the treatment, 2.5 mL of the oxidant at desired concentration or 

deionized water was added to 25 mL of the sludge samples. MW irradiation of the sludge 

with a total volume of 27.5 mL for each vessel was performed at predetermined 

experimental conditions. No effort was spent for pH adjustment. The temperature of the 

sludge samples was increased at a rate of 10C/min in the MW system. At the end of the 

treatment period and before carrying out the immediate subsequent analyses, the vessels 

were inserted in an ice bath without opening the caps and cooled down to room temperature 

to prevent evaporation. 

 

6.2.4.  Experimental Design 

 

In order to explore the effects of the selected variables on the efficiencies of MW/H2O2 

and MW/S2O8
2- treatments, a 23 full factorial design with three independent variables (A: 

temperature; B: oxidant dose; C: MW holding time) was performed. It should be noted that 

preliminary experiments were carried out to determine the extreme values (design’s corner 

points) of the variables. The highest MW temperature was defined as 160C since sludge 

biodegradability is negatively influenced due to the Maillard reaction above temperatures of 

180C (Pinnekamp, 1989). The whole design for each of the MW/H2O2 and MW/S2O8
2-

processes consisted of 19 experimental runs carried out in a random order. The experimental 

range and the levels of the independent variables are given in Table 6.2. 
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Table 6.2. Independent variables and their levels used in the 23 full factorial design for 

sewage sludge treatment with MW/H2O2  and MW/S2O8
2-. 

    MW/H2O2  MW/S2O8
2- 

Experimental 
factors 

Symbol  Level 
(-) 

Level 
(0) 

Level 
(+) 

 Level 
(-) 

Level 
(0) 

Level 
(+) 

Temperature 
(ºC) 

A  120 140 160  120 140 160 

Oxidant dose 
(g/g TS) 

B  0.0 0.6 1.2  0.00 0.44 0.87 

MW holding 
time (min) 

C  5 10 15  5 10 15 

 

As can be seen from Table 6.2, each one of the three variables received two values as 

indicated by the plus and the minus signs, while a central value was indicated by 0. The 

minus sign for the oxidant dose variable indicates the absence of it. 

 

6.2.5.  Analytical Methods 

 

The extraction, purification, and analysis of OTC and CIP raw and treated sludge 

samples was carried out with ultrasonication assisted solvent extraction, SPE, and HPLC, 

respectively as described previously in Section 3.2.6.6. Antibiotic degradation was calculated 

as the percent change in antibiotic concentration after sludge treatment. Initial antibiotic 

concentrations were determined in each experiment in order to eliminate the probable 

influence of changes in sludge characteristics on the antibiotic recoveries. The degradation 

rates observed for the antibiotics spiked to the sludge at low concentrations were confirmed 

with qualitative LC-MS/MS analysis (See Section 3.2.6.6). 

 

Characterization of raw and treated sludge samples for parameters including TS, VS, 

SCOD, TCOD, TKN, TP, metals, NH4
+, and PO4

3-, and CST was performed as described in 

Sections 3.2.6.2 and 3.2.6.6.  

  

Analysis of the radical probe anisole was carried out with HPLC (See Section 3.2.6.7).  

 

Both hydrogen peroxide and persulfate concentrations in the samples were determined 

by the iodometric method (Kolthoff and Carr, 1953). Since residual hydrogen peroxide 
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exerted considerable COD interference, a photometric method with copper(II)-DMP 

complex formation (Kosaka et al.,1998) was used to confirm the low concentrations of 

hydrogen peroxide (See Section 3.2.6.3). Then the COD equivalent of the residual hydrogen 

peroxide was subtracted from the measured COD value to eliminate its positive interference 

(Kang et al., 1999). 

 

6.3.  Results and Discussion 

 

The results of antibiotic degradation and sludge solubilization of each 19 experiments 

for MW/H2O2 and MW/S2O8
2- treatments are shown in Table 6.3 and Table 6.4, 

respectively. The statistical significances of the effects of selected independent variables on 

the efficiencies of the processes were evaluated and the significant factors (p<0.05) with 

decreasing order of effects are shown in Figure 6.1 (a)-(f) as Pareto plots. Additional results 

including the influence of treatment conditions on sludge pH, oxidant consumption, and 

solubilization of individual metals for MW/H2O2 and MW/S2O8
2-treatments, are shown in 

Table 6.5 and Table 6.6, respectively. 

 

 

 

 

 

 

 

 



 

Table 6.3. 23 full factorial design table for the coded factors and the responses obtained for sewage sludge treatment with MW/H2O2.    

          Responses 

  Process parameter level  Antibiotic degradation 
(%)   Solubilization (%) 

Experiment 
number A B C   OTC  CIP   

Organic carbon 
(SCOD/TCOD×100) 

Nitrogen 
(NH4

+/TKN) 
Phosphorus 
(PO4

3-/TP) 
Overall 
metal 

(MeS/MeT) 
1     40.3   7.6  28.1   2.6   8.4   3.0 

13     41.6   7.2  27.8   2.9   8.7   2.9 
5     43.2   8.7  31.4   4.1   9.1   3.0 
7     44.2   9.1  32.1   4.4   9.4   2.9 
2     83.6 31.6  24.2 17.7 16.5 11.6 

12     84.8 32.9  23.3 18.1 17.2 11.9 
3     86.0 35.2  30.8 23.9 20.3 13.0 
4     87.3 36.5  31.2 24.9 19.9 12.6 

10 0 0 0  91.4 60.9  36.8 11.0 29.2 19.5 
11 0 0 0  91.6 60.3  37.6 12.3 28.9 18.9 
19 0 0 0  91.5 60.5  38.2 11.9 29.3 19.3 
16     81.6   9.8  34.5   7.4 11.5   3.6 
17     82.3   9.9  34.0   7.7 11.8   3.6 
14     83.8 12.4  40.2 12.6 13.5   3.9 
18     84.6 11.9  39.8 13.2 14.5   3.8 
8     98.0 88.6  40.4 40.7 49.6 22.3 
9     98.2 89.2  38.6 42.4 49.0 23.3 
6     98.8 98.1  26.5 46.7 51.3 25.3 

15      98.9 98.3   24.7 44.5 53.3 25.9 
             A: Temperature; B: Hydrogen peroxide dose; C: MW holding time 
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Table 6.4. 23 full factorial design table for the coded factors and the responses obtained for sewage sludge treatment with MW/S2O8
2-. 

          Responses 

  Process parameter level  Antibiotic degradation 
(%)   Solubilization (%) 

Experiment 
number A B C   OTC  CIP   

Organic carbon 
(SCOD/TCOD×100) 

Nitrogen 
(NH4

+/TKN) 
Phosphorus 
(PO4

3-/TP) 
Overall 
metal 

(MeS/MeT) 
6     31.2   0.3  25.0   0.5   3.1  2.5 

14     33.5   0.2  24.4   0.4   3.0  2.4 
9     36.7   0.7  25.8   1.9   7.2   2.8 

17     38.9   0.8  26.4   1.5   6.9   2.6 
3     82.3 58.3  23.8   8.1 25.6 39.1 

19     83.3 59.8  23.8   9.7 26.2 38.7 
2     85.9 60.6  23.9 12.1 27.5 52.0 

12     88.0 62.1  24.1 13.2 28.2 52.2 
5 0 0 0  97.4 88.2  26.3 13.5 29.3 57.0 

13 0 0 0  97.1 87.0  25.7 12.9 29.3 56.5 
7 0 0 0  96.4 87.3  26.1 12.1 29.4 56.1 

10     77.4   3.3  30.0 2.2   8.1   3.0 
11     77.6   4.8  29.6 2.5   8.3   3.0 
15     78.3   7.0  32.8 3.1 10.6   2.5 
16     79.1   6.9  33.2 2.9 11.0   3.0 
4     96.2 94.2  20.4 13.8 41.2 65.7 

18     97.0 93.9  19.9 14.1 41.9 65.4 
1     98.5 96.6  22.1 14.9 43.9 73.6 
8      99.6 97.3   21.5 15.5 44.2 73.4 

                       A: Temperature; B: Persulfate dose; C: MW holding time 
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Table 6.5. Solubilization of individual metals, sludge pH and oxidant consumption for 

sewage sludge treatment with MW/H2O2.  

  
Process 

parameter 
levels 

  Metal solubilization (%)     

Experiment 
number A B C   Cr Cu Mn Ni Fe Zn pH Consumed  

H2O2 (%) 
1       0.8   4.0   0.2 12.4 0.6   0.4 6.56 

13       0.7   3.9   0.2 11.8 0.6   0.3 6.58 
5   +    1.0   3.7   0.2 12.5 0.6   0.4 6.43 
7   +    0.7   3.6   0.3 12.1 0.4   0.2 6.50 
2     14.1 12.8 11.7 25.7 1.8   3.6 5.22 39.2 

12  +   14.3 13.3 12.2 26.2 1.9   3.5 4.91 37.9 
3     15.8 13.9 14.5 27.4 2.1   4.5 5.00 30.6 
4  + +  15.7 13.4 13.5 27.2 2.0   3.9 4.70 32.5 

10 0 0 0  24.4 20.5 24.7 37.5 2.5   7.5 4.33 69.7 
11 0 0 0  23.3 20.4 24.0 36.0 2.4   7.2 4.29 70.8 
19 0 0 0  24.2 20.3 24.0 37.1 2.6   7.6 4.31 70.3 
16       0.7   4.3   0.2 14.3 1.0   1.4 6.42 
17       1.0   4.1   0.3 13.9 0.8   1.2 6.46 
14 +  +    1.2   3.8   0.3 15.7 0.9   1.5 6.38 
18       1.3   3.9   0.4 15.0 0.8   1.6 6.30 
8 + +   31.5 22.6 32.1 38.1 1.5   8.2 4.17 84.1 
9 + +   30.5 23.8 32.9 41.4 1.8   9.4 4.59 85.3 
6     36.2 27.9 34.5 41.7 1.7   9.9 4.33 82.7 

15 + +    38.1 26.8 34.7 43.7 1.8 10.1 4.54 82.8 
A: Temperature; B: Hydrogen peroxide dose; C: MW holding time 
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Table 6.6. Solubilization of individual metals, sludge pH and oxidant consumption for 

sewage sludge treatment with MW/S2O8
2-.  

  Process 
parameter levels   Metal solubilization (%)     

Experiment 
number A B C   Cr Cu Mn Ni Fe Zn pH Consumed 

S2O8
2- (%) 

6       1.0   3.3     0.1   10.2   0.2   0.1 6.34 
14       0.9   3.5     0.0   9.8   0.2   0.1 6.36 
9       0.9   3.1     0.0 12.1   0.3   0.1 6.32 

17       0.7   2.8     0.0 11.8   0.3   0.1 6.33 
3     17.7 40.4   55.2 58.9 10.5 51.9 3.81 >99.0 

19     16.1 40.2   52.3 63.8 11.6 48.3 3.85 >99.0 
2     24.5 52.1   76.1 86.0 12.2 61.2 3.62 >99.0 

12     24.0 48.9   79.9 82.1 14.6 63.6 3.41 >99.0 
5 0 0 0  19.0 49.2   85.0 90.8 14.2 84.0 2.15 100 

13 0 0 0  18.8 46.1   87.3 88.5 13.5 84.6 2.46 100 
7 0 0 0  16.8 45.4   88.9 84.4 13.2 88.0 2.16 100 

10       0.7   3.1     0.0 12.8   0.2   1.1 6.32 
11       0.6   3.3     0.0 12.8   0.3   1.0 6.41 
15       1.4   0.0     0.0 13.4   0.2   0.0 6.29 
16       0.9   0.0     0.0 16.6   0.2   0.0 6.25 
4     44.7 45.9    96.7 84.7 34.7 87.2 1.93 100 

18     44.9 42.3   98.4 85.3 34.8 86.6 1.90 100 
1     53.6 58.2 100.0 88.2 52.6 89.2 1.92 100 
8      50.7 59.8   99.9 88.9 50.1 91.0 1.89 100 

A: Temperature; B: Persulfate dose; C: MW holding time 
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Figure 6.1. Pareto charts for (a) OTC and (b) CIP degradation, solubilization of (c) organics, 

(d) phosphorus, (e) nitrogen, and (f) metals during sewage sludge treatment with MW/H2O2
 

and MW/S2O8
2- (A: Temperature; B: Oxidant dose; C: MW holding time). 
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6.3.1.  Effect of  MW/H2O2 and MW/S2O8
2- Treatments on Antibiotic Degradation  

 

The preheating stage of MW/H2O2 treatment resulted in a prolonged MW exposure 

time. Because of this, there was a difference between the results obtained for antibiotic 

degradation by MW treatment in the absence of hydrogen peroxide (exp. 1, 13 in Table 6.3) 

and persulfate (exp. 6, 14 in Table 6.4). An additional experiment that was performed to 

evaluate the antibiotic degradation in a single stage MW/H2O2 treatment (1.2 g H2O2/g TS; 

160°C; 15 min) yielded only 81% OTC and 71% CIP degradation rates in the sludge. This 

poor antibiotic degradation efficiency can be explained by the undesired hydrogen peroxide 

consumption as stated previously. Consistently, <1% of the initially added peroxide 

remained in the sludge in the single-stage MW/H2O2 treatment while this rate was 17% with 

integration of the preheating step (exp. 6, 15 in Table 6.5). Furthermore, the higher 

availability of hydrogen peroxide in a two-stage MW/H2O2 treatment could also be 

beneficial for contaminant desorption, which is a well-known phenomenon in catalyzed 

hydrogen peroxide treatment systems (Watts et al., 1999). 

 

The results presented in Tables 6.3 and 6.4 clearly indicate that the achievement of 

substantial antibiotic degradation depended on the dosing of the oxidants. This result was 

supported by the statistical analysis as seen from the Pareto plot (Figure 6.1 (a) and (b)). 

During the MW treatment at 160C for 15 min, the average CIP degradation rate was 

improved from 12% to 98% and from 7% to 97% by the addition of 1.2 g H2O2 and 0.87 g 

S2O8
2– per g of TS, respectively. On the other hand, control experiments performed in the 

absence of MW irradiation showed that the degradation rates of both antibiotics with these 

oxidants were <10% within 30 min treatment period (Figure 6.2). It can be deduced that the 

addition of the oxidant in MW treatment resulted in a synergistic effect on antibiotic 

degradation. However, the enhancement in OTC degradation with oxidant dosing was not as 

remarkable as for that of CIP. Even in the absence of the oxidant, 79% degradation of OTC 

was obtained with MW treatment at 160°C for 15 min (exp. 15, 16 in Table 6.4). Although 

MW temperature was the second most important factor for antibiotic degradation in both 

treatments, the interaction of the oxidant dose and the temperature did not show a positive 

influence on OTC degradation as opposed to CIP due to the instability of OTC at elevated 

temperatures. Thermal stabilities of antibiotics were confirmed with the experiments carried 
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out in deionized water under the same experimental conditions applied to the sludge (Figure 

6.2). 
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Figure 6.2. Comparison of MW, MW/H2O2, and MW/S2O8
2-

 treatment efficiencies for 

antibiotic degradation at two different spiking concentrations in water and sewage sludge. 

Holding time: 15 min, oxidant dosage: 1.2 g H2O2/g TS and 0.87 g S2O8
2-/g TS, treatment 

time of control experiments carried out at room temperature: 30 min. 

 

Although CIP is relatively stable at high temperatures  (Figure  6.2) and almost 

complete persulfate consumption took place even in 5 min at 120°C (Table 6.6), the 

elevation of MW temperature from 120°C to 160°C enhanced the degradation of CIP by 

36% in MW/S2O8
2- treatment (exp. 2, 12-1, 8 in Table 6.4). This result can be attributed to 

the severe decline in the pH (Table 6.6), which can promote desorption of the antibiotics 

from the sludge due to increased electrostatic repulsions between sludge particles and the 

zwitterionic antibiotics (Golet et al., 2002). Hence, dissolved components of the sludge can 

be more vulnerable to oxidation compared to those sorbed on particulate material (Oncu-

Bilgin and Balcioglu-Akmehmet, 2013b). The influence of the sludge pH on antibiotic 

degradation in MW treatment was investigated by additional experiments performed at an 

initial pH of 2 (adjusted by 1 M H2SO4) and at 120°C or 160°C for 15 min. The results of 

these experiments (Table 6.7) showed that although acidic pH caused considerable 

desorption of both antibiotics, particularly of CIP, (OTC=12%; CIP=58% at 120°C) and the 

temperature increase also exerted a slight contribution to desorption, MW treatment without 
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oxidant addition of did not provide efficient degradation of the antibiotics. As a result, the 

overall degradation rates of OTC and CIP at pH 2 at 160°C were limited to 81% and 12%, 

respectively, and the higher degradation rate of OTC was obviously due to its thermal 

instability. 

 

Table 6.7. Degradation of antibiotics with MW treatment of sewage sludge at pH 2 with 15 

min holding time. 

  Antibiotic desorption (%) Antibiotic degradation (%) 

Temperature 
(C) OTC CIP OTC CIP 

120 11.7 58.3 40.5   2.9 
160   1.0 62.5 80.8 11.6 

 

Despite being a significant factor (p<0.05) in both MW/H2O2 and MW/S2O8
2-, the 

effect of the holding time was not pronounced for sludge treatment in accordance with 

previous studies (Wong et al., 2007) (Figure 6.1 (a) and (b)). This result would be attributed 

to the consumption of the oxidant. On the contrary, a higher residual hydrogen peroxide 

concentration was observed with increased holding time in the MW/H2O2 treatment (Table 

6.5) suggesting the production of hydrogen peroxide as a result of radical reactions. 

However, the remaining hydrogen peroxide in the sludge did not result in higher antibiotic 

degradation rates at 120°C and 140°C compared to those obtained at these temperatures in 

MW/S2O8
2-. The higher performance of MW/S2O8

2- treatment can be attributed to the 

generation of the sulfate radical, which exhibits higher selectivity towards certain 

(carboxylic, anilinic and phenolic) functional groups of organics (Neta et al., 1977). 

Although the low effect of the holding time on antibiotic degradation may indicate a 

competitive influence exerted by the solubilized sludge components for the oxidants, it did 

not adversely affect the efficiencies of MW/H2O2 and MW/S2O8
2- treatments. Almost the 

same degradation rates of the antibiotics at high and low concentrations (Figure 6.2) could 

be explained by their concurrent extraction with the aid of MW irradiation; hence their 

degradation could have been promoted in the presence of the oxidant. However, it was not 

possible to analyze the antibiotics in the aqueous phase due to their fast degradation which 

took place simultaneously with antibiotic desorption. 
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6.3.2.  Effect of  MW/H2O2 and MW/S2O8
2- Treatments on Sludge Solubilization 

 

As clearly seen from the results in Tables 6.3 and 6.4, although MW irradiation alone 

did not provide substantial antibiotic degradation, effective COD solubilization could be 

achieved even under mild conditions, i.e. low temperature and short reaction time. In MW 

treatment, the percent ratio of the soluble to total COD at 120C with 15 min exposure time 

was 26% (exp. 9, 17 in Table 6.4), which increased to 32% in a two-step MW treatment with 

an initial preheating stage (exp. 5, 7 in Table 6.3) and a further increase of this ratio to 40% 

was achieved by elevation of the temperature to 160C (exp. 14, 18 in Table 6.3). The 

positive influences of temperature and exposure time are also obvious in the Pareto plot 

(Figure 6.1 (c)). Although COD solubilization greatly depends on various factors including 

sludge source, TS concentration of the sludge, and MW treatment conditions, which vary 

considerably in different studies, the SCOD/TCOD ratios obtained in the present study were 

in the range of those reported in other studies (Tyagi and Lo, 2013). 

 

Similar to previous results (Eskicioglu et al., 2008b), the addition of the oxidant to the 

sludge during MW treatment resulted in a decline in the SCOD/TCOD ratio due to oxidation 

of the solubilized organic components of the sludge as understood from the negative 

influence of the oxidant dose and its interactions with other factors (Figure 6.1 (c)). In 

addition, the oxidation of organics in MW/H2O2 and MW/S2O8
2- treatments was also evident 

from the decline in both the TCOD and SCOD values (Figure 6.3). The results of TCOD 

decrease also underline the higher oxidative power of persulfate at 120°C compared to 

hydrogen peroxide, which is consistent with the results obtained for antibiotic degradation. It 

can be deduced that rapid sludge solubilization and oxidation took place concurrently in 

MW/S2O8
2- while in MW/H2O2, substantial oxidation of the organics took place at 160°C 

(Figure 6.3). 

 

An improvement in the COD solubilization with the oxidant addition was only 

achieved in the MW/H2O2 process within a short exposure time at 160C (Table 6.3 exp. 8, 

9). However, the SCOD/TCOD ratio was decreased by extending the exposure time from 5 

min to 15 min, due to oxidation of solubilized organics (exp. 6, 15 in Table 6.3). This 

observation is also consistent with the greater increase in CIP degradation. Consequently, a 
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negative three-factor interaction (temperature; oxidant dose; exposure time) was revealed for 

the SCOD/TCOD ratio in the Pareto plot. 
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Figure 6.3. Comparison of the influences of MW, MW/H2O2, and MW/S2O8

2-
 treatments on 

TCOD, SCOD, and decrease in TCOD. Oxidant dosage: 1.2 g H2O2/g TS and 0.87 g S2O8
2-

/g TS. 

 

Although the MW treatment conditions which were favorable for degradation of the 

sorbed antibiotics led to SCOD/TCOD decline due to sludge oxidation, the nutrient 

solubilization from the sludge was also positively influenced by addition of the oxidant in 

both thermo-oxidative treatments (Figure 6.1 (d) and (e)). In accordance with a previous 

study (Wong et al., 2007), the effect of the oxidant dose on nutrient solubilization was 

greater than that of temperature. The higher release of ammonia in the presence of the 

oxidant can be attributed to the higher oxidation rate of the proteins released from the 

bacterial cells during MW irradiation whereas it is known that proteins aren't degraded with 

MW irradiation alone (Toreci et al., 2010). The oxidant dose exerted a higher influence on 

ammonia release in MW/H2O2 compared to that in MW/S2O8
2-. As can be seen from Tables 

9.3 and 9.4, an average of 46% N solubilization as ammonia took place in MW/H2O2 

treatment with 1.2 g H2O2/g TS dosing at 160C, 15 min (exp. 6, 15 in Table 6.3), whereas 

with 0.87 g S2O8
2-/g TS dosing N solubilization was only 15% (exp. 1, 8 in Table 6.4). This 

well expected result can be attributed to the higher oxidative power of persulfate, which was 
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also confirmed by nitrate formation; an almost three-fold higher nitrate concentration was 

detected in the sludge samples treated with 0.87 g S2O8
2-/g TS compared to those treated 

with 1.2 g H2O2/g TS at 160C, 15 min. Oxidation of ammonia to nitrate can decrease the 

potential of nitrogen loss from sludge through ammonia volatilization. 

 

One of the most important differences between MW/H2O2 and MW/S2O8
2- was their 

influence on the overall metal solubilization (e.g. exp. 6, 15 in Table 6.3 and 1, 8 in Table 

6.4). While MW/H2O2 treatment yielded 26% metal solubilization at the extreme condition 

of the experimental design (1.2 g H2O2/g TS, 160C, 15 min), MW/S2O8
2- treatment 

provided 73% metal solubilization (0.87 g S2O8
2-/g TS 120C, 15 min). The high metal 

release yield of MW/S2O8
2- treatment can be attributed to the enhanced solubilization of the 

sludge, as well as to the influence exerted on metal speciation by the severe pH decline. This 

suggestion can be supported by the 32% overall metal solubilization obtained by MW 

treatment at pH 2 without oxidant addition. Solubilization rates of individual metals in 

MW/H2O2 and MW/S2O8
2- as well as in MW treatment at pH 2 are given in Tables 9.5, 9.6 

and 9.8, respectively. In sludge treatment, the reduction of concentrations of metals such as 

Cu which are associated mainly with organics is a common problem. While the exceptional 

metal solubilization in MW/S2O8
2- can be related to the acidic conditions developing during 

the treatment, the solubilization of Cu was remarkable only at the conditions where the 

sludge components were oxidized, as was demonstrated by Beauchesne et al. (2007). 

 

Table 6.8. Solubilization of metals and nutrients with MW treatment of sewage sludge at pH 

2 with 15 min holding time. 

    Nutrient solubilization 
(%)   Metal solubilization (%) 

Temperature 
(C)   Phosphorus 

(PO4
3-/TP) 

Nitrogen 
(NH4

+/TKN)   Cr Cu Mn Ni Fe Zn 
Overall 
metal 

(MeS/MeT) 
120  10.0 0.8  10.2 2.0 51.5 35.7 10.8 50.9 26.9 
160   34.0 1.5   12.7 2.9 63.4 39.4 19.6 54.1 32.0 
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6.3.3.  Effect of MW/H2O2 and MW/S2O8
2- Treatments on Sludge Dewaterability 

 

Since sludge dewaterability is an important parameter in sludge management, the 

influence of MW/H2O2 and MW/S2O8
2- on sludge dewaterability was assessed with the CST 

method at the extreme conditions of the processes (160C, 15 min and oxidant doses of 1.2 g 

H2O2/g TS and 0.87 g S2O8
2-/g TS, respectively), where the degradation of antibiotics and 

solubilization of nutrient and metals were most efficient. The results, which are shown as 

CST per g suspended solids to better compare the two processes, revealed that both 

treatments improved sludge dewaterability (Figure 6.4). Although greater SS reduction was 

obtained in MW/H2O2 treatment consistently with the higher TCOD reduction, the 

MW/S2O8
2- treatment resulted in a two-fold higher improvement in dewaterability. This 

difference can be due to the considerably higher amount of solubilized iron (Table 6.8), 

which can act as a coagulant. Detailed investigation is being currently made to further 

elucidate the influence of the processes on sludge dewaterability as well as to evaluate the 

biodegradability of sludge after treatment with MW/H2O2 and MW/S2O8
2-. 
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Figure 6.4. Influences of MW/H2O2

 and MW/S2O8
2-

 treatments on sludge dewaterability. 

Oxidant dosage: 1.2 g/g TS and 0.87 g/g TS, temperature: 160C, MW holding time: 15 

min. 
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6.3.4.  Radical Mechanism Contribution in MW/S2O8
2- and MW/H2O2 Treatments 

 

In this part of the study, in order to explain the probable contribution of the free 

radicals on the efficiencies of MW/H2O2 and MW/S2O8
2- treatments, anisole was used as a 

radical probe (kSO4-• = 4.9  109, kOH• = 7.8  109, Liang and Su, 2009) and the degradation 

rate of anisole at an initial concentration of 0.06 mM was investigated at 120C and 160C 

without applying holding time due to its rapid degradation (Figure 6.5). 
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Figure 6.5. Radical probe compound degradation during sewage sludge treatment with 

MW, MW/H2O2, and MW/S2O8
2-. Initial anisole concentration: 0.06 mM; treatment time 

of control experiment carried out at room temperature: 20 min. 

 

Compared to the results obtained in control experiments carried out either in the 

absence of MW irradiation or oxidant, the degradation rate of the radical probe increased in 

both MW/H2O2 and MW/S2O8
2- treatments. Therefore, it can be suggested that during MW 

irradiation both hydrogen peroxide and persulfate can generate reactive radicals (Eqns. 6.1 

and 6.2 ), which improved the antibiotic degradation and the oxidation of organic matter, as 

well as the release of nutrients and metals in the current study. 

 

H2O2 + MW irradiation  2OH•                                  (6.1) 

S2O8
2- + MW irradiation  2SO4

-•                            (6.2) 
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In addition to MW irradiation, the metal content of the sludge (Table 6.1), especially 

the metals released during sludge treatment (Tables 6.3 and 6.4) may contribute to the 

activation of oxidants to produce reactive radicals in both MW/H2O2
 and MW/S2O8

2- 

treatments via Eqns. 2.15 and 2.25 (Siegrist et al., 2011). 

 

Metal activation could have been especially important in MW/S2O8
2- treatment. Severe 

pH decline took place particularly at 160°C (Table 6.5). These acidic conditions could have 

further increased the activation of persulfate to produce the sulfate radicals as was shown in 

Eqn. 2.26 (Peyton, 1993), causing even a higher sulfate radical concentration, which in turn 

could have resulted in higher radical probe compound and antibiotic degradation rates: 

 

Since the hydrogen peroxide residuals observed in the treated sludge (Table 6.5) could 

be an indicator for the formation of hydroxyl radicals in MW/H2O2 treatment, hydrogen 

peroxide formation in water dosed with 356 mM H2O2 (corresponding to the 1.2 g/g TS 

dosage in sludge) and treated by MW irradiation was studied in additional experiments, 

which confirmed this suggestion (Figure 6.6). In these experiments hydrogen peroxide was 

formed at all conditions and the elevation of MW temperature from 120°C to 160°C at 15 

min increased the residual hydrogen peroxide concentration from 400 mM to 492 mM. 

Since sludge components constitute considerable oxidant demand, hydrogen peroxide was 

formed at higher concentrations in water compared to those observed in the sludge. 

Consistently, the degradation rate of anisole in MW/H2O2 treatment at 120°C was lower 

than that obtained in MW/S2O8
2- treatment. Therefore, it can be concluded that at this 

temperature hydrogen peroxide activation to produce hydroxyl radicals in the sludge could 

not be efficient probably due to the lack of sufficiently acidic conditions (Table 6.5) and also 

due to the competitive influence of sludge constituents solubilized during the preliminary 

heating stage (Table 6.3). It should be also noted that the differences in anisole degradation 

rates in MW/H2O2 and MW/S2O8
2- treatments at 120°C were not as high as for those 

observed for CIP, since anisole was mainly present in the dissolved phase and was more 

available for oxidation. On the other hand, at 160°C, both MW/H2O2 and MW/S2O8
2- 

treatments provided almost the same anisole and antibiotic degradation rates, although the 

oxidation mechanisms of the sulfate and hydroxyl radical and their rates of reaction with the 

inorganic anions produced in the treated sludge are considerably different (Neta et al., 1977). 
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Figure 6.6. Hydrogen peroxide concentration variation in water during MW/H2O2 treatment 

(initial H2O2 dosage: 356 mM). 

 

6.4. Conclusion 

 

The efficiency of a two-stage MW/H2O2 treatment was compared with a novel single-

stage MW/S2O8
2- treatment for simultaneous sludge solubilization and antibiotic 

degradation. Thermo-oxidative sludge treatment with either MW/H2O2 or MW/S2O8
2- was 

shown to effectively degrade sorbed antibiotics constituting a problem for the beneficial 

reuse of sludge on land. Degradation yields as high as 97% were obtained even when the 

antibiotics were spiked at low concentrations. Therefore either H2O2 or S2O8
2- oxidation 

assisted with MW can eliminate the need of a pretreatment step to desorb micro-pollutants 

from the sludge. 

 

Although comparable antibiotic degradation rates were achieved in MW/H2O2 and 

MW/S2O8
2- treatments at 160°C within 15 min, consumption of hydrogen peroxide by the 

sludge components required the application of MW/H2O2 as a two-stage treatment to 

enhance antibiotic degradation. As a result, while the nonproductive consumption of the 

oxidant was prevented by the preheating stage, the actual treatment time was prolonged to 

30 min in a two-stage MW/H2O2 treatment. 
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It was demonstrated that MW/S2O8
2- treatment can concurrently provide the desorption 

of the antibiotics with the aid of the generated acidic conditions, and their rapid degradation 

due to the high reactivity of the sulfate radical. MW/S2O8
2- treatment applied at the extreme 

conditions of the experimental design did not only provide antibiotic desorption but also 

48% higher release of overall metals. Furthermore two-fold higher sludge dewaterability 

was obtained and the oxidation of ammonia was observed in this treatment.  

 

The experimental design methodology that was used in the study revealed that while 

the oxidant dosage had a negative influence on COD solubilization, it was the most crucial 

factor for the degradation of the antibiotics and the solubilization of nutrients and metals in 

both MW/H2O2 and MW/S2O8
2- treatments. The contribution of reactive radicals for the 

degradation of thermally stable micro-pollutants, as well as for nutrient and metal 

solubilization were confirmed for both treatments. 

 

Of the two treatments, since MW/S2O8
2- can be applied as a single stage process, while 

MW/H2O2 requires a pre-heating stage to prevent unproductive consumption of the 

oxidizing species, MW/S2O8
2- can be more promising for sludge treatment. However, further 

optimization and evaluation of MW/S2O8
2- for the production of sludge suitable for land-

application should be carried out.  



 

126

7.  Fe2+ AND CONVENTIONAL HEATING ACTIVATED PERSULFATE 

TREATMENT OF SECONDARY SEWAGE SLUDGE: 

ANTIBIOTIC DEGRADATION AND SLUDGE SOLUBILIZATION  

 

 
7.1.  Introduction 

 

Management of waste sewage sludge is a multidimensional challenge owing to the fact 

that sludge comprises of both valuable constituents as well as of problematic organic and 

inorganic contaminants. Among different sludge management options, land-application is still 

the most desired alternative, since it offers the beneficial reuse of valuable sludge constituents.  

On the other hand, in order to prevent potential harmful impacts on the environment, waste 

sludge has to be stabilized prior land-application to reach specific limits of pollutants defined 

by the regulations. However, contamination of the sludge is not limited to regulated pollutants; 

occurrence of various non-regulated pollutants in the sludge has been proved recently (Oncu-

Bilgin and Balcioglu-Akmehmet, 2013a; Stasinakis, 2012; Clarke and Smith, 2011). Owing to 

intensive global consumption of antimicrobial products, antimicrobial contaminants such as 

antibiotics and antibiotic resistance carriers (Oncu-Bilgin and Balcioglu-Akmehmet, 2013a) 

constitute an important problem for the land-application of biosolids and have to be controlled 

along with other regulated pollutants. Some antibiotics such as TET and FQ groups tend to 

accumulate in sewage sludge mainly by partitioning to the solid phase and are therefore less 

vulnerable to biodegradation (Oncu-Bilgin and Balcioglu-Akmehmet, 2013a; Zhang et al., 

2011). Recent studies demonstrate the significance of antimicrobial contamination originating 

from sewage treatment plants. Incomplete removal of antimicrobial agents during wastewater 

treatment and selection of resistant bacteria among other populations during tertiary wastewater 

treatment (LaPara et al., 2011) is believed to contribute to the dissemination of antibiotic 

resistant pathogens. 

 

While sludge treatment methods including chemical oxidation have generally been 

developed to reduce sludge production and accelerate anaerobic digestion (Carrere et al., 2010), 

fewer number of studies have explored the role of these for micro-pollutant degradation and to 

the best of our knowledge no literature is available regarding antibiotic degradation except our 

previous study (Oncu-Bilgin and Balcioglu-Akmehmet, 2013b). The superiority of chemical 
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oxidation technologies such as ozone and photocatalytic oxidation over conventional 

chlorination in degrading resistance carriers in water was shown (Oncu-Bilgin et al., 2011) and 

powerful oxidation technologies can be also applied to remove recalcitrant antibiotics from 

sludge. A promising chemical oxidant is persulfate, which can generate sulfate radicals upon 

different activation aids such as heat and transition metal catalysts (Siegrist et al., 2011; 

Tsitonaki et al., 2010). Sulfate radicals have higher selectivity than hydroxyl radicals and thus 

can provide better removal of target organics from matrixes with high organic content (Uslu-

Otker and Balcioglu-Akmehmet, 2009; Peyton, 1993).  

 

Utilization of iron is one of the most commonly applied persulfate activation aids. As both 

ferrous (Fe2+) and ferric forms (Fe3+) of iron are well known coagulants and can precipitate 

orthophosphate in the sludge (Zhang et al., 2010; Amuda and Amoo, 2007), addition of iron to 

the sludge during persulfate treatment can provide the preservation of phosphorus in the solid 

phase. This can be an important benefit since, during chemical treatment processes generally 

the nutrients are released to the dissolved phase as a result of sludge solubilization and while 

the recovery of the released nutrients from the dissolved phase is possible, some treatment 

processes can result in biosolids that are not rich enough in nutrients and are thus of low 

fertilizer value (Shanableh and Ginige, 1999). Another benefit with persulfate treatment can be 

provided by the acidic conditions that are typical to the process when the pH is not controlled; 

these can facilitate the solubilization of metals that are another regulated pollutant group in 

biosolids. Moreover, treatment of sludge with Fe2+ activated persulfate can result in 

considerable enhancement in the dewatering properties of sludge (Zhen et al., 2012a, 2012b, 

2012c) thus facilitating both the separation of the solubilized metals and decreasing the costs 

associated with sludge drying. 

 

Considering the above mentioned facts, the potential of persulfate activated with Fe2+ for 

the degradation of two antibiotics from the TET and FQ groups – OTC and CIP – in artificially 

contaminated sewage sludge was investigated along with organic matter, nutrient and metal 

solubilization at different experimental conditions. In addition, heat was also utilized as 

activation means of persulfate along with Fe2+. 
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7.2.  Materials and Methods 

 

7.2.1.  Chemicals 

 

Hydrochloride forms of OTC (Sigma) and CIP (MP. Biomedicals) were utilized for the 

spiking of the secondary sludge samples. Na2S2O8 as oxidant, FeSO47H2O as the Fe2+ source 

were purchased from Sigma-Aldrich. Fe2(SO4)3xH2O was used as the Fe3+ source for the 

antibiotic complexation and desorption control experiments. KI (Sigma) and NaHCO3 (Sigma-

Aldrich) were utilized for oxidant analysis. Ferrozine (Fluka), ammonium acetate (Sigma), and 

hydroxylamine hydrochloride (Sigma-Aldrich) were used for determination of iron forms. 

Formic acid and acetonitrile (Sigma-Aldrich) were utilized in the HPLC analyses. All solutions 

were prepared with MQ water (Millipore, Milford, MA).  

 

7.2.2.  Preparation of Antibiotic Contaminated Sewage Sludge 

 

The secondary sewage sludge, the physicochemical properties of which for the course of 

the study (SC-3) are presented in Table 7.1, was contaminated with CIP and OTC antibiotics as 

described previously (See Section 3.2.3).  

 

Table 7.1. Average secondary sewage sludge characteristics and total metal concentrations 

for the SC-3 period. 

Sludge properties   Metals 

Parameter Value   Metals 
Sludge 

concentrations 
(mg/kg DS) 

TS (g/L) 12.7±2.9  Ni 385±11 
VS/TS (%) 57±5  Cr 329±13 

TCOD (g/L) 11.2±1.9  Cu 509±20 
SCOD (mg/L) 83±46  Zn 848±19 
TKN (mg/L) 495±84  Fe 11,987±3,137 
TP (mg/L) 653±16  Mn 495±185 

PO4
3- 61±6  Cd BLD 

pH 6.5−7.0  Pb BLD 
The data are the mean values obtained from n=4 samples 
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When compared with sludge obtained during the SC-1 and SC-2, as previously the most 

important difference in sludge properties was observed in the TP content and in the 

concentrations of some heavy metals (e.g. Cr and Fe). 

 

Antibiotics were spiked to the sludge and the TS was adjusted 10.0±0.1 g/L, which was 

used throughout the study (See Section 3.2.3). Two antibiotic concentrations of 20 mg/L and 

0.8 mg/L were spiked to the sludge as was described previously (Sections 5.2.2 and 6.2.2).  
 

7.2.3.  Fe2+/Heat/S2O8
2- Treatment of Sewage Sludge  

 

Treatment of sewage sludge with Fe2+ and conventional heating activated persulfate was 

performed in bench scale experiments within a low temperature range of 4075C closed TFE 

tubes as described in Section 3.2.5.3. Sludge samples of 25 mL were placed in the TFE tubes, 

then determined amounts of Fe2+ as and persulfate were added consecutively and the samples 

were mixed for 60 s on a vortex (Scientific Industries, Vortex Genie 2; VIRTIS Sentry 5L). No 

effort was spend for pH control. A total of 27.5 mL sludge samples (TS=10 g/L) containing 

determined amounts of Fe2+ and oxidant (S2O8
2-) in the TFE tubes were inserted in a 

temperature controlled water bath at 200 rpm for a reaction period of 120 min, which was 

determined by preliminary experiments. At the end of the treatment process, before the 

subsequent analyses were carried out, the vessels were immediately inserted in an ice bath to 

quench the reaction (Liang et al., 2003). 

 

7.2.4.  Experimental design 

 

In order to explore the effects of the selected variables on the efficiency of 

Fe2+/heat/S2O8
2- for sludge treatment, a 23 full factorial design with three independent variables 

(A: temperature; B: oxidant dose; C: Fe2+/S2O8
2- molar ratio) was performed. The Fe2+ 

concentration was varied accordingly to provide the desired Fe2+/S2O8
2- molar ratio for a given 

oxidant dosage. The Fe2+ dosages utilized in the study were in the range of 4.0−28.4 mM. It 

should be noted that preliminary experiments were carried out to determine the extreme values 

(design’s corner points) of the variables. The experimental range and the levels of the 

independent variables are given in Table 7.2. 
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As can be seen from Table 7.2, each one of the three variables received two values as 

indicated by the plus and the minus signs, while a central value was indicated by 0. The minus 

sign for the oxidant dose variable indicates the absence of it. 

 

Table 7.2.  Independent variables and their levels used in the 23 full factorial design for 

sewage sludge treatment with Fe2+/heat/S2O8
2-. 

Experimental factors Symbol   
Level  

(-) 
Level 

(0) 
Level 

(+) 

Temperature (ºC) A  40.0 57.5 75.0 

Oxidant dose (g/g TS) B  
    

0.15 
    

0.29 
    

0.44 

Fe2+/S2O8
2- (molar ratio) C   

    
0.50 

    
0.87 

    
1.25 

 

7.2.5.  Analytical methods 

 

Extraction, purification, and analysis of OTC and CIP in raw and treated sludge samples 

was carried out with ultrasound assisted solvent extraction, SPE, and HPLC, respectively as 

described previously in Section 3.2.6.6. Antibiotic degradation was calculated as the percent 

change in antibiotic concentration after sludge treatment. Initial antibiotic concentrations were 

determined in each experiment in order to eliminate the probable influence of changes in sludge 

characteristics on the antibiotic recoveries. The degradation rates observed for the antibiotics 

spiked to the sludge at low concentrations were confirmed with qualitative LC-MS/MS analysis 

(See Section 3.2.6.6). 

 

Characterization of raw and treated sludge samples for SCOD, TCOD, nutrients, and 

metals was performed as described previously (Section 3.2.6.2 and Section 3.2.6.6). Persulfate 

concentrations in the samples were determined spectrophotometrically by the modified 

iodometric method of Liang et al. (2008) as described in Section 3.2.6.3. The concentration of 

Fe2+ and total iron were measured in some samples with a modified ferrozine method (See 

Section 3.2.6.4). 
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7.3.  Results and Discussion 

 

The experimental design results of antibiotic degradation and sludge solubilization of each 

19 experiments for Fe2+/heat/S2O8
2- treatment are shown in Table 7.3. Additional results 

including the influence of treatment conditions on sludge pH and persulfate consumption are 

given in Table 7.4. The statistical significances of the effects of the selected independent 

variables on the efficiencies of the processes were evaluated and the significant factors 

(p<0.05) with decreasing order of effects are shown in Figure 7.1 (a)-(f) as Pareto charts. 



 

 

Table 7.3. 23 full factorial design table for the coded factors and the responses obtained for sewage sludge treatment with Fe2+/heat/S2O8
2-.     

          Responses 

  Process parameter levels  Antibiotic degradation 
(%)     Solubilization (%) 

Experiment 
number A B C   OTC  CIP  

PO4
3- 

precipitated 
(%)*  

Organic carbon 
(SCOD/TCOD×100) 

Nitrogen 
(NH4

+/TKN) 

Overall 
metal 

(MeS/MeT) 
8     27.5   6.7  86.3     9.3 0.6 31.1 

12     25.4   5.9  85.6    9.4 0.6 31.5 
6     33.6 19.1  97.8    8.9 1.0 46.5 

15     34.3 17.5  98.3    9.8 1.2 45.9 
1     70.4 57.4  94.2  12.5 2.4 47.9 

14     68.2 55.4  94.5  13.9 2.6 47.4 
4     79.0 77.9  79.9  11.7 6.3 60.7 
5     81.2 75.8  78.7  10.1 6.8 59.9 
7 0 0 0  92.3 96.1  94.7  11.8 2.7 48.8 

10 0 0 0  94.1 95.2  92.9  13.2 2.7 50.3 
17 0 0 0  96.0 96.5  92.7  14.2 2.7 49.6 
16     68.1 31.3  73.5  18.5 1.9 40.5 
19     70.0 33.3  73.7  17.7 1.8 41.8 
3     85.2 42.8  96.0  13.2 2.0 52.1 
9     88.1 41.6  96.5  12.6 2.2 52.8 

11     99.9 96.1  92.1  24.7 6.1 53.2 
18       100** 97.2  90.9  23.4 6.0 54.9 
2       100**   100**  73.5  22.1 9.1 65.6 

13        100**   100**   73.2   20.4  8.8  65.1 
A: Temperature; B: Persulfate dose; C: Fe2+/S2O8

2- molar ratio 
* Percentage of precipitation based on initial PO4

3- present in the sludge 
** BLD 
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Table 7.4. Solubilization of individual metals, iron precipitation, sludge pH, and oxidant consumption for sewage sludge treatment with 

Fe2+/heat/S2O8
2-.   

  Process parameter 
levels   Metal solubilization (%)       pH     

Experiment 
number A B C   Cr Cu Mn Ni Zn   

Fe 
precipitated 

(%)* 
  pHi pHf   Consumed   

S2O8
2- (%) 

8     0.9 31.3 26.2 50.0 47.4  98.6  5.1 5.0  50.2 
12     0.5 32.9 26.9 49.1 48.3  98.3  5.0 4.8  49.0 
6   +  20.4 40.6 56.1 54.8 60.4  86.9  3.4 3.0  96.4 

15   +  21.1 41.7 56.8 57.2 52.9  86.3  3.5 3.1  97.5 
1     23.0 47.7 46.0 65.7 57.3  19.5  3.2 2.6  45.7 

14  +   24.3 47.8 46.9 60.2 57.7  21.9  3.0 2.4  46.2 
4     49.5 48.9 77.3 72.0 55.8  47.3  2.7 2.5  69.1 
5  + +  46.3 48.9 77.2 71.7 55.4  49.0  2.7 2.3  68.3 
7 0 0 0  28.9 48.4 47.3 63.0 56.7  63.2  3.0 2.5  96.2 

10 0 0 0  30.6 46.2 48.0 71.4 55.5  51.3  3.0 2.4  96.3 
17 0 0 0  32.8 49.1 45.2 66.9 53.8  59.3  3.1 2.4  96.0 
16     7.8 34.3 42.0 61.4 56.8  51.6  4.9 4.4  93.5 
19     10.4 34.1 45.3 60.5 58.7  53.8  4.6 4.5  93.8 
3 +  +  26.9 45.6 71.6 59.0 57.6  59.6  3.3 3.2  98.3 
9     27.7 46.9 70.9 59.9 58.3  60.1  3.3 3.0  98.6 

11 + +   39.6 49.9 59.2 56.3 61.2  29.1  3.1 2.2  92.7 
18 + +   39.3 48.9 58.5 66.3 61.6  28.1  3.3 2.2  92.1 
2     62.4 51.1 84.2 73.5 56.7  39.9  2.8 2.1  99.6 

13 + +    59.0 51.0 84.6 73.5 57.2   42.2   3.0 2.0  99.8 
**Percentage of precipitation based on added Fe 

  A: Temperature; B: Persulfate dose; C: Fe2+/S2O8
2- molar ratio; pHi: initial pH after iron and oxidant addition; pHf: final pH after sludge treatment 
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Figure 7.1. Pareto charts for (a) OTC and (b) CIP degradation, solubilization behavior 

of (c) organics, (d) phosphorus, (e) nitrogen, and (f) metals during sewage sludge treatment 

with Fe2+/heat/S2O8
2- (A: Temperature; B: Persulfate dose; C: Fe2+/S2O8

2- molar ratio). 
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7.3.1.  Effect of Fe2+/heat/S2O8
2- Treatment on Antibiotic Degradation  

 

Degradation of OTC and CIP in control experiments and at selected conditions from the 

experimental design and at constant persulfate dosage of 0.44 g/g TS are displayed in Figure 

7.2. In addition, degradation rates of the antibiotics for two different spiking concentrations 

(20 mg/L and 0.8 mg/L, respectively) are compared at 75C.  
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Figure 7.2. Degradation of OTC and CIP at two different spiking concentrations during 

treatment of sewage sludge with Fe2+/heat/S2O8
2- (CT: temperature control; CO: oxidant 

control). 

 

Negligible degradation of OTC and CIP took place in the control experiment carried 

out at 25 C with 0.44 g S2O8
2-/g TS (Figure 7.2), which shows that persulfate was not 

considerably activated at room temperature. As can be seen from Table 7.3 and Figure 7.2, 

the degradation of the antibiotics increased with temperature, oxidant dose and Fe/S2O8
2- 

ratio. These results indicate that higher degree of persulfate activation took place with 

temperature and Fe2+ dosage according to Eqns. 2.24 and 2.25, respectively. 
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Pareto charts demonstrated that the most important factors for both OTC and CIP 

degradation were the oxidant dose and the temperature (Figure 7.1). While OTC degradation 

mainly depended on temperature, CIP degradation depended mainly on oxidant dose (Figure 

7.1). As mentioned in the Section 6, this result can obviously be attributed to the thermal 

instability of OTC as opposed to the relatively high thermal stability of CIP.  For instance, 

OTC degradation improved from 13% to 51% only with temperature increase from 40C to 

75C in the absence of persulfate (Figure 7.2). On the other hand, CIP degradation at 75C 

improved from 32% to 97% when the persulfate dosage was increased from 0.15 g/g TS to 

0.44 g/g TS (Fe/S2O8
2- = 0.5) (exp. 16, 19-11, 18 in Table 7.3). As in the case of persulfate 

oxidation assisted with MW, due to the thermal instability of OTC, the enhancement in its 

degradation with oxidant dosing at high temperature was not as remarkable as for that of 

CIP, which resulted in a negative interaction of the temperature and oxidant dose (Figure 

7.1). Complete degradation of both antibiotics was obtained at the most extreme conditions 

of the design (75C, 0.44 g/g TS, Fe/S2O8
2- = 1.25). 

 

The Fe/S2O8
2- ratio was the third most important factor for CIP degradation and the 

fourth most important factor for OTC degradation (Figure 7.1). The positive influence of 

Fe/S2O8
2- ratio indicates enhanced persulfate activation at higher iron dosage. Possible 

enhancement in persulfate activation by iron addition was also demonstrated by the higher 

persulfate utilization rate at higher Fe2+/S2O8
2- dose especially at 40C (Figure 7.3 and exp. 

8, 12-6, 15 in Table 7.4).  
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Figure 7.3. Persulfate consumption and pH change as a result of sludge treatment with 

Fe2+/heat/S2O8
2-. 

 

By the addition of Fe2+ to the sludge pH exhibited a rapid decline and a higher decline 

in the pH value of the sludge was obtained by higher Fe2+/S2O8
2- dose application. These 

observations support the well-known fast activation of persulfate with iron, which requires 

lower activation energy than that of heat activation (Kolthoff and Miller, 1951; Gupta and 

Gupta, 1981). The acidic conditions developed by the addition of iron activator can also 

provide increased rate of sulfate radical generation via Eqn. 2.26. 

 

As can be seen from Table 7.3, increase in the Fe2+ dosage enhanced CIP degradation 

to a higher degree at 40C (e.g. exp. 1, 14- 4, 5) than that at 75C (e.g. exp. 11, 18-2, 13); 

this resulted in a negative interaction between the temperature and the Fe2+/S2O8
2- ratio for 

CIP. This can be since at 75C, the temperature should be the major activator for persulfate, 

which resulted in lower influence to be observed for the iron dosage. This result was also 

supported by the higher increase in CIP degradation with addition of 0.44 g S2O8
2-/g TS in 

the absence of iron at 75C compared to 40C (difference between CIP degradation at CO 

and CT at 40C and at 75C in Figure 7.1). The interaction of temperature and Fe2+/S2O8
2- 

ratio was not significant for OTC (p<0.05).  
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Regarding contaminant degradation, different results were reported for the combined 

activation of persulfate with heat and Fe2+ in the literature. For example, while Romero et al. 

(2010) reported enhancement in diuron degradation with persulfate in water by addition of 

Fe2+ at 50C (initial pH 4-5 and not controlled during oxidation), Oh et al. (2009) reported 

that the activation of persulfate in a system utilizing Fe2+/heat/persulfate to treat polyvinyl 

alcohol in water was mainly heat dominated even at moderate temperatures (e.g. 40C, pH 

was not reported). In the present study, the activation of persulfate was mainly heat 

dominated at 75C. 

 

Fe2+ could not be identified in the supernatant of the sludge due to fast oxidation to 

Fe3+ via Eqn. 2.25 as was also observed by Liang et al. (2004). Nevertheless, it was 

suggested that activation of persulfate by Fe3+ was probable by the following chain reactions 

(Eqns. 10.1-10.2) that involve the reaction of Fe3+ with organic radicals (R•), which leads to 

regeneration of Fe2+ (Liang et al., 2009):  

 

SO4
-• + RH  R• + H+                            (7.1) 

R• + Fe3+  Fe2+ + products                   (7.2) 

 

However, Liang et al. (2009) reported that the influence of Fe3+ on persulfate activation 

was negligible in the absence of a chelating agent that could keep iron in the soluble phase, 

since ferric iron precipitates to iron hydroxide Fe(OH)3 or hydrous ferric oxide Fe2O3nH2O 

especially above pH 3. 

 

The most important positive contribution of the iron dose on antibiotic degradation in 

the current study can be its influence on antibiotic desorption. As opposed to CHP 

(catalyzed hydrogen peroxide), persulfate may not oxidize strongly sorbed compounds very 

efficiently (Teel et al., 2009). On the other hand, it is known that iron can influence 

antibiotic desorption by complexation. Complexation of ferric iron both with CIP and OTC 

to produce soluble complexes is well-known (Kara et al., 1991; Machado et al., 1995). In 

order to explore this possibility, control experiments were carried out, in which the 

desorption of the antibiotics by formation of soluble complexes with ferric iron was 

investigated. For this purpose Fe3+ at three different concentrations was added to the sludge, 

which was then equilibrated at 200 rpm for 30 min at different temperatures. Then the 



 

139

influence of equilibration period was investigated at the optimum conditions obtained for 30 

min. The highest Fe3+ concentration used in these experiments corresponded to the highest 

amount of Fe2+ used in the study. The results of these experiments are shown in Figure 7.4.  

 

 

Figure 7.4. Influence of ferric iron on (a) antibiotic desorption and (b) on antibiotic 

degradation at different temperatures in equilibration time of 30 min. 

 

As can be seen from the figure, Fe3+ resulted in antibiotic desorption, which was more 

pronounced for CIP (Figure 7.4 (a)). Degradation of OTC especially with temperature 

increase could have hampered evaluating reliably the influence of Fe3+ on it’s desorption. 
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On the other hand, 84% of the CIP concentration in the sludge was desorbed to the dissolved 

phase in 30 min at 75C by the addition of 28.4 mM Fe3+. Prolonging the equilibration 

period to one hour as well as to two hours did not improve antibiotic desorption rates 

considerably (data not shown) indicating that the antibiotics desorbed in a relatively short 

time and were then available for oxidation with persulfate. The highest Fe3+ dose resulted in 

the highest rate of antibiotic desorption.  

 

Lower degradation rates were observed for antibiotics spiked at low concentrations 

during treatment of sludge with Fe2+/heat/S2O8
2- at a lower Fe2+/S2O8

2- dose (85% and 91% 

for OTC and CIP, respectively, Figure 7.2) and much lower degradation rates were observed 

when iron was not added (74% and 81% for OTC and CIP, respectively). On the other hand, 

when the Fe2+/S2O8
2- dose was increased to 1.25, complete degradation of the antibiotics 

spiked at low concentrations was observed. This can be attributed to the greater competitive 

influence exerted by solubilized organics for the oxidant when antibiotics are present at 

lower concentrations and when their sufficient desorption is not provided due to insufficient 

amount of iron. While concurrent antibiotic desorption and degradation took place in 

MW/S2O8
2- because of the specific characteristics of the MW process, in the Fe2+/S2O8

2- 

process, antibiotic desorption during oxidation was provided by complexation with iron and 

by pH decline (Table 7.5 and Figure 7.3.). While both the iron and persulfate dosages 

utilized in the study for sludge treatment were higher than those utilized previously by Zhen 

et al. (2012a, b, c), it is obvious that these concentrations are necessary to achieve complete 

antibiotic degradation especially when the antibiotics are present at low concentrations in 

the sludge.  

 

The oxidative influence of Fe3+ produced during persulfate oxidation process would 

also have a positive contribution on antibiotic degradation, as described by Liang et al. 

(2009), who suggested the reduction of organics with ferric iron by Eqn. 7.3. Fe3+ has 

reducing potential of 0.77 V and thus can contribute to higher oxidizing conditions in the 

medium. 

 

RH + Fe3+  Fe2+ + RH+              (7.3) 
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While it is known that Fe3+ can especially oxidize quinone intermediates that are 

produced during radical oxidation reactions of aromatics (Chen and Pignatello, 1997), this 

reaction is very slow as suggested by the findings of Anipsitakis and Dyonisiou (2004) who 

reported 7.5% degradation of 2,4-dichlorophenol by Fe3+ at pH 3 within 30 min of reaction 

period. In the present study, it is obvious that the most important contribution of Fe2+ dosing 

on antibiotic degradation was the desorptive influence of Fe3+ by its complexation with the 

antibiotics. 

 

7.3.2.  Effect of Fe2+/heat/S2O8
2- Treatment on Sludge Solubilization  

 

As can be seen from the results in Table 7.3 and the Pareto chart displayed in Figure 

7.1 (c), an increase in both temperature and oxidant dose enhanced organic carbon 

solubilization, which indicated increased cell lysis. The highest SCOD/TCOD ratio (24%) 

was obtained at 75C with a persulfate dose of 0.44 g/g TS and a Fe2+/S2O8
2- ratio of 0.5 

(exp. 11, 18 in Table 7.3). The positive interaction of temperature and oxidant dose 

indicated their synergistic influence on organic carbon solubilization. 

 

While the addition of iron during persulfate treatment at both 40C and 75C resulted 

in increase in the SCOD/TCOD ratio compared to that obtained both in the absence of iron 

or in the absence of both persulfate and iron in control experiments (Figure 7.5), lower 

organic carbon solubilization was obtained with a Fe2+/S2O8
2- dosage of 1.25, compared to 

that obtained with 0.5 (e.g. exp. 11, 18-2, 13 in Table 7.3).  
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Figure 7.5. Influence of Fe2+/heat/S2O8

2- treatment on soluble and total organic content 

of sludge. 

 

This negative influence of increased Fe2+/S2O8
2- dosage was also obvious in the Pareto 

chart (Figure 7.1 (c)). In addition, a negative interaction of the temperature and the 

Fe2+/S2O8
2- dose suggested a decrease in organic carbon solubilization. This result can be 

partially due to increased sludge oxidation compared to solubilization via enhanced 

persulfate activation at higher iron dosage, which is also consistent with the declines 

observed in the TCOD and SCOD values (Figure 7.5). This result is also consistent with the 

higher antibiotic degradation rates at higher Fe2+/S2O8
2- dosage and indicates that enhanced 

antibiotic degradation cannot be attributed solely to desorption, but also to enhanced 

persulfate activation. Since higher dissolved iron concentrations were provided at a higher 

Fe2+/S2O8
2- ratio, precipitation of SCOD with iron is another possibility for the decline in 

solubilization. Both ferrous and ferric forms of iron are used as flocculants to precipitate 

COD and orthophosphate; and precipitation can take place in a wide range of pH (Zhang et 

al., 2010; Amuda and Amoo, 2009). Comparison of the COD values obtained in temperature 

control experiments (Figure 7.5) and control experiments performed with 28.4 mM Fe3+ 

(Table 7.5) at 40C and 75C demonstrated that some COD precipitation could have taken 

place in the present study during sludge treatment with Fe2+/heat/S2O8
2-. 
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Table 7.5 Influence of Fe3+ (28.4 mM) on organic carbon solubilization and PO4
3- 

precipitation within equilibration time of 30 min. 

Temperature 
(C) 

SCOD 
(mg/L) 

TCOD 
(g/L) 

Organic carbon 
solubilization 

(SCOD/TCOD×100) 

PO4
3- 

precipitation 
(%)* 

40 128.4 5.6 2.3 98.8 
75 499.4 5.6 8.9 91.5 

                 * Percentage of precipitation based on initial PO4
3- in dissolved phase 

 

As a result of higher oxidation rate of proteins released from bacterial cells, higher 

degree of nitrogen solubilization took place at higher oxidant dose (e.g. 6, 15-4, 5 in Table 

7.3), in accordance with previous studies (Wong et al., 2007) and with the results obtained 

for MW/S2O8
2-. Thus the highest influence on nitrogen solubilization was exerted by the 

oxidant dose (Figure 7.1 (d)). The temperature and the Fe2+/S2O8
2- ratio also exerted a 

positive influence on ammonia solubilization. 

 

As anticipated, the addition of iron resulted in precipitation of the orthophosphate that 

was initially present in the liquid phase of the sludge (Zhang et al., 2010); therefore, the 

influence of process parameters on phosphorus fate was expressed as percentage of 

precipitated orthophosphate. Since both temperature and oxidant dose enhanced sludge 

solubilization, these factors and their interaction exerted a negative influence on phosphate 

precipitation (Figure 7.1 (e)). While the Fe2+/S2O8
2- ratio on phosphate precipitation was not 

significant (p<0.05), it is more appropriate to analyze the relationship of precipitated 

orthophosphate at different initial Fe2+ concentrations, since the added iron amounts varied 

depending on the persulfate dosage. This relationship is displayed in Figure 7.6.  
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Figure 7.6. Precipitation of PO4
3- based on initial concentration at different iron 

concentrations utilized during sludge treatment with Fe2+/heat/S2O8
2-. 

 

As can be seen from the figure, higher amount of PO4
3- precipitated with increased Fe2+ 

dose when the persulfate dosage was 0.15 g/g TS. The precipitation of PO4
3- with Fe3+was 

also confirmed in the control experiments performed with 28.4 mM Fe3+ as shown in Table 

7.5. However when the persulfate dosage was fixed at 0.44 g/g TS, increase in the Fe2+ dose 

resulted in higher phosphorus solubilization, which decreased the overall amount of 

precipitated PO4
3-. This indicates that precipitation of PO4

3- was overcome by solubilization 

at these conditions. As a result, a positive interaction of the oxidant dosage and the 

Fe2+/S2O8
2- ratio was observed in the Pareto chart (Figure 7.1 (e)). At higher persulfate 

dosage and with increase in the Fe2+/S2O8
2- ratio, greater decline in the pH with higher 

activation degree of persulfate could have also promoted the solubilization of phosphorus.  

 

It should be noted that the amount of iron that will be spent for PO4
3- precipitation in 

the sludge will depend on the initial PO4
3- content present in the dissolved phase of the 

sludge, which will in turn influence the oxidation efficiency. For example, if the initial PO4
3- 

content is low, excess iron can act as a scavenger according to Eq. 7.4 and can reduce the 

process efficiency (Oh et al., 2009).  

 

Fe2+ + SO4
-•  Fe3+ + SO4

2-    k = 4.6  109 M-1s-1               (7.4) 
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The highest metal release (65%) was obtained with Fe2+/heat/S2O8
2- treatment of sludge 

at 75C and with 0.44 g S2O8
2-/g TS and Fe2+/S2O8

2- ratio of 1.25 (exp. 2, 13 in Table 7.3). 

This observation can be attributed to the enhanced solubilization of the sludge, as well as to 

the influence exerted on metal speciation by the severe pH decline (Table 7.4). Solubilized 

metals can also promote persulfate activation in a similar manner with Fe2+. Solubilization 

rates of individual metals are also given in Table 7.4. Precipitation of iron took place after 

treatment as expected and the detected liquid phase iron concentrations were lower than the 

added concentrations. However, due to the complexity of the matrix and changes in sludge 

characteristics at different treatment conditions, the precipitated iron concentrations could 

not be statistically correlated with the precipitated PO4
3- concentrations. 

 

7.4.  Conclusion 

 

Complete degradation of CIP and OTC antimicrobial micro-pollutants in secondary 

sewage sludge was achieved along sludge solubilization with Fe2+/heat activated persulfate 

treatment. All of the studied process parameters exerted significant and important effects on 

both antibiotic degradation and sludge solubilization. Especially the dosing of iron provided 

considerable antibiotic desorption and thus was crucial for the complete elimination of the 

antibiotics that were spiked to the sludge at low concentrations. Addition of iron also 

provided precipitation of phosphorus and thus can enhance the fertilizing value of the treated 

sludge. However, specific attention should be paid to optimize the process depending on the 

initial phosphorus concentration in the sludge, which may influence the efficiency of the 

process. 
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8.  SUMMARY AND CONCLUSIVE REMARKS 

 

 
The effectiveness of conventional water treatment technologies for the prevention of 

antimicrobial pollution dissemination has been questioned due to considerable increase in 

the prevalence and proliferation of antimicrobial resistance. Antibiotic resistance carrier 

elements are increasingly found in the effluents of treatment plants and can inevitably 

reach natural waters and contaminate drinking water sources. Therefore, preventive efforts 

must focus on monitoring both drinking water quality and effluent quality of treatment 

plants.  

 

On the basis of this objective, chemical oxidation processes were evaluated in the 

thesis for their effectiveness to destruct antimicrobial pollution in water as well as in waste 

sewage sludge, which can be considered a significant point source. In the first part of the 

thesis, the effectiveness of ozone and heterogeneous photocatalytic oxidation on the 

reduction of antibiotic resistance transfer risk through a resistance carrier bacterial plasmid 

DNA was evaluated and compared with conventional chlorine oxidation. Two different 

catalysts, a commercial TiO2-P25 and a nano-fiber-TiO2 photocatalyst that was prepared in 

the laboratory were utilized for heterogeneous photocatalytic oxidation of the water. In the 

second part of the thesis, destruction of CIP and OTC, model antibiotics commonly 

detected in waste sewage sludge was investigated during chemical treatment of sludge with 

ozonation, hydrogen peroxide oxidation assisted with microwave irradiation (MW/H2O2), 

persulfate oxidation assisted with microwave irradiation (MW/S2O8
2-), and persulfate 

oxidation activated with ferrous iron and conventional heating. The major outcomes of the 

thesis can be listed as follows:  

 

 Both ozonation and photocatalytic treatment with TiO2-P25 induced considerable 

structural damage on the resistance carrier plasmid DNA. Increase in conformational 

changes of plasmid DNA structure either with increased ozone dose or with photocatalytic 

treatment period resulted in higher inhibition in the transformation efficiency of competent 

cells, which indicated decline in the antibiotic resistance transforming ability of the 

plasmid DNA. 



 
147

 Ozone and TiO2-P25 were more effective in damaging the plasmid DNA having a low 

initial concentration of 6.4 mg/L compared to a high initial concentration of 12.8 mg/L.  

Although, complete destruction of the plasmid DNA with initial concentration of 6.4 mg/L 

and complete prevention of antibiotic resistance transfer necessitated an ozone dose of 4 

mg/L or a long photocatalytic treatment period of 75 min, the considerable improvement in 

the degradation of the plasmid DNA at lower initial concentration indicates that ozone 

doses commonly used for water treatment and heterogeneous photocatalysis with TiO2-P25 

can be effective to destruct plasmid DNA that is found at environmental concentrations. 

 

 While the nano-fiber-TiO2 induced slight modifications in the structure of the plasmid 

DNA and thus further improvement in material properties is required to enhance its 

photocatalytic efficiency, it had excellent uniform fiber structure and the surface area was 

similar to that of the commercial TiO2-P25. Therefore, the material can be promising for 

supported photocatalytic system applications and can facilitate catalyst removal after water 

treatment.  

 

 Chlorination, which is still one of the most widely applied technologies, was 

ineffective even at a dose higher than those utilized commonly for water treatment, 

indicating that chlorine cannot be the technology of choice to prevent antimicrobial 

contamination in drinking water. It is suggested that more effective oxidation processes 

such as ozonation and heterogeneous photocatalysis can be much appropriate to control 

antibiotic resistance contamination in water. 

 

 The fate of CIP and OTC during the treatment of sludge with chemical oxidation 

presented the dependency of the degradation efficiency on two major factors: i) the degree 

of antibiotic desorption and ii) the degree of competitive influence exerted by solubilized 

sludge components. When the desorption of the antibiotics was provided prior chemical 

oxidation or concurrently with sludge oxidation, the solubilized organics did not 

considerably influence the degradation efficiency and almost complete degradation of the 

antibiotics was achieved. However, the degradation rate of the antibiotics at low 

concentrations slowed down considerably when the desorption efficiency was not 

sufficient and when the sludge contained high amounts of competing solubilized 

constituents. 
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 Among the studied processes, it was shown that ozonation is more suitable for the 

treatment of sludge with a low TS content (2.5 g/L), since at high TS (10 g/L) ozone gas 

transfer within the sludge was inefficient and the competitive influence of the solubilized 

sludge organics exerted considerable negative influence on the process efficiency. 

Therefore, further process modification had to be applied to desorb the target contaminants 

and to improve their degradation.  

 

 The desorption of antibiotics in the ozonation process was achieved either with Mg2+ 

pretreatment (0.09 g Mg2+/g TS) or by increasing the pH to 11.5. While increasing the pH 

improved CIP desorption (90%) to a greater extent compared to Mg2+ pretreatment, the 

desorption rates of OTC both with Mg2+ pretreatment and at pH 11.5 were similar (38%). 

As a result, considerable degradation of CIP (>95%) was obtained by ozonation at pH 

11.5, while the higher amount of organics that solubilized (33%) at pH 11.5 compared to 

Mg2+ pretreatment exerted higher competitive influence on OTC degradation. While the 

organics as well as the antibiotics were desorbed by the pH adjustment, Mg2+ pretreatment 

did not cause a remarkable increase in the SCOD. Ozonation at pH 11.5 provided higher 

degree of organic matter solubilization and two-fold higher metal solubilization, while 

Mg2+ pretreatment and subsequent ozonation provided two-fold higher improvement in 

the sludge settleability. 

 

 Thermo-oxidative treatment of sludge with MW/H2O2 and MW/S2O8
2- processes could 

effectively degrade the antibiotics in the sludge having high TS content (10 g/L) owing to 

the desorption ability of MW. In addition, antibiotic desorption was promoted by pH 

decline during treatment with MW/S2O8
2- and most probably in the presence of high 

hydrogen peroxide concentrations during treatment with MW/H2O2. It was revealed that 

oxidant dosing in MW treatment is necessary to synergistically improve micro-pollutant 

degradation, as well as nutrients and metals solubilization in both MW/H2O2 and 

MW/S2O8
2- processes by the production of reactive radicals.  

 

 >97% antibiotic degradation was obtained at both low and high antibiotic 

concentrations along with 22-26% carbon solubilization at 160C within 15 min holding 

time in both MW/H2O2 and MW/S2O8
2- processes, with the oxidant dosages of 1.2 g 

H2O2/g TS and 0.87 g S2O8
2-/g TS, respectively. However, while MW/S2O8

2- can be 
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applied as a single stage process, MW/H2O2 requires a pre-heating stage to prevent the 

inefficient consumption of the oxidizing species and thus the overall treatment time is 

prolonged. In addition, under appropriate treatment conditions, MW/S2O8
2- provided 48% 

higher overall metal solubilization, two-fold higher improvement in sludge dewaterability 

and oxidation of solubilized ammonia leading to 3-fold higher concentrations of nitrate. 

Oxidation of ammonia to nitrate can decrease the potential of nitrogen loss from sludge 

through ammonia volatilization.  

 

 The efficiency of persulfate oxidation process activated by conventional heating 

depended on the addition of iron, which provided both concurrent selective antibiotic 

desorption via complexation and the generation of reactive radicals. The addition of iron 

was crucial especially at low antibiotic concentrations, which were affected by the 

competitive influence of solubilized organic to a greater extent.  

 

 Compared to MW/S2O8
2-, the Fe2+/heat/S2O8

2- process required longer treatment period, 

but almost complete degradation of the antibiotics was achieved at 75C within 120 min, 

with an oxidant dose of 0.44 g S2O8
2-/ g TS, and with a Fe2+/heat/S2O8

2- molar ratio of 1.25. 

On the other hand, as a result of much rapid persulfate consumption in the MW process 

due to the high temperature, residual antibiotics were left in the MW/S2O8
2- process. 

Besides the high antibiotic degradation rate, the Fe2+/heat/S2O8
2- process resulted in 

organic carbon solubilization of 21% and nitrogen solubilization of 9%, which were 

comparable to those obtained with the MW/S2O8
2- process. Metal solubilization was 65%, 

which was 10% lower than that obtained with the MW/S2O8
2- process. Additional benefit 

of ferrous iron addition during persulfate oxidation can be enhanced sludge dewaterability 

due to iron’s coagulation action. Hence, the 73% precipitation of the initial orthophosphate 

concentration that took place at appropriate conditions in the Fe2+/heat/S2O8
2- process can 

increase the fertilizer value of the sludge.  

 

 Of the studied processes, Mg2+ pretreatment combined ozonation, oxidation with 

MW/S2O8
2-, and oxidation with Fe2+/heat/S2O8

2- can provide enhanced dewaterability and 

thus can facilitate the separation of solubilized metals and nutrients from the sludge. 

 



 
150

 The high resistance of CIP to heat and ozone resulted in lower degradation rates 

compared to OTC. Thermo-oxidative sludge treatment by the addition of persulfate 

provided high antibiotic destruction rate, due to the more selective nature of the sulfate 

radicals compared to hydroxyl radicals. Therefore, persulfate oxidation can be more 

suitable for matrices with high organic matter content that can exert considerable 

competitive influence.  

 

 In the thesis, it was shown that chemical oxidants are promising for the effective 

elimination of antimicrobial contaminants in both water and waste sewage sludge. Much 

powerful oxidative radicals are required to properly control antimicrobial pollution in 

water and sludge.  

 

 Further optimization and evaluation of the processes either for direct sludge 

stabilization and conditioning or for sludge pretreatment can be promising. 

 



 
151

REFERENCES 
 
 
Acero, J.L, von Gunten, U., 2000. Influence of carbonate on the ozone/hydrogen peroxide 

based advanced oxidation process for drinking water treatment. Ozone-Science and 

Engineering, 22, 305–328. 

 

Adriaenssens, N., Coenen, S., Versporten, A. Muller, A., Minalu, G., Faes, C., 

Vankerckhoven, V., Aerts, M., Hens, N., Molenberghs, G., Goossens. H., 2011. European 

Surveillance of Antimicrobial Consumption (ESAC): Outpatient Antibiotic Use in Europe 

(1997–2009). Journal of Antimicrobial Chemotherapy, 66, vi47–vi56. 

 

Agerso, Y., Petersen, A., 2007. The tetracycline resistance determinant Tet 39 and the 

sulphonamide resistance gene sulII are common among resistant Acinetobacter spp. 

isolated from integrated fish farms in Thailand. Journal of Antimicrobial Chemotherapy, 

59, 23–27. 

 

Ahn, J.H., Shin, S.G., Hwang, S., 2009. Effect of microwave irradiation on the 

disintegration and acidogenesis of municipal secondary sludge. Chemical Engineering 

Journal, 153, 145–150. 

 

Alexy, R., Kummerer, K., 2006. Antibiotics for human use. In Organic Pollutants in the 

Water Cycle, Reemtsma, T. and M. Jekel (Eds.) (Wiley-VCH, Weinheim) p. 65–83. 

 

Amuda, O.S., Amoo, I.A., 2007. Coagulation/flocculation process and sludge conditioning 

in beverage industrial wastewater treatment. Journal of Hazardous Materials, 141, 778–

783. 

 

Andersen, A., 2001. Disposal and Recycling Routes for Sewage Sludge – Part 3 –   

Scientific and technical sub-component report. European Commission DG Environment – 

B/2. 

 

 



 
152

Andreoli, C., Garbossa, L., Lupatini, G. and Pegorini, S., 2008. Overview. In LeBlanc, R., 

Matthews, P., Roland, P. (Eds.), Global Atlas of Excreta, Wastewater Sludge, and 

Biosolids Management: Moving Forward the Sustainable and Welcome Uses of a Global 

Resource, 15 – 85, UN-Habitat, Nairobi. 

 

Anipsitakis, G.P., Dionysiou, D.D., 2004. Radical generation by the interaction of 

transition metals with common oxidants. Environmental Science and Technology, 38, 

3705–3712. 

 

APHA, 2005. Standard Methods for the Examination of Water and Wastewater, 20th ed. 

American Public Health Association, Washington, DC, USA. 

 

Arikan, O.A., Sikora, L.J., Mulbry, W., Khan, S.U., Rice, C., Foster, G.D., 2006. The fate 

and effect of oxytetracycline during the anaerobic digestion of manure from therapeutically 

treated calves. Process Biochemistry, 41, 1637–1643. 

 

Arikan, O.A., 2008. Degradation and metabolization of chlortetracycline during the 

anaerobic digestion of manure from medicated calves. Journal of Hazardous Materials, 

158, 485–490. 

 

Armstrong, J.L., Calomiris, J.J., Seidler, R.J., 1982. Selection of antibiotic-resistant 

standard plate-count bacteria during water-treatment. Applied Environmental 

Microbiology, 44, 308–316. 

 

Aryal, S., Kim, C.K., Kim, K.W., Khil, M.S., Kim, H.Y., 2008. Multi-walled carbon 

nanotubes/TiO2 composite nanofiber by electrospinning. Materials Science and 

Engineering C-Biomimetic and Supramolecular Systems, 28, 75–79. 

 

Babel, S., Dacera, D.D.M., 2006. Heavy metal removal from contaminated sludge for land 

application: A review. Waste Management, 26, 988–1004. 

 

Balcioglu-Akmehmet, I., Otker, M., 2003. Treatment of pharmaceutical wastewater 

containing antibiotics by O3 and O3/H2O2 processes. Chemosphere, 50, 85–95. 



 
153

Balcioglu-Akmehmet, I, Oncu, N.B., Uslu, M.O., Cengiz, M., 2009. Treatment of 

antibiotics and antibiotic resistant bacteria in manure and water with ozonation process, 

19th World Congress of International Ozone Association, Tokyo, Japan, August 31–

September 3. 

 

Barker-Reid, F., Fox, E.M., R. Faggian, 2010. Occurrence of antibiotic resistance genes in 

reclaimed water and river water in the Werribee Basin, Australia. Journal of Water Health, 

8, 521–531. 

 

Beauchesne, I., Ben, C.R., Mercier, G., Blais, J.F., Ouarda, T., 2007. Chemical treatment 

of sludge: In-depth study on toxic metal removal efficiency, dewatering ability and 

fertilizing property preservation. Water Research, 41, 20282038. 

 

Beltran, F.J., 2004. Ozone Reaction Kinetics for Water and Wastewater Systems, CRC,  

Florida, USA. 

 

Bernal-Martinez, A., Carrere, H., Patureau, D., Delgenes, J.P., 2005. Combining anaerobic 

digestion and ozonation to remove PAH from urban sludge. Process Biochemistry, 40, 

32443250. 

 

Bernal-Martinez, A., Carrere, H., Patureau, D., Delgenes, J.P., 2007. Ozone pre-treatment 

as improver of PAH removal during anaerobic digestion of urban sludge. Chemosphere 

2007, 68, 10131019.    

 

Blackwell, P.A., Lutzhoft, H.C.H., Ma, H.P., Halling-Sorensen, B., Boxall, A.B.A., Kay, 

P., 2004. Ultrasonic extraction of veterinary antibiotics from soils and pig slurry with SPE 

clean-up and LC-UV and fluorescence detection. Talanta 64, 10581064. 

 

Bougrier, C., Albasi, C., Delgenes, J.P., Carrere, H., 2006. Effect of ultrasonic, thermal 

and ozone pre-treatments on waste activated sludge solubilisation and anaerobic 

biodegradability. Chemical Engineering and Processing, 45, 711718. 



 
154

Bougrier, C., Battimelli, A., Delgenes, J.P., Carrere H., 2007. Combined ozone 

pretreatment and anaerobic digestion for the reduction of biological sludge production in 

wastewater treatment. Ozone-Science and Engineering, 29, 201206. 

 

Boxall, A.B.A., Fogg, L.A., Baird, D.J., Lewis, C., Telfer, T.C., Kolpin, D., Gravell, A., 

2005. Targeted monitoring study for veterinary medicines in the UK environment, Final 

Report to the UK Environmental Agency.  

 

Brinker, C.J., Scherer, G.W., 1990. Sol-Gel Science: The Physics and Chemistry of Sol-

Gel Processing. Academic Press. 

 

Buffle, M.O., Von Gunten, U., 2006. Phenols and amine induced HO• generation during 

the initial phase of natural water ozonation. Environmental Science and Technology, 40, 

30573063. 

 

Buxton, G.V., Greenstock, C.L., Helman, W.P., Ross, AB., 1988. Critical review of rate 

constants for reactions of hydrated electrons, hydrogen atoms and hydroxyl radicals 

(·OH/·O-) in aqueous solution. Journal of Physical and Chemical Reference Data, 17, 513–

886. 

 

Campeau, R.C., Gulli, L.F., Graves, J.F., 1996. Drug resistance in Detroit River Gram-

negative bacilli. Microbios, 88, 205–212. 

 

Carballa, M., Omil, F., Alder, A.C., Lema, J.M., 2006. Comparison between the 

conventional anaerobic digestion of sewage sludge and its combination with a chemical or 

thermal pre-treatment concerning the removal of pharmaceuticals and personal care 

products. Water Science and Technology, 53, 109117. 

 

Carballa, M., Manterola, G., Larrea, L., Ternes, T., Omil, F., Lema, J.M., 2007. Influence 

of ozone pre-treatment on sludge anaerobic digestion: removal of pharmaceutical and 

personal care products. Chemosphere, 67, 14441452. 

 



 
155

Carballa, M., Omil, F., Lema, J.M., 2009. Influence of different pretreatments on 

anaerobically digested sludge characteristics: Suitability for final disposal. Water Air Soil 

Pollution 2009, 199, 311321. 

 

Carrere, H., Bernal-Martinez, A., Patureau, D., Delgenes, J.P., 2006. Parameters 

explaining removal of PAHs from sewage sludge by ozonation. AlChE Journal, 52, 

36123620. 

 

Carrere, H., Dumad, C., Battimelli, A., Batstone, D.J., Delgenes, J.P., Steyer, J.P., Ferrer, 

I., 2010. Pretreatment methods to improve sludge anaerobic degradability: A review. 

Journal of Hazardous Materials, 183, 1–15. 

 

Carucci, A., Cappai, G., Piredda, M., 2006. Biodegradability and toxicity of 

pharmaceuticals in biological wastewater treatment plants. Journal of Environmental 

Science and Health, Part A 41, 1831–1842. 

 

CEC, 1986. Council of the European Communities. Council Directive of 12 June 1986 on 

the protection of the environment, and in particular of the soil, when sewage sludge is used 

in agriculture (86/ 278/EEC). Official Journal of the European Communities L, 181, 6–12. 

 

CEC, 1991. Council of the European Communities. Council Directive of 21 March 1991 

concerning urban waste-water treatment (91/271/EEC). Official Journal of the European 

Communities, L 135, 40 – 52. 

 

CEC, 2000. Council of the European Communities. Working Document on Sludge. Third 

Draft, Brussels 27 April, DG. Environment, 18 pp. 

 

Cengiz, M., Uslu-Otker, M., Balcioglu-Akmehmet, I., 2010. Treatment of E. coil HB101 

and the tetM gene by Fenton's reagent and ozone in cow manure. Journal of Environmental 

Management, 91, 2590–2593. 

 

Cernat, R., Balotescu, C., Ivanescu, D., Nedelcu, D., Lazar, V., Bucur, M., Valeanu, D., 

Tudorache, R., Mitache, M., Dragoescu, M., 2007. Mechanisms of resistance in multiple-



 
156

antibiotic-resistant Escherichia coli strains isolated from drinking and recreational, 

salmaster waters. International Journal of Antimicrobial Agents, 29, S274–S274. 

 

Cesbron, D., Deleris, S., Debellefontaine, H., Roustan, M., Paul, E., 2003. Study of 

competition for ozone between soluble and particulate matter during activated sludge 

ozonation. Chemical Engineering Research and Design, 81, 1165–1170. 

 

Chan, W.I., Wong, W.T., Liao, P.H., 2007. Sewage sludge nutrient solubilization using a 

single-stage microwave treatment. Journal of Environmental Science and Health, Part A, 

42, 59–63. 

 

Chee-Sanford, J.C., Aminov, R.I., Krapac, I.J., Garrigues-Jeanjean, N., Mackie, R.I., 2001. 

Occurrence and diversity of tetracycline resistance genes in lagoons and groundwater 

underlying two swine production facilities. Applied and Environmental Microbiology, 67, 

1494–1502. 

 

Chen, R., Pignatello, J.J., 1997. Role of quinone intermediates as electron shuttles in 

Fenton and photoassisted Fenton oxidations of aromatic compounds. Environmental 

Science and Technology, 31, 2399–2406. 

 

Chen, X., Mao, S.S., 2007. Titanium dioxide nanomaterials: Synthesis, properties, 

modifications, and applications. Chemical Reviews, 107, 2891–2959. 

 

Chen, J.,  Michel, F.C., Sreevatsan, S., Morrison, M., Yu, Z.T., 2010. Occurrence and 

persistence of erythromycin resistance genes (erm) and tetracycline resistance genes (tet) 

in waste treatment systems on swine farms. Microbial Ecology, 60, 479–486. 

 

Cheng, C.J., Hong, P.K.A., Lin, CF., 2012. Improved solubilization of activated sludge by 

ozonation in pressure cycles. Chemosphere, 87, 637–643. 

 

Chenier, M.R., Juteau, P., 2009. Fate of chlortetracycline- and tylosin-resistant bacteria in 

an aerobic thermophilic sequencing batch reactor treating swine waste. Microbial Ecology, 

58, 86–97. 



 
157

Chiew, Y.F., Yeo, S.F., Hall, L.M.C., Livermore, D.M., 1998. Can susceptibility to an 

antimicrobial be restored by halting its use? The case of streptomycin versus 

Enterobacteriaceae. Journal of Antimicrobial Chemotherapy, 41, 247–251. 

 

Chu, L.B., Yan, S.T., Xing, X.H., Yu, A.F., Sun, X.L., Jurcik, B., 2008. Enhanced sludge 

solubilization by microbubble ozonation. Chemosphere, 72, 205–212. 

 

Chu, L.B., Wang, J.L., Wang, B, Xing, X.H., Yan, S.T., Sun, X.L., Jurcik, B., 2009. 

Changes in biomass activity and characteristics of activated sludge exposed to low ozone 

dose, Chemosphere, 77, 269–272.  

 

Clarke, B.O., Smith, S.R., 2011. Review of ‘emerging’ organic contaminants in biosolids 

and assessment of international research priorities for the agricultural use of biosolids. 

Environment International, 37, 226247. 

 

Climent, M., Ferrer, I., Baeza, M.D., Artola, A., Vazquez, F., Font, X., 2007. Effects of 

thermal and mechanical pretreatments of secondary sludge on biogas production under 

thermophilic conditions. Chemical Engineering Journal, 133, 335342. 

 

Conley, E.C., Saunders, V.A., Saunders, J.R., 1986. Deletion and rearrangement of 

plasmid DNA during transformation of Escherichia coli with linear plasmid molecules. 

Nucleic Acids Research, 14, 89058917. 

 

Daughton, C.G. Ternes, T.A., 1999. Pharmaceuticals and personal care products in the 

environment: agents of subtle change? Environmental Health Perspectives, 107, 907–938. 

 

De Witte, B., Dewulf, J., Demeestere, K., Van Langenhove, H., 2009. Ozonation and 

advanced oxidation by the peroxone process of ciprofloxacin in water. Journal of 

Hazardous Materials, 161, 701708. 

 

De Witte, B., Langenhove, H.V., Demeestere, K., Saerens, K., De Wispelaere, P., Dewulf, 

J., 2010. Ciprofloxacin ozonation in hospital wastewater treatment plant effluent: Effect of 

pH and H2O2. Chemosphere, 78, 11421147. 



 
158

DeFlaun, M.F., Paul, J.H., Jeffrey, W.H., 1987. Distribution and molecular weight of 

dissolved DNA in subtropical estuarine and oceanic environments. Marine Ecology 

Progress Series, 38, 6573. 

 

Deleris, S., Paul, E., Audic, J.M., Roustan, M., Debellefontaine, H., 2000. Effect of 

ozonation on activated sludge solubilization and mineralization. Ozone-Science and 

Engineering, 22, 473486. 

 

Deleris, S., Geaugey, P., Camacho, P., Debellefontaine, H., Paul, E., 2002. Minimization 

of sludge production in biological processes: an alternative solution for the problem of 

sludge disposal. Water Science and Technology, 46, 6370. 

 

Demaneche, S., Sanguin, H., Pote, J., Navarro, E., Bernillon, D., Mavingui, P., Wildi, W., 

Vogel, T.M., Simonet, P., 2008. Antibiotic-resistant soil bacteria in transgenic plant fields. 

Proceedings of the National Academy of Sciences of the United States of America, 105, 

3957–3962. 

 

Diao, M., Li, X.Y., Gu, J.D., Shi, H.C., Xie, Z.M., 2004. Electron microscopic 

investigation of the bactericidal action of electrochemical disinfection in comparison with 

chlorination, ozonation and Fenton reaction. Process Biochemistry, 39, 1421–1426. 

 

Diehl, D.L., LaPara, T.M., 2010. Effect of temperature on the fate of genes encoding 

tetracycline resistance and the Integrase of Class 1 Integrons within anaerobic and aerobic 

digesters treating municipal wastewater solids. Environmental Science and Technology, 

44, 9128–9133. 

 

Dodd, M.C., Buffle, M.O., Von Gunten, 2006. Oxidation of antibacterial molecules by 

aqueous ozone: Moiety-specific reaction kinetics and application to ozone-based 

wastewater treatment. Environmental Science and Technology, 40, 19691977. 

 

Dunford, R., Salinaro, A., Cai, L.Z., Serpone, N., Horikoshi, S., Hidaka, H., Knowland, J., 

1997. Chemical oxidation and DNA damage catalysed by inorganic sunscreen ingredients. 

FEBS Letters, 418, 8790. 



 
159

Dytczak, M.A., Londry, K.L., Siegrist, H., Oleszkiewicz, J.A., 2007. Ozonation reduces 

sludge production and improves denitrification. Water Research, 41, 543550. 

 

Dytczak, M.A., Oleszkiewicz, J.A., 2008. Performance change during long-term ozonation 

aimed at augmenting denitrification and decreasing waste activated sludge. Chemosphere, 

73, 15291532.   

 

Eboka, J.C., Okeri, H.A., 2005. Aqueous solubility of ciprofloxacin in the presence of 

metal cations. Tropical Journal of Pharmaceutical Research, 4, 349355. 

 

ElSayed, E.M., Prasher, S.O., Patel, R.M., 2013. Effect of nonionic surfactant Brij 35 on 

the fate and transport of oxytetracycline antibiotic in soil. Journal of Environmental 

Management, 116, 125134. 

 

Elmolla, E., Chaudhuri, M., 2009. Optimization of Fenton process for treatment of 

amoxicillin, ampicillin and cloxacillin antibiotics in aqueous solution. Journal of 

Hazardous Materials, 170, 666–672. 

 

Erden, G., Demir, O., Filibeli, A., 2010. Disintegration of biological sludge: Effect of 

ozone oxidation and ultrasonic treatment on aerobic digestibility. Bioresource Technology, 

101, 8093–8098. 

 

Eriksen, G.S., Amundsen, C.E., Bernhoft, A., Eggen, T., Grave, K., Halling-Sorensen, B., 

Kallqvist, T., Sogn, T., Sverdrup, L., 2009. Risk assessment of contaminants in sewage 

sludge applied on Norwegian soils. Norway: Panel on Contaminants in the Norwegian 

Scientific Committee for Food Safety. 

 

Eriksson, E., Christensen, N., Schmidt, J.E., Ledin. A., 2008. Potential priority pollutants 

in sewage sludge. Desalination, 226, 371388. 

 

ESAC, 2010. Surveillance of antimicrobial consumption in Europe. Available at: < 

http://www.ecdc.europa.eu/en/publications/Publications/antimicrobial-antibiotic-

consumption-ESAC-report-2010-data.pdf> 



 
160

Eskicioglu, C, Kennedy, K.J., Droste, R.L., 2006. Characterization of soluble organic 

matter of waste activated sludge before and after thermal pretreatment. Water Research, 

40, 37253736.    

 

Eskicioglu, C, Kennedy, K.J., Droste, R.L., 2007a. Enhancement of batch waste activated 

sludge digestion by microwave pretreatment, Water Environment Research 2007a, 79, 

23042317. 

 

Eskicioglu, C., Terzian, N., Kennedy, K.J., Droste, R.L., Hamoda, M., 2007b. Athermal 

microwave effects for enhancing digestibility of waste activated sludge. Water Research, 

41, 24572466. 

 

Eskicioglu, C, Kennedy, K.J., Droste, R.L., 2008a. Initial examination of microwave 

pretreatment on primary, secondary and mixed sludges before and after anaerobic 

digestion. Water Science and Technology, 57, 311317. 

 

Eskicioglu, C., Prorot, A., Marin, J., Droste, R.L., Kennedy, K.J., 2008b. Synergetic 

pretreatment of sewage sludge by microwave irradiation in presence of H2O2 for enhanced 

anaerobic digestion. Water Research 42, 46744682. 

 

Eskicioglu, C, Kennedy, K.J., Droste, R.L., 2009. Enhanced disinfection and methane 

production from sewage sludge by microwave irradiation. Desalination, 248, 279285. 

 

Filibeli, A., Ayol, A., 2007. Historical development of sludge management in Turkey. 

Journal of Environmental Science and Technology, 4, 167172. 

 

Flotron, V., Delteil, C., Padellec, Y., Camel, V., 2005. Removal of sorbed polycyclic 

aromatic hydrocarbons from soil, sludge and sediment samples using the Fenton’s reagent 

process. Chemosphere, 59, 14271437. 

 

Fytili, D., Zabaniotou, A., 2008. Utilization of sewage sludge in EU application of old and 

new methods – A review. Renewable and Sustainable Energy Reviews, 12, 116–140. 



 
161

Ghosh, S., Ramsden, S.J., LaPara, T.M., 2009. The role of anaerobic digestion in 

controlling the release of tetracycline resistance genes and class 1 integrons from 

municipal wastewater treatment plants. Applied Microbiology and Biotechnology, 84, 

791–796. 

 

Giger, W., Alder, A.C., Golet, E.M., Kohler, H.P.E., McArdell, C.S., Molnar, E., Siegrist, 

H., Suter, M.J.F., 2003. Chimia, 57, 485–491. 

 

Gobel, A., Thomsen, A., McArdell, C.S., Alder, A.C., Giger, W., Theiss, N., Loffler, D., 

Ternes, T.A., 2005. Extraction and determination of sulfonamides, macrolides, and 

trimethoprim in sewage sludge. Journal of Chromatography A, 1085, 179–189. 

 

Gogate, P.R., Pandit, A.B., 2004. A review of imperative technologies for wastewater 

treatment I: oxidation technologies at ambient conditions. Advances in Environmental 

Research, 8, 501–551. 

 

Golet, E.M., Strehler, A., Alder, A.C., Giger, W., 2002. Determination of fluoroquinolone 

antibacterial agents in sewage sludge and sludge-treated soil using accelerated solvent 

extraction followed by solid-phase extraction. Analytical Chemistry, 74, 54555462. 

 

Golet, E.M., Xifra, I., Siegrist, H., Alder, A.C., Giger, W., 2003. Environmental exposure 

assessment of fluoroquinolone antibacterial agents from sewage to soil. Environmental 

Science and Technology, 37, 32433249. 

 

Gomez, M., Diaz, M.T., Araujo, M., Sueiro, R., Garrido, J., 2010. Waste water treatment 

plants as redistributors of resistance genes in bacteria. Water Pollution X Book Series: 

WIT Transactions on Ecology and the Environment, 135, 83–94.  

 

Gonzalez, O., Sans, C., Esplugas, S., 2007. Sulfamethoxazole abatement by photo-Fenton 

Toxicity, inhibition and biodegradability assessment of intermediates. Journal of 

Hazardous Materials, 146, 459–464. 

 



 
162

Guardabassi, L., A. Petersen, J.E. Olsen, Dalsgaard, A., 1998. Antibiotic resistance in 

Acinetobacter spp. isolated from sewers receiving waste effluent from a hospital and a 

pharmaceutical plant. Applied and Environmental Microbiology 64, 3499–3502. 

 

Gupta, S.S., Gupta, Y.K., 1981. Hydrogen ion dependence of the oxidation of iron(II) with 

peroxydisulfate in acid perchlorate solutions. Inorganic Chemistry, 20, 454–457. 

 

Gupta, S., Chakrabarti, S.K., Singh, S., 2013. Effect of ozonation on degradation of 

organochlorine compounds in biosludge of pulp and paper industry. Ozone: Science and 

Engineering, 35, 109–115. 

 

Haas, C.N., Karra, S.B., 1984. Kinetics of microbial inactivation by chlorine .2. Kinetics in 

the presence of chlorine demand. Water Research, 18, 1443–1449. 

 

Haller, M.Y., Muller, S.R., McArdell, C.S., Alder, A.C., Suter, M.J.F., 2002. 

Quantification of veterinary antibiotics (sulfonamides and trimethoprim) in animal manure 

by liquid chromatography–mass spectrometry. Journal of Chromatography A, 952, 111–

120. 

 

Halling-Sorensen, B., Nielsen, N.N., Lanzky, P.F., Ingerslev, H.C., Lützhofl, H.C.H., 

Jorgensen, S.E., 1998. Occurrence, fate and effects of pharmaceutical substances in the 

environment- A review. Chemosphere 36, 357–393. 

 

Halling-Sorensen, B., 2001. Inhibition of aerobic growth and nitrification of bacteria in 

sewage sludge by antibacterial agents. Archives of Environmental Contamination and 

Toxicology, 40, 451–460. 

 

Halling-Sorensen, B., Jacobsen A.M., Jensen, J., Sengelov, G., Vaclavik, E., Ingerslev, F., 

2005. Dissipation and effects of chlortetracycline and tylosin in two agricultural soils: A 

field-scale study in southern Denmark. Environmental Toxicology and Chemistry, 24, 

802–810. 

 



 
163

Hamelin, C., Sarhan, F., Chung, Y.S., 1977. Ozone-induced DNA degradation in different 

DNA polymerase I mutants of Escherichia coli K12. Biochemical and Biophysical 

Research Communications, 77, 220–224. 

 

Hamscher, G., Sczesny, S., Hoper, H., Nau, H., 2002. Determination of persistent 

tetracycline residues in soil fertilized with liquid manure by high-performance liquid 

chromatography with electrospray ionization tandem mass spectrometry. Analytical 

Chemistry, 74, 1509–1518. 

 

Hamscher, G., Pawelzick, H.T., Hoper, H., Nau, H., 2005. Different behavior of 

tetracyclines and sulfonamides in sandy soils after repeated fertilization with liquid 

manure. Environmental Toxicology and Chemistry, 24, 861–868. 

 

Han, I., Congeevaram, S., Park, J., 2009. Improved control of multiple-antibiotic-

resistance-related microbial risk in swine manure wastes by autothermal thermophilic 

aerobic digestion. Water Science and Technology, 59, 267–271. 

 

Hanahan, D., 1983. Studies on transformation of Escherichia coli with plasmids.  Journal 

of Molecular Biology, 166, 557–580 

 

Harnisz, M.,  Golas, I., Pietruk, M., 2011. Tetracycline-resistant bacteria as indicators of 

antimicrobial resistance in protected waters-The example of the Drweca River Nature 

Reserve (Poland). Ecological Indicators, 11, 663–668. 

 

Hawkins, C.L., Davies, M.J., 2002. Hypochlorite-induced damage to DNA, RNA, and 

polynucleotides: Formation of chloramines and nitrogen-centered radicals. Chemical 

Research in Toxicology, 15, 83–92. 

 

Heise, J., Hoeltge, S., Schrader, S., Kreuzig, R., 2006. Chemical and biological 

characterization of non-extractable sulfonamide residues in soil. Chemosphere, 65, 2352–

2357. 

 



 
164

Hoigne, J., Bader, H., 1983. Rate constants of reactants of ozone with organic and 

inorganic compounds in water- II. Water Research, 17,185–194. 

 

Holm, J.V., Ruegge, K., Bjerg, P.L., Christensen, T.H., 1995. Occurrence and distribution 

of pharmaceutical organic compounds in the groundwater downgradient of a landfill 

(Grindsted, Denmark). Environmental Science and Technology, 5, 1415–1420. 

 

Hong, S.M., Park, J.K., Teeradej, N., Lee, Y.O., Cho, Y.K., Park, C.H., 2006. Pretreatment 

of sludge with microwaves for pathogen destruction and improved anaerobic digestion 

performance. Water Environment Research, 78, 76–83.  

 

Hoper, H., Kues, J., Nau, H., Hamscher, G., 2002. Eintrag und Verbleib von 

Tierarzneimittelwirkstoffen in Boden. Bodenschutz 7, 141–148. 

 

Huber, M.M., Gobel, A., Joss, A., Hermann, N., Loffler, D., McArdell, D.S., Ried, A., 

Siegrist, H., Ternes, T.A., Von Gunten, U., 2005. Oxidation of pharmaceuticals during 

ozonation of municipal wastewater effluents:� a pilot study. Environmental Science and 

Technology, 39, 4290–4299. 

 

Huie, R.E., Clifton, C.L., 1989. Rate constants for hydrogen abstraction reactions of the 

sulfate radical SO4, alkanes and ethers. International Journal of Chemical Kinetics, 21, 

611–619. 

 

Hunt, N.K., Marinas, B.J., 1999. Inactivation of Escherichia Coli with ozone: Chemical 

and inactivation kinetics. Water Research, 33, 2633–2641. 

 

Hurum, D.C., Agrios, A.G., Gray, K.A., Rajh, T., Thurnauer, M.C., 2003. Explaining the 

enhanced photocatalytic activity of Degussa P25 mixed-phase TiO2 using EPR. Journal of 

Physical Chemistry B, 107, 4545–4549. 

 

Huysmans, A., Weemaes, M., Fonseca, P.A., Verstraete, W., 2001. Ozonation of activated 

sludge in the recycle stream. Journal of Chemical Technology and Biotechnology, 76, 

321–324. 



 
165

Ingerslev, F., Halling-Sorensen, B., 2001. Biodegradability of metronidazole, olaquindox, 

and tylosin and formation of tylosin degradation products in aerobic soil manure slurries. 

Ecotoxicology and Environmental Safety, 48, 311–320. 

 

Ishizaki, K., Sawadaishi, K., Miura, K., Shinriki, N., 1987. Effect of ozone on plasmid 

DNA of Escherichia Coli in situ. Water Research, 21, 823–827. 

 

Jacobsen, A.M., Halling-Sorensen, B., Ingerslev, F., Hansen, S.H., 2004. Simultaneous 

extraction of  tetracycline, macrolide and sulfonamide antibiotics from agricultural soils 

using pressurised liquid extraction, followed by solid-phase extraction and liquid 

chromatography-tandem mass spectrometry. Journal of Chromatography A, 1038, 157–

170. 

 

Jensen, J., Ingvertsen, S.T., Magid, J., 2012. Risk evaluation of five groups of persistent 

organic contaminants in sewage sludge. Danish Ministry of the Environment, 

Environmental Protection Agency, Environmental Project No. 1406 2012, Denmark. 

 

Jia A., Wan, Y., Xiao, Y., Hu, J.Y., 2012. Occurrence and fate of quinolone and 

fluoroquinolone antibiotics in a municipal sewage treatment plant. Water Research, 46, 

387–394. 

 

Jones, D.A., Lelyveld, TP, Mavrofidis, SD, Kingman, SW, Miles, NJ., 2002. Microwave 

heating applications in environmental engineering - a review. Resources Conservation and 

Recycling, 24, 75–90. 

 

Jones, O.A.H., Green, P.G., Voulvoulis, N., Lester, J.N., 2007. Questioning the excessive 

use of advanced treatment to remove organic micropollutants from wastewater. 

Environmental Science and Technology, 41, 5085–5089. 

 

Kang, Y.W., Cho, M.J., Hwang, K.Y., 1999. Correction of hydrogen peroxide interference 

on standard chemical oxygen demand test. Water Research, 33, 12471251. 

 



 
166

Kara, M., Hasinoff, B.B., McKay, D.W., Campbell, N.R.C., 1991. Clinical and chemical 

interactions between iron preparations and ciprofloxacin. British Journal of Clinical 

Pharmacology, 31, 257–261. 

 

Karabay, O., Hosoglu, S., 2008. Increased antimicrobial consumption following 

reimbursement reform in Turkey. Journal of Antimicrobial Chemotherapy, 61, 1169–1171. 

 

Karthikeyan, K.G., Meyer, M.T., 2006. Occurrence of antibiotics in wastewater treatment 

facilities in Wisconsin, USA. Science of the Total Environment, 361, 196–207. 

 

Kasprzyk-Hordern, B., Ziolek, M., Nawrocki, J., 2003. Catalytic ozonation and methods of 

enhancing molecular ozone reactions in water treatment. Applied Catalysis B: 

Environmental, 46, 639–669. 

 

Kemper, N., 2008. Veterinary antibiotics in the aquatic and terrestrial environment. 

Ecological Indicators, 8, 1–13. 

 

Kenge, A.A., Liao, P.H., Lo, K.V., 2009. Factors affecting microwave-enhanced advanced 

oxidation process for sewage sludge treatment. Journal of Environmental Science and 

Health, Part A, 44, 1069–1076. 

 

Kim, S., Eichhorn, P., Jensen, J.N., Weber, A.S., Aga, D.S., 2005. Removal of antibiotics 

in wastewater: Effect of hydraulic and solid retention times on the fate of tetracycline in 

the activated sludge process. Environmental Science and Technology, 39, 5816–5823. 

 

Kim, S., Aga, D.S., 2007. Potential ecological and human health impacts of antibiotics and 

antibiotic-resistant bacteria from wastewater treatment plants. Journal of Toxicology and 

Environmental Health, Part B: Critical Reviews, 10, 559–573. 

 

Kim, S.D., Cho, J., Kim, I.S., Vanderford, B.J., Snyder, S.A., 2007a. Occurrence and 

removal of pharmaceuticals and endocrine disruptors in South Korean surface, drinking, 

and waste waters. Water Research, 41, 1013–1021. 

 



 
167

Kim, S., Jensen, J.N., Aga, D.S., Weber, A.S., 2007b. Tetracycline as a selector for 

resistant bacteria in activated sludge. Chemosphere, 66, 1643–1651. 

 

Kington, H.M., Jassie, L.B., 1988. Introduction to microwave sample preparation theory 

and preparation. ACS Professional Reference Book, American Chemical Society, 

Washington, D.C., USA. 

 

Kinney, C.A., Furlong, E.T., Zaugg, S.D., Burkhardt, M.R., Werner, S.L., Cahill, J.D., 

Jorgensen, G.R., 2006. Survey of organic wastewater contaminants in biosolids destined 

for land application. Environmental Science and Technology, 40, 7207–7215. 

 

Knapp, C.W., Zhang, W., Sturm, B.S.M.,  Graham, D.W., 2010. Differential fate of 

erythromycin and beta-lactam resistance genes from swine lagoon waste under different 

aquatic conditions. Environmental Pollution, 158, 1506–1512. 

 

Kolpin, D.W., Furlong, E.T., Meyer, M.T., Thurman, E.M., Zaugg, S.D., Barber, L.B., 

Buxton, H.T., 2002. Pharmaceuticals, hormones, and others organic wastewater 

contaminants in US streams, 1999–2000: a national reconnaissance. Environmental 

Science and Technology, 36, 1202–1211. 

 

Kolthoff, I.M., Miller, I.K., 1951. The chemistry of persulfate I. The kinetics and 

mechanism of the decomposition of the persulfate ion in aqueous medium. Journal of 

American Chemical Society, 73, 3055–3059. 

 

Kolthoff, I.M., Carr, E.M., 1953. Volumetric determination of persulfate in the presence of 

organic substances. Analytical Chemistry, 25, 298301. 

 

Korich, D.G., Mead, J.R., Madore, M.S., Sinclair, N.A., Sterling, C.R., 1990. Effects of 

ozone, chlorine dioxide, chlorine, and monochloramine on Cryptosporidium parvum 

oocyst viability. Applied and Environmental Microbiology, 56, 1423–1428. 

 

Kosaka, K., Yamada, H., Matsui, S., Echigo, S., Shishida, K., 1998. Comparison among 

the methods for hydrogen peroxide measurements to evaluate advanced oxidation 



 
168

processes: Application of a spectrophotometric method using copper(II) ion and 2,9-

dimethyl-1,10-phenanthroline. Environmental Science and Technology, 32, 38213824. 

 

Kummerer, K., Henninger, A., 2003. Promoting resistance by the emission of antibiotics 

from hospitals and households into effluent. Clinical Microbiology and Infection, 9, 

12031214. 

 

Laengin, A., Alexy, R., Konig, A., Kummerer, K., 2009. Deactivation and transformation 

products in biodegradability testing of beta-lactams amoxicillin and piperacillin. 

Chemosphere, 75, 347354. 

 

Langlais, B., Reckhow, D.A., Brink, D.R. (Eds.), 1991. Ozone in Water Treatment: 

Application and Engineering, Lewis Publishers, Chelsea, Michigan, USA. 

 

LaPara, T.M., Burch, T.R., McNamara, P.J., Tan, D.T., Yan, M., Eichmiller, J.J., 2011. 

Tertiary-treated municipal wastewater is a significant point source of antibiotic resistance 

genes into Duluth-Superior Harbor. Environmental Science and Technology, 45, 9543–

9549. 

 

Lapworth D.J., Baran, N., Stuart, M.E., Ward, R.S., 2012. Emerging organic contaminants 

in groundwater: A review of sources, fate and occurrence. Environmental Pollution, 163, 

287–303. 

 

Le Corre, K.S., Valsami-Jones, E., Hobbs, P., Parsons, S.A., 2009. Phosphorus recovery 

from wastewater by struvite crystallization: A review. Critical Reviews in Environmental 

Science and Technology, 39, 433–477. 

 

Le-Minh, N., Khan, S.J., Drewes, J.E., Stuetz, R.M., 2010. Fate of antibiotics during 

municipal water recycling treatment processes. Water Research, 44, 4295–4323. 

 

Lee, J.W., Cha, H.Y., Park, K.Y., Song, K.G., Ahn, K.H., 2005. Operational strategies for 

an activated sludge process in conjunction with ozone oxidation for zero excess sludge 

production during winter season. Water Research, 39, 1199–1204.    



 
169

 

Lee, M.J., Kim, Y.S., Yoo, C.K., Song, J.H., Hwang, S.J., 2010. Sewage sludge reduction 

and system optimization in a catalytic ozonation process. Environmental Technology, 31, 

7–14. 

 

Legube, B., Leitner, N.K.V., 1999. Catalytic ozonation: a promising advanced oxidation 

technology for water treatment. Catalysis Today, 53, 61–72. 

 

Lester, Y., Avisar, D., Gozlan, I., Mamane, H., 2011. Removal of pharmaceuticals using 

combination of UV/H2O2 /O3 advanced oxidation process. Water Science and Technology, 

64, 2230–2238. 

 

Li, D., Xia, Y.N., 2003. Fabrication of Titania Nanofibers by Electrospinning, Nano 

Letteers, 3, 555–560. 

 

Li, D., Xia, Y.N., 2004. Electrospinning of nanofibers: Reinventing the wheel? Advanced 

Materials, 16, 11511170. 

 

Li, S.Z., Li, X.Y., Wang, D.M., 2004. Membrane (RO-UF) filtration for antibiotic 

wastewater treatment and recovery of antibiotics. Separation and Purification Technology, 

34, 109–114. 

 

Li, H., Jin, Y.Y., Mahar, R., Wang, Z.Y., Nie, Y.F., 2008. Effects and model of alkaline 

waste activated sludge treatment. Bioresource Technology, 99, 51405144. 

 

Liang, C.J., Bruell, C.J., Marley, M.C., Sperry, K.L., 2003. Thermally activated persulfate 

oxidation of trichloroethylene (TCE) and 1,1,1–trichloroethane (TCA) in aqueous systems 

and soil slurries. Soil and Sediment Contamination, 12, 207–228. 

 

Liang, C.J., Bruell, C.J., Marley, M.C., Sperry, K.L., 2004. Persulfate oxidation for in situ 

remediation of TCE. I. Activated by ferrous ion with and without a persulfate-thiosulfate 

redox couple. Chemosphere, 55, 1213–1223. 

 



 
170

Liang, C., Huang, C.F., Mohanty, N., Kurakalva, R.M., 2008. A rapid spectrophotometric 

determination of persulfate anion in ISCO. Chemosphere, 73, 1540–1543. 

 

Liang, C., Su, H.W., 2009. Identification of sulfate and hydroxyl radicals in thermally 

activated persulfate. Industrial and Engineering Chemistry Research, 48, 5558–5562. 

 

Liang, C., Liang, C.P., Chen, C.C., 2009. pH dependence of persulfate activation by 

EDTA/Fe(III) for degradation of trichloroethylene. Journal of Contaminant Hydrology, 

106, 173–182.  

 

Liao, P.H., Wong, W.T., K.V., Lo., 2005a. Release of phosphorus from sewage sludge 

using microwave technology. Journal of Environmental Engineering and Science, 4, 77–

81. 

 

Liao, P.H., Wong, W.T., K.V., Lo., 2005b. Advanced oxidation process using hydrogen 

peroxide/microwave system for solubilization of phosphate. Journal of Environmental 

Science and Health, Part A, 40, 1753–1761. 

 

Lindberg, R.H, Wennberg, P., Johansson, M.I., Tysklind, M., Andersson, B.A.V., 2005. 

Screening of human antibiotic substances and determination of weekly mass flows in five 

sewage treatment plants in Sweden. Environmental Science and Technology, 39, 3421–

3429. 

 

Lindberg, R.H, Olofsson, U., Rendahl, P., Johansson, M.I., Tysklind, M., Andersson, 

B.A.V., 2006. Behavior of fluoroquinolones and trimethoprim during mechanical, 

chemical, and active sludge treatment of sewage water and digestion of sludge. 

Environmental Science and Technology, 40, 1042–1048. 

 

Lindberg, R.H, Bjorklund, K., Rendahl, P., Johansson, M.I., Tysklind, M., Andersson, 

B.A.V., 2007. Environmental risk assessment of antibiotics in the Swedish environment 

with emphasis on sewage treatment plants. Water Research, 41, 613–619. 

 



 
171

Liu, Y., 2003. Chemically reduced excess sludge production in the activated sludge 

process. Chemosphere, 50, 1–7. 

 

Lo, K.V., Liao, P.H., Yin, G.Q., 2008. Sewage sludge treatment using microwave-

enhanced advanced oxidation processes with and without ferrous sulfate addition. Journal 

of Chemical Technology and Biotechnology, 83, 1370–1374. 

 

Lorenz, M.G., Wackernagel, W., 1994. Bacterial gene-transfer by natural genetic-

transformation in the environment. Microbiological Reviews, 58, 563–602. 

 

Luo, Y., Xu, L., Rysz, M., Wang, Y., Zhang, H., Alvarez, P.J.J., 2011. Occurrence and 

transport of tetracycline, sulfonamide, quinolone, and macrolide antibiotics in the Haihe 

river basin, China. Environmental Science and Technology, 45, 1827–1833. 

 

Macahado, F.C., Demicheli, C., Garnier-Suillerot, A., Beraldo, H., 1995. Metal complexes 

of Anhydrotetracycline. 2. Absorption and circular dichroism study of M(II), Al(III), and 

Fe(III) complexes. Possible influence of the Mg(II) complex on the toxic side effects of 

tetracycline. Journal of Inorganic Biochemistry, 60, 163–173. 

 

Macauley, J.J., Qiang, Z., Adams, C.D., Surampalli, R., Mormile, M.R., 2006. Disinfection 

of swine wastewater using chlorine, ultraviolet light and ozone. Water Research, 40, 2017–

2026. 

 

Mahmood, M.A., Baruah, S., Anal, A.K., Dutta, J., 2012. Heterogeneous photocatalysis for 

removal of microbes from water. Environmental Chemistry Letters, 10, 145–151.   

 

Manaia, C.M., A. Novo, B. Coelho, and Nunes, O.C., 2010. Ciprofloxacin resistance in 

domestic wastewater treatment plants, Water Air Soil Pollution, 208, 335–343. 

 

Manterola, G., Uriarte, I., Sancho, L., 2008. The effect of operational parameters of the 

process of sludge ozonation on the solubilisation of organic and nitrogenous compounds. 

Water Research, 42, 3191–3197. 

 



 
172

Martinez Bueno, M.J, Gomez, M.J., Herrera, S., Hernando, M.D., Aguera, A., Fernandez-

Alba, A.R., 2012. Occurrence and persistence of organic emerging contaminants and 

priority pollutants in five sewage treatment plants of Spain: Two years pilot survey 

monitoring. Environmental Pollution, 164, 267–273. 

 

Matsui, Y., Ozu, T., Inoue, T., Matsushita, T., 2008. Occurrence of a veterinary antibiotic 

in streams in a small catchment area with livestock farms. Desalination, 226, 215–221. 

 

McNamara, P.J., Wilson, C.A., Wogen, M.T., Murthy, S.N., Novak, J.T., Novak, P.J., 

2012. The effect of thermal hydrolysis pretreatment on the anaerobic degradation of 

nonylphenol and short-chain nonylphenol ethoxylates in digested biosolids. Water 

Research 46, 29372946. 

 

Miege, C., Choubert, J.M., Ribeiro, L., Eusebe, M., Coquery, M., 2009. Fate of 

pharmaceuticals and personal care products in wastewater treatment plants - Conception of 

a database and first results. Environmental Pollution, 157, 1721–1726. 

 

Migliore,  L., Brambilla,  G., Grassitellis,  A., Dojmi di Delupis, G., 1993. Toxicity and bio 

accumulation of sulfaphadimethoxine in Artemia (Crustacea, Anostraca). International 

Journal of Salt Lake Research, 2, 141–152. 

 

Milieu/WRc/RPA, 2008. Environmental, economic and social impacts of the use of 

sewage sludge on land – Part 1: Overview Report. Study Contract DG. 

ENV.G.4/ETU/2008/0076r. 

 

Mohapatra, H., Mohapatra, S.S., Mantri, C.K., Colwell, R.R., Singh, D.V., 2008. Vibrio 

cholerae non-O1, non-O139 strains isolated before 1992 from Varanasi, India are multiple 

drug resistant, contain intSXT, dfr18 and aadA5 genes. Environmental Microbiology, 10, 

866–873. 

 

Muller, J.A., 2000. Pretreatment processes for the recycling and reuse of sewage sludge. 

Water Science and Technology, 42, 167174.   

 



 
173

Munir, M., Wong, K., Xagoraraki, I., 2011a. Release of antibiotic resistant bacteria and 

genes in the effluent and biosolids of five wastewater utilities in Michigan. Water 

Research, 45, 681–693. 

 

Munir, M., Xagoraraki, I., 2011b. Levels of antibiotic resistance genes in manure, 

biosolids, and fertilized soil. Journal of Environmental Quality, 40, 248–255. 

 

Murray, G.E., Tobin, R.S., Junkins, B. Kushner, D.J., 1984. Effect of chlorination on 

antibiotic-resistance profiles of sewage-related bacteria. Applied and Environmental 

Microbiology, 48, 73–77. 

 

Neta, P., Madhavan, V., Zemel, H., Fessenden, R.W., 1977. Rate constants and 

mechanisms of reaction of SO4 with aromatic compounds. Journal American Chemical 

Society, 99, 163–164. 

 

Neyens, E., Baeyens, J., Dewil, R., De heyder, B., 2004. Advanced sludge treatment 

affects extracellular polymeric substances to improve activated sludge dewatering. Journal 

of Hazardous Materials, 106, 83–92. 

 

Nielsen, U., Hastrup, C., Klausen, M.M., Pedersen, B.M., Kristensen, G.H., Jansen, J.L.C., 

2013. Removal of APIs and bacteria from hospital wastewater by MBR plus O3, O3 + 

H2O2, PAC or ClO2. Water Science and Technology, 67, 854−862. 

 

Nieto, A., Borrull, F., Marce, R.M., Pocurull, E., 2007. Selective extraction of 

sulfonamides, macrolides and other pharmaceuticals from sewage sludge by pressurized 

liquid extraction. Journal of Chromatography A, 1174, 125–131. 

 

Nieto, A., Borrull, F., Pocurull, E., Marce, R.M., 2010. Occurrence of pharmaceuticals and 

hormones in sewage sludge. Environmental Toxicology and Chemistry, 29, 1484–1489. 

 

Oberle, K., Capdeville, M.J., Berthe, T., Budzinski, H., Petit, F., 2012. Evidence for a 

complex relationship between antibiotics and antibiotic-resistant Escherichia Coli: From 



 
174

medical center patients to a receiving environment. Environmental Science and 

Technology, 46, 1859–1868. 

 

Official Gazette, 2010. Soil pollution control regulation: agricultural usage of 

domestic/municipal sludges. Republic of Turkey, Ministry of Environment and City 

Planning, 03 August, No: 27661, Ankara. 

 

Oh, S.Y., Kim, H.W., Park, J.M., Park, H.S., Yoon, C., 2009. Oxidation of polyvinyl 

alcohol by persulfate activated with heat, Fe2+, and zero-valent iron. Journal of Hazardous 

Materials, 168, 346–351. 

 

Ohnishi, S., Murata, M., Kawanishi, S., 2002. DNA damage induced by hypochlorite and 

hypobromite with reference to inflammation-associated carcinogenesis. Cancer Letters, 

178, 37–42. 

 

Olofsson, U., Bignert, A., Haglund. P., 2012. Time-trends of metals and organic 

contaminants in sewage sludge. Water Research, 46, 4841–4851. 

 

Oncu-Bilgin, N., Menceloglu, Y.Z., Balcioglu-Akmehmet, I., 2011. Comparison of the 

effectiveness of chlorine, ozone, and photocatalytic disinfection in reducing the risk of 

antibiotic resistance pollution. Journal of Advanced Oxidation Technologies, 14, 196–203.  

 

Oncu-Bilgin, N., Balcioglu-Akmehmet, I., 2013a. Antimicrobial contamination removal 

from environmentally relevant matrices: A literature review and a comparison of three 

processes for drinking water treatment. Ozone-Science and Engineering, 35, 73–85. 

 

Oncu-Bilgin, N., Balcioglu-Akmehmet, I., 2013b. Degradation of ciprofloxacin and 

oxytetracycline antibiotics in waste sewage sludge by ozonation. Journal of Advanced 

Oxidation Technologies, 16, 107–116. 

 

Ozbarli, S.A., Karci, A., Erdinc, A., Balcioglu-Akmehmet, I., 2010. Ozone and persulphate 

oxidation of oxytetracycline antibiotic on spent betonite. IOA International Conference, 

28–30 April, Geneva, Switzerland. 



 
175

Park, K.Y., Ahn, K.H., Maeng, S.K., Hwang, J.H., Kwon, J.H., 2003. Feasibility of sludge 

ozonation for stabilization and conditioning. Ozone-Science and Engineering, 25, 73–80. 

 

Park, B, Ahn, J.H., Kim, J., Hwang, S., 2004. Use of microwave pretreatment for enhanced 

anaerobiosis of secondary sludge. Water Science and Technology, 50, 17–23.  

 

Park, W.J., Ahn, J.H., Hwang, S., Lee, C.K., 2010. Effect of output power, target 

temperature, and solid concentration on the solubilization of waste activated sludge using 

microwave irradiation. Bioresource Technology, 101, S13–S16. 

 

Parsons, S.A., Williams, M., 2004. Semiconductor Photocatalysis. In Advanced Oxidation 

Processes for Water and Wastewater Treatment. Ed. By Simon A. Parsons. London: IWA 

Publishing, pp167–180. 

 

Peak, N.,  Knapp, C.W., Yang, R.K., Hanfelt, M.M., Smith, M.S., Aga D.S., Graham, 

D.W., 2007. Abundance of six tetracycline resistance genes in wastewater lagoons at cattle 

feedlots with different antibiotic use strategies. Environmental Microbiology, 9, 143–151. 

 

Peyton, G.R., 1993. The free-radical chemistry of persulfate-based total organic carbon 

analyzers. Marine Chemistry, 41, 91–103.  

 

Pham, T.T.H., Tyagi, R.D., Brar, S.K., Surampalli, R.Y., 2011. Effect of ultrasonication 

and Fenton oxidation on biodegradation of bis(2-ethylhexyl) phthalate (DEHP) in 

wastewater sludge. Chemosphere, 82, 923–928. 

 

Pinnekamp, J., 1989. Effects of thermal pretreatment of sewage sludge on anaerobic 

digestion. Water Science and Technology, 21, 97–108. 

 

Prado, N., Monteleon, C., Ochoa, J., Amrane, A., 2010. Evaluation of the toxicity of 

veterinary antibiotics on activated sludge using modified Sturm tests - application to 

tetracycline and tylosine antibiotics. Journal of Chemical Technology and Biotechnology, 

85, 471–477.  

 



 
176

Qasim, S. R., Motley, E.M. Zhu, G., 2000. Water Works Engineering-Planning,  

Design, and Operation, Prentice Hall PTR, Prentice-Hall Inc. 

 

Qiang, Z., Adams, C., 2004. Potentiometric determination of acid dissociation constants 

(pKa) for human and veterinary antibiotics. Water Research, 38, 2874–2890. 

 

Qiang, Z., Nie, Y., Ben, W., Qu, J., Zhang, H., 2013. Degradation of endocrine-disrupting 

chemicals during activated sludge reduction by ozone. Chemosphere, 91, 366–373. 

 

Rabolle, M., Spliid, N., 2000. Sorption and mobility of metronidazole, olaquindox, 

oxytetracycline and tylosin in soil, Chemosphere, 40, 715–722. 

 

Reneker, D.H., Yarin, A.L., Fong, H., Koombhongse, S., 2000. Bending instability of 

electrically charged liquid jets of polymer solutions in electrospinning. Journal of Applied 

Physics, 87, 4531–4547. 

 

Richardson, S. D. Thruston, A. D.  Collette, T. W., 1996. Identification of TiO2/UV 

disinfection byproducts in drinking water. Environmental Science and Technology, 30, 

3327–3334. 

 

Roller, S.D., Olivieri, V.P., Kawata, K., 1980. Mode of bacterial inactivation by chlorine 

dioxide, Water Research, 14, 635–641. 

 

Romero, A., Santos, A., Vicente, F., Gonzalez, C., 2010. Diuron abatement using activated 

persulphate: Effect of pH, Fe(II) and oxidant dosage. Chemical Engineering Journal, 162, 

257–265.  

 

Rooklidge, S.J., 2004. Environmental antimicrobial contamination from terraccumulation 

and diffuse pollution pathways. Science of the Total Environment, 325, 1–13. 

 

Ross, D.L., Riley, C.M., 1992. Physicochemical properties of the fluoroquinolone 

antimicrobials. III. Complexation of lomefloxacin with various metal ions and the effect of 



 
177

metal ion complexation on aqueous solubility. International Journal of Pharmaceutics, 87, 

203–213. 

 

Sahlstrom, L., Rehbinder, V., Albihn, A., Aspan, A., Bengtsson, B., 2009. Vancomycin 

Resistant Enterococci (VRE) in Swedish Sewage Sludge. Acta Veterinaria Scandinavica, 

51, 24–24. 

 

Saktaywin, W., Tsuno, H., Nagare, H., Soyama, T., Weerapakkaroon, J., 2005. Advanced 

sewage treatment process with excess sludge reduction and phosphorus recovery. Water 

Research, 39, 902–910. 

 

Salsabil, MR, Laurent, J, Casellas, M, Dagot, C., 2010. Techno-economic evaluation of 

thermal treatment, ozonation and sonication for the reduction of wastewater biomass 

volume before aerobic or anaerobic digestion. Journal of Hazardous Materials, 174, 323–

333.  

 

Sarmah, A.K., Meyer, M.T., Boxall, A.B.A., 2006. A global  perspective  on  the  use, 

sales,  exposure  pathways,  occurrence,  fate  and  effects  of  veterinary  antibiotics  

(VAs)  in the environment. Chemosphere, 65, 725–759. 

 

Sawadaishi, K., Miura, K., Ohtsuka, E., Ueda, T., Ishizaki, K., Shinriki, N., 1985. Mode of 

degradation of nucleic-acids with ozone .7. Ozonolysis of supercoiled PBR322 DNA 

resulting in strand scission to open circular DNA. Nucleic Acids Research, 13, 7183–7194. 

 

Schowanek, D., Carr, R., David, H., Douben, P., Hall, J., Kirchmann, H., Patria, L., Sequi, 

P., Smith, S., Webb, S., 2004. A risk-based methodology for deriving quality standards for 

organic contaminants in sewage sludge for use in agriculture—Conceptual Framework. 

Regulatory Toxicology and Pharmacology, 40, 227–251. 

 

Schwartz, T., Kohnen, W., Jansen, B., Obst, U., 2003. Detection of antibiotic-resistant 

bacteria and their resistance genes in wastewater, surface water, and drinking water 

biofilms. FEMS Microbiology Ecology, 43, 325–335. 

 



 
178

Sengelov, G., Agerso, Y., Halling-Sorensen, B., Baloda, S.B., Andersen, J.S., Jensen, L.B., 

2003. Bacterial antibiotic resistance levels in Danish farmland as a result of treatment with 

pig manure slurry. Environment International, 28, 587–595. 

 

SFT, 2007. Occurrence of selected pharmaceuticals in wastewater effluents from hospitals 

(Ulleval and Rikshospitalet) and VEAS wastewater treatment works. Norwegian Pollutant 

Control Authority SFT Report; TA-2246/2007. 

 

Shanableh, A., Ginige, P., 1999. Acidic bioleaching of nitrogen and phosphorus from 

sewage sludge. Environmental Technology, 20, 459–468. 

 

Shen, X.C., Zhang, Z.L., Zhou, B., Peng, J., Xie, M., Zhang, M., Pang, D.W., 2008. 

Visible light-induced plasmid DNA damage catalyzed by a CdSe/ZnS-photosensitized 

nano-TiO2 film. Environmental Science and Technology, 42, 5049–5054. 

 

Shrivastava, R., Upreti, R.K., Jain, S.R., Prasad, K.N., Seth, P.K., Chaturvedi, U.C., 2004. 

Suboptimal chlorine treatment of drinking water leads to selection of multidrug-resistant 

Pseudomonas aeruginosa. Ecotoxicology and Environmental Safety, 58, 277–283. 

 

Siddiqui, M.S., Amy, G.L., Rice, G.D., 1995. Bromate ion formation - A critical- Review. 

Journal American Works Association, 87, 58–70. 

 

Siegrist, R.L., Crimi, M., Simpkin, T.J. (Eds.), 2011. In Situ Chemical Oxidation for 

Groundwater Remediation, Springer Science+Business Media, New York. 

 

Singer, P.C., 1993. Formation and characterization of disinfection byproducts. In Safety of 

Water Disinfection: Balancing Chemical & Microbial Risks, edited by G.F. Craun, 201. 

Washington, DC: ILSI Press. 

 

Smith, B.A., Teel, A.L., Watts, R.J., 2004. Identification of the reactive oxygen species 

responsible for carbon tetrachloride degradation in modified Fenton’s systems. 

Environmental Science and Technology, 38, 5465–5469. 

 



 
179

Smith, S.R., 2009. Organic contaminants in sewage sludge (biosolids) and their 

significance for agricultural recycling. Philosophical Transactions of the Royal Society A, 

367, 4005–4041. 

 

Snyder, S.A., Westerhoff, P., Yoon, Y., Sedlak, D.L., 2003. Pharmaceuticals, personal care 

products, and endocrine disruptors in water: Implications for the water industry. 

Environmental Engineering Science, 20, 449469.  

 

Spongberg, A.L., Witter, J.D., 2008. Pharmaceutical compounds in the wastewater process 

stream in Northwest Ohio. Science of the Total Environment, 397, 148–157. 

 

Stasinakis, A.S., 2012. Review on the fate of emerging contaminants during sludge 

anaerobic digestion. Bioresource Technology, 121, 432440. 

 

Stone, J.J.,  Clay, S.A., Zhu, Z.W., Wong, K.L., Porath, L.R., Spellman, G.M., 2009. 

Effect of antimicrobial compounds tylosin and chlortetracycline during batch anaerobic 

swine manure digestion. Water Research, 43, 4740–4750. 

 

Stuart M., Lapworth, D., Crane, E., Hart, A., 2012. Review of risk from potential emerging 

contaminants in UK groundwater. Science of the Total Environment, 416, 1–21. 

 

Stuer-Lauridsen, F., Birkved, M., Hansen, L.P., Lutzhoft, H.C.H., Halling-Sorensen, B., 

2000. Environmental risk assessment of human pharmaceuticals in Denmark after normal 

therapeutic use. Chemosphere 40, 783–793. 

 

Sui, P.Z., Nishimura, F., Nagare, H., Hidaka, T., Nakagawa, Y., Tsuno, H., 2011. Behavior 

of inorganic elements during sludge ozonation and their effects on sludge solubilization 

Water Research, 45, 2029–2037. 

 

Suzuki, H., Amano, T., Toyooka, T., Ibuki, Y.J., 2008. Preparation of DNA-adsorbed TiO2  

particles with high performance for purification of chemical pollutants. Environmental 

Science and Technology, 42, 8076–8082.  

 



 
180

Szczepanowski, R., Linke, B., Krahn, I., Gartemann, K.H.,  Gutzkow, T., Eichler, W., 

Puhler, A., Schluter, A., 2009. Detection of 140 clinically relevant antibiotic-resistance 

genes in the plasmid metagenome of wastewater treatment plant bacteria showing reduced 

susceptibility to selected antibiotics. Microbiology-SGM, 155, 2306–2319. 

 

Tamminen, M., Karkman, A., Lohmus, A., Muziasari, W.I., Takasu, H., Wada, S., Suzuki, 

S., Virta, M., 2011. Tetracycline resistance genes persist at aquaculture farms in the 

absence of selection pressure. Environmental Science Technology, 45, 386–391.   

 

Tan, T.Y.T., 2003. Photocatalytic reduction of selenate and selenite: Water/wastewater 

treatment and the formation of nano-selenium compounds. PhD Thesis, University of 

South Wales.  

 

Teel, A.L., Cutler, L.M., Watts, R.J., 2009. Effect of sorption on contaminant oxidation in 

activated persulfate systems. Journal of Environmental Science and Health, Part A, 44, 

1098–1103. 

 

Teixido, M., Granados, M., Prat, M.D., Beltran, J.L., 2012. Sorption of tetracyclines onto 

natural soils: data analysis and prediction. Environmental Science and Pollution Research, 

19, 3087–3095. 

 

Tello, A., Austin, B., Telfer, T.C., 2012. Selective pressure of antibiotic pollution on 

bacteria of importance to public health. Environmental Health Perspectives, 120, 

11001106. 

 

Templeton, M.R., Oddy, F., Leung, W.K., Rogers, M., 2009. Chlorine and UV disinfection 

of ampicillin-resistant and trimethoprim-resistant Escherichia coli. Canadian Journal of 

Civil Engineering, 36, 889–894. 

 

Theron, J.J., Walker, A., Cloete, T.E., 2008. Nanotechnology and water treatment: 

Applications and emerging opportunities. Critical Reviews in Microbiology, 34, 43–69. 

 



 
181

Thiele-Bruhn, S., 2003. Pharmaceutical antibiotic compounds in soils – a review. Journal 

of Plant Nutrition and Soil Science, 166, 145–167. 

 

Tiehm, A., Nickel, K., Zellhorn, M., Neis, U., 2001. Ultrasonic waste activated sludge 

disintegration for improving anaerobic stabilization. Water Research, 35, 2003–2009. 

 

Tongaree, S., Goldberg, A.M., Flanagan, D.R., Poust, R.I., 2000. The effects of pH and 

PEG 400-water cosolvents on oxytetracycline-magnesium complex formation and stability. 

Pharmaceutical Development and Technology, 5, 189199. 

 

Toreci, I., Kennedy, K.J., Droste, R.L., 2009a. Evaluation of continuous mesophilic 

anaerobic sludge digestion after high temperature microwave pretreatment. Water 

Research, 43, 12731284. 

 

Toreci, I., Kennedy, K.J., Droste, R.L., 2009b. Effect of high temperature microwave 

thickened waste-activated sludge pretreatment on distribution and digestion of soluble 

organic matter. Environmental Engineering Science, 26, 981999. 

 

Toreci, I., Kennedy, K.J., Droste, R.L., 2010. Effect of high-temperature microwave 

irradiation on municipal thickened waste activated sludge solubilization. Heat Transfer 

Engineering, 31, 766773. 

 

Tsitonaki, A., Petri, B. Crimi, M., Mosbaek, H., Siegrist, R.L., Bjerg, P.L., 2010. In situ 

chemical oxidation of contaminated soil and groundwater using persulfate: A review. 

Critical Reviews in Environmental Science and Technology, 40, 55–91. 

 

TUIK, 2007. Turkey Statistical Yearbook – Environmental Statistical Data. 

www.tuik.gov.tr 

 

Turiel, E., Martin-Esteban, A., Tadeo, J. L., 2006. Multiresidue analysis of quinolones and 

fluoroquinolones in soil by ultrasonic-assisted extraction in small columns and HPLC-UV. 

Analytica Chimica Acta, 562, 30–35. 

 



 
182

Tyagi, R.D., Surampalli, R.Y., Yan, S., Zhang, T.C., Kao, C.M., Lohani, B.N. (Eds.), 

2009. Sustainable Sludge Management: Production of Value Added Products. American 

Society of Civil Engineers.  

 

Tyagi, V.K., Lo, S.L., 2013. Microwave irradiation: A sustainable way for sludge 

treatment and resource recovery. Renewable and Sustainable Energy Reviews, 18, 

288305. 

 

Umschlag, T., Herrmann, H., 1999. The carbonate radical (HCO3
/CO3

-) as a reactive 

intermediate in water chemistry: Kinetics and modeling. Acta Hydrochimica and 

Hydrobiologica, 27, 214–222. 

 

US-EPA, 1993. Standards for the use and disposal of sewage sludges. United States 

Environmental Protection Agency. Federal Register, 58 (32), 9248–9415., Washington, 

DC. 

 

US-EPA, 1995. Method 3052: microwave assisted acid digestion of siliceous and 

organically based matrices, Washington, DC. 

 

US-EPA, 1999. Combined sewer overflow technology fact sheet chlorine disinfection. 

EPA 832-F-99-034, Washington, DC. 

 

US-EPA, 2007. Pharmaceuticals and personal care products in water, soil, sediment, and 

biosolids by HPLC/MS/MS. EPA-821-R-08-002, Washington, DC. 

 

US-EPA, 2009. Targeted national sewage sludge survey statistical analysis report, United 

States Environmental Protection Agency Office of Water, EPA-822-R-08-018, 

Washington, DC. 

 

Uslu-Otker, M., Balcioglu-Akmehmet, I., 2008. Ozonation of animal wastes containing 

oxytetracycline. Ozone-Science and Engineering, 30, 290–299. 

 



 
183

Uslu-Otker, M., Balcioglu-Akmehmet, I., 2009a. Simultaneous removal of oxytetracycline 

and sulfamethazine antibacterials from animal waste by chemical oxidation processes. 

Journal of Agricultural Food Chemistry, 57, 11284–11291. 

 

Uslu-Otker, M., Balcioglu-Akmehmet, I., 2009b. Comparison of the ozonation and Fenton 

process performances for the treatment of antibiotic containing manure. Science of the 

Total Environment, 407, 3450–3458.  

 

Venkobachar, C., Iyengar, L., Rao, A.V.S.P., 1977. Mechanism of disinfection: effect of 

chlorine on cell membrane functions. Water Research, 11, 727–729. 

 

Verlicchi, P., Al Aukidy, M., Zambello. E., 2012. Occurrence of pharmaceutical 

compounds in urban wastewater: Removal, mass load and environmental risk after a 

secondary treatment—A review. Science of the Total Environment, 429, 123–155. 

 

Viollier, E., Inglett, P.W., Hunter, K., Roychoudhury, A.N., Van Cappellen, P., 2000. The 

ferrozine method revisited: Fe(II)/Fe(III) determination in natural waters. Applied 

Geochemistry, 15, 785–790. 

 

Von Gunten, U., 2003. Ozonation of drinking water: Part II. Disinfection and by-product 

formation in presence of bromide, iodide or chlorine. Water Research, 37, 1469–1487. 

 

Venkobachar, C., Iyengar, L. Rao, A.V.S.P., 1977. Mechanism of disinfection:  

Effect of chlorine on cell membrane functions. Water Research, 11, 727–729. 

 

Wang, J., Hou, J.B., Ellis, M.W., Nain, A.S., 2013. Organized long titanium dioxide 

nanofibers/nanotubes with controlled morphology using a sol-gel combined STEP 

technique. New Journal of Chemistry, 37, 571–574. 

 

Wang, Y., Wei, Y., Liu, J., 2009. Effect of H2O2 dosing strategy on sludge pretreatment by 

microwave-H2O2 advanced oxidation process. Journal of Hazardous Materials, 169, 

680684. 

 



 
184

Watkinson, A.J., Murby, E.J., Kolpin, D.W., Costanzo, S.D., 2009. The occurrence of 

antibiotics in an urban watershed: From wastewater to drinking water. Science of the Total 

Environment, 407, 2711–2723. 

 

Watts, R.J., Bottenberg, B.C., Hess, T.F., Jensen, M.D., Teel, A.L., 1999. Role of 

reductants in the enhanced desorption and transformation of chloroaliphatic compounds by 

modified Fenton’s reactions. Environmental Science and Technology, 33, 34323437. 

 

Watts, R.J., Teel, A.L., 2005. Chemistry of modified Fenton’s reagent (catalyzed H2O2 

propagations-CHP) for in situ soil and groundwater remediation. Journal of Environmental 

Engineering, 131, 612–622. 

 

Weemaes, M., Grootaerd, H., Simoens, F., Verstraete, W., 2000. Anaerobic digestion of 

ozonized biosolids. Water Research, 24, 23302336. 

 

Wei, C., Lin, W.Y., Zainal, Z., Williams, N.E., Zhu, K., Kruzic, A.P., Smith, R.L., 

Rajeshwar, K., 1994. Bactericidal activity of TiO2 photocatalyst in aqueous media: Toward 

a solar-assisted water disinfection system. Environmental Science and Technology, 28, 

934938. 

 

Wei, Y., Van Houten R.T., Borger, A.R., Eikelboom, D.H., Fan, Y., 2003. Minimization of 

excess sludge production for biological wastewater treatment. Water Research, 37, 

44534467. 

 

Winckler, C., Grafe, A., 2000. Stoffeintrag durch Tierarzneimittel und pharmakologisch 

wirksame Futterzusatzstoffe unter besonderer Berücksichtigung von Tetrazyklinen. UBA- 

Texte 44/0 (Berlin) p. 145. 

 

Wirtz, V.J., Dresser, A., Gonzales, R., 2010. Trends in antibiotic utilization in eight Latin 

American countries, 1997-2007. Pan American Journal of Public Heath, 27, 219–225.  

 

Wojciechowska, E., 2005. Application of microwaves for sewage sludge conditioning. 

Water Research, 39, 4749–4754. 



 
185

Wong, W.T., Chan, W.I., Liao, P.H., Lo, K.V., Mavinic, D.S., 2006a. Exploring the role of 

hydrogen peroxide in the microwave advanced oxidation process: solubilization of 

ammonia and phosphates. Journal of Environmental Engineering Science, 5, 459–465. 

 

Wong, W.T., Chan, W.I., Liao, P.H., Lo, K.V., 2006b. A hydrogen peroxide/microwave 

advanced oxidation process for sewage sludge treatment. Journal of Environmental 

Science and Health, Part A, 41, 2623–2633. 

 

Wong, W.T., Lo, K.V., Liao, P.H., 2007. Factors affecting nutrient solubilization from 

sewage sludge using microwave-enhanced advanced oxidation process. Journal of 

Environmental Science and Health, Part A, 42, 825829. 

 

Wu, T.N., 2008. Environmental perspectives of microwave applications as remedial 

alternatives: Review. Practice Periodical of Hazardous, Toxic, and Radioactive Waste 

Management, 12, 102–115. 

 

Wu, C.X., Sponberg, A.L., Witter, J.D., 2008. Use of solid phase extraction and liquid 

chromatography-tandem mass spectrometry for simultaneous determination of various 

pharmaceuticals in surface water. International Journal of Environmental Analytical 

Chemistry, 88, 1033–1048. 

 

Yan, S.T., Zheng, H, Li, A., Zhang, X., Xing, X.H., Chu, L.B., Ding, G.J., Sun, X.L., 

Jurcik, B., 2009. Systematic analysis of biochemical performance and the microbial 

community of an activated sludge process using ozone-treated sludge for sludge reduction. 

Bioresource Technology, 100, 5002–5009.  

 

Yang, S., Jongmun, C., Carlson, K., 2005. Simultaneous extraction and analysis of 11 

tetracycline and sulfonamide antibiotics in influent and effluent domestic wastewater by 

solid-phase extraction and liquid chromatography-electrospray ionization tandem mass 

spectrometry. Journal of Chromatography A. 1097, 40–53. 

 

Yang, X., Wang, Y., 2008. Photocatalytic effect on plasmid DNA damage under different 

UV irradiation time. Building and Environment, 43, 253–257. 



 
186

Yeom, I.T., Lee, K.R., Lee, Y.H., Ahn, K.H., Lee, S.H., 2002. Effects of ozone treatment 

on the biodegradability of sludge from municipal wastewater treatment plants. Water 

Science and Technology, 46, 421–425. 

 

Yin, G.Q., Liao, P.H., Lo, K.V., 2008a. Sewage sludge treatment using microwave-

enhanced advanced oxidation process. Journal of Environmental Science and Health, Part 

A, 43,191–201. 

 

Yin, G.Q., Lo, K.V., Liao, P.H., 2008b. Microwave enhanced advanced oxidation process 

for sewage sludge treatment: The effects of ozone addition. Journal of Environmental 

Engineering and Science, 7, 115–122. 

 

Yu, Q., Lei, H.Y., Li, Z., Li, H.L., Chen, K., Zhang, X.H., Liang, R.L., 2010a. Physical 

and chemical properties of waste-activated sludge after microwave treatment. Water 

Research, 44, 2841–2849. 

 

Yu, Y., Chan, W.I., Liao, P.H., Lo, K.V., 2010b. Disinfection and solubilization of sewage 

sludge using the microwave enhanced advanced oxidation process. Journal of Hazardous 

Materials, 191, 1143–1147. 

 

Yu, Y., Lo, I.W., Chan, W.W.I., Liao, P.H., Lo, K.V., 2010c. Nutrient release from 

extracted activated sludge cells using the microwave enhanced advanced oxidation 

process. Journal of Environmental Science Health A, 45, 1071–1075. 

 

Zhang, T., Zhang,  M., Zhang, X.X., Fang, H.H., 2009. Tetracycline resistance genes and 

tetracycline resistant lactose-fermenting Enterobacteriaceae in activated sludge of sewage 

treatment plants. Environmental Science and Technology, 43, 3455–3460. 

 

Zhang, T., Ding, L., Ren, H., Guo, Z., Tan, J., 2010. Thermodynamic modeling of ferric 

phosphate precipitation for phosphorus removal and recovery from wastewater. Journal of 

Hazardous Materials, 176, 444–450. 

 



 
187

Zhang, T., Li, B., 2011. Occurrence, transformation, and fate of antibiotics in municipal 

wastewater treatment plants. Critical Reviews in Environmental Science and Technology, 

41, 951–998. 

 

Zhen, G.Y., Lu, X.Q., Zhao, Y.C., Chai, X.L., Niu, D.J., 2012a. Enhanced dewaterability 

of sewage sludge in the presence of Fe(II)-activated persulfate oxidation. Bioresource 

Technology, 116, 259256. 

 

Zhen, G.Y., Lu, X.Q., Li, Y.Y., Zhao, Y.C., Wang, B.Y., Song, Y., Chai, X.L., Niu, D.J., 

Cao, X.Y., 2012b. Novel insights into enhanced dewaterability of waste activated sludge 

by Fe(II)-activated persulfate oxidation. Bioresource Technology, 119, 714. 

 

Zhen, G.Y., Lu, X.Q., Wang, B.Y., Zhao, Y.C., Chai, X.L., Niu, D.J., Zhao, A.H., Li, 

Y.Y., Song, Y., Cao, X.Y., 2012c. Synergetic pretreatment of waste activated sludge by 

Fe(II)–activated persulfate oxidation under mild temperature for enhanced dewaterability. 

Bioresource Technology, 124, 2936. 

 

Zheng, J., Kennedy, K.J., Eskicioglu, C., 2009. Effect of low temperature microwave 

pretreatment on characteristics and mesophilic digestion of primary sludge. Environmental 

Technology, 30, 319327. 

 

Zhou, P., Su, C.Y., Li, B.W., Q. Yi, 2006. Treatment of high-strength pharmaceutical 

wastewater and removal of antibiotics in anaerobic and aerobic biological treatment 

processes. Journal of Environmental Engineering-ASCE, 132, 129–136. 

 
 
 


